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Summary 
The reliable supply of clean freshwater is one of the biggest challenges mankind is facing today, 
and even more so in the future. We depend on fresh water not only for hydration, nutrition and 
hygiene, but also for energy and many of the consumption products we use in our everyday lives. 
The global water demand is increasing, mainly due to an increasing world population, accompanied 
by improving living standards. By 2050, the world population is estimated to be 9.7 billion, of 
which 66% will be living in densely populated urban areas. As such, mankind should prepare for a 
high and localized demand for clean freshwater. Yet, water scarcity is already an existing problem, 
in both developing and developed countries, as some regions are utilizing more than 40% of the 
incoming freshwater (i.e. total precipitation and river discharge) for human purposes. Therefore, 
in order to comply with the upcoming demand, the need for new sources of water will have to be 
addressed, and it is in this aspect that the upgrade and reuse of wastewater is being introduced. 
Wastewater contains a variety of impurities, including micropollutants, such as pharmaceuticals. 
These molecules, present at low concentrations, are not efficiently removed in wastewater 
treatment plants, as they are not designed to remove complex xenobiotic solutes. Therefore, 
pharmaceuticals are discharged with the wastewater effluent in surface water, contaminating the 
natural aquatic system. In addition, other sources of micropollutants (or trace organic contaminants 
(TrOCs)) include agriculture and industry, amongst others. TrOCs therefore include not only 
pharmaceuticals, but also pesticides, industrial (by)products, personal care products, etc., which 
can all potentially end up in the ecosystem. TrOCs in the ecosystem can have adverse ecological 
effect, however, since water for human consumption is largely derived from surface water and 
groundwater, they can potentially intrude in the feed waters used by drinking water utilities. For 
ecological reasons, and for possible humane toxicity and precautionary reasons, there is an 
increased focus on eliminating TrOCs from wastewater effluent and drinking water sources. 
State-of-the-art technologies to degrade and remove TrOCs are ozonation, advanced oxidation, 
and activated carbon adsorption. Because ozonation and advanced oxidation mostly transform 
TrOCs rather than completely remove them (i.e. the mineralization degree is low), these oxidative 
technologies are usually followed by activated carbon (AC) filtration. In this thesis, the effect of 
ozonation (as a pre-treatment) of TrOCs on AC adsorption is investigated, and is compared to an 
alternative pre-treatment, i.e. catalytic reduction. It is theorized that oxidation products are less 
prone to be removed by a hydrophobic adsorbent such as activated carbon, while reduction 
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products could be more efficiently adsorbed on AC. In summary, mixed results were found on the 
effect of these pre-treatments on AC adsorption, as both ozonation and catalytic reduction can 
enhance and decrease AC affinity of the transformation products from the parent TrOCs. Most 
changes in adsorption behavior were relatively small, except for diatrizoic acid, where catalytic 
reduction vastly improved the overall removal. However, since TrOCs are rarely present as single 
solutes in real waters, the choice between these two pre-treatment techniques must be made by 
balancing out the TrOC-specific beneficial and adverse effects of these pre-treatments on AC 
adsorption. In some cases it may even be better not to apply a pre-treatment, but to rely on AC 
adsorption only, if removal of transformation products is desired as well. 
Additionally, problems can arise for an effective degradation of certain TrOCs (e.g. halogenated 
molecules) during oxidative processes, even with advanced oxidation. Therefore, advanced 
reduction was explored, as a new alternative process for TrOC degradation, which is not only 
expected to efficiently degrade these difficult to oxidize solutes, but also many other TrOCs in 
general. In advanced reduction processes (ARPs), highly reducing radicals are being formed, which 
can react with many different moieties in TrOCs. Reducing radicals, such as hydrated electrons 
(𝑒𝑎𝑞
− ) and hydrogen atoms (𝐻•), can be generated by UV irradiation on different anions (e.g. sulfite). 
Because of the UV irradiation, in practice, a combination of photolysis and reducing radicals is 
responsible for TrOC degradation. In this thesis, the UV253.7 nm/sulfite ARP and UV253.7 nm 
photolysis are applied for TrOC degradation, where, in a first study, the effects of pH and sulfite 
dose are investigated. Except of 1 solute (diglyme), lacking reducible functional groups, all TrOCs 
were degraded in UV253.7 nm photolysis and the UV253.7 nm/sulfite ARP. Some TrOCs are more 
efficiently removed by only photolysis; while others are more efficiently removed with reducing 
radicals in the UV/sulfite ARP, as indicated by a faster removal with increasing sulfite dose. 
However, as a formation of reduction products was also observed for those TrOCs classified with 
photolysis as the major removal mechanism, these TrOCs are clearly also reacting with reducing 
radicals, albeit at a slower rate than their photolysis rate. Solution pH affected both photolytic and 
ARP removal of parent TrOCs. No clear explanation was found for this observation in UV253.7 nm 
photolysis, but, in the UV253.7 nm/sulfite ARP, different reactive species are being formed, depending 
on the solution pH, with 𝑒𝑎𝑞
−  being formed at alkaline pH and 𝐻• being formed at acidic and neutral 
pH. Therefore, the generally higher removal rates observed at alkaline pH can be attributed to 
reaction with 𝑒𝑎𝑞
− , being the more reactive reducing species of the two.  
The efficient degradation of the vast majority of TrOCs indicate that ARPs certainly have potential 
for TrOC abatement, however, TrOCs are almost always present in a complex matrix, containing 
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both inorganic and organic substances. In a next study, the effect of competing NaCl, Na2CO3, 
Nordic Reservoir natural organic matter (NR-NOM), humic acid (HA) and alginate on UV253.7 nm 
photolysis and the UV253.7 nm/sulfite ARP was investigated. Because target compound removal in 
UV-based processes can be affected by solution absorbance through competition for photons, 
TrOC removal was corrected for solution absorbance, by expressing removal in function of UV 
fluence. Inorganic and organic matrix substances can be both advantageous and disadvantageous 
for TrOC degradation. In general, both inorganics and organics adversely affect TrOC UV253.7 nm 
photolysis, however exceptions exist. Dimethoate, for example, is degraded much faster in 
presence of each type of organic matter, indicating that photolytically generated reactive species 
from these dissolved organics (such as singlet oxygen, 1O2; or triplet state dissolved organic matter, 
3DOM*) can play a role in TrOC degradation through indirect reactions. As for the UV253.7 nm/sulfite 
ARP, TrOC degradation was not largely affected by NaCl, while bicarbonate was found to speed 
up removal of halogenated solutes. Interestingly, the latter observation was generally not 
accompanied by an increased formation of dehalogenation products, indicating that other 
transformation products must be formed in parallel. Both HA and alginate were found to decrease 
TrOC degradation, while NR-NOM speeds up TrOC degradation. Different types of dissolved 
organic matter (DOM) will generate different types of 3DOM*, therefore TrOC removal will 
accordingly be affected in a different way. Note that NR-NOM did not enhance UV253.7 nm 
photolysis, therefore the enhanced TrOC degradation found in the UV253.7 nm/sulfite ARP must be 
due to an effect of Na2SO3. It is possible that reactive species generated from 
3DOM* are 
transferred better to the target TrOCs through Na2SO3, however this theory needs to be 
investigated more in detail in a separate study.  
In summary, the UV253.7 nm/sulfite ARP can be influenced by different matrix constituents, both 
beneficially and adversely. However, compared to the UV253.7 nm/H2O2 advanced oxidation process 
(AOP), the UV253.7 nm/sulfite ARP requires higher energy inputs to achieve the same TrOC removal 
degree. This is due to the effective quantum yield of radicals (at 253.7 nm irradiation) being 
approximately a factor 9 lower in UV253.7 nm/sulfite than in UV253.7 nm/H2O2. The lower generation 
of radicals is a clear disadvantage, however this only stands for the conditions applied in this study, 
as further research could improve the efficiency of ARPs. The effective quantum yield for a given 
electron-donating anion is a function of irradiation wavelength, thus for sulfite (showing an 
absorption peak around 210 nm), a higher effective quantum yield may be achieved using a zinc 
lamp (emitting at 213.9 nm), a KrBr excimer lamp (emitting at 207 nm), or a KrCl excimer lamp 
(emitting at 222 nm). Moreover, as ARPs have gained attention only just recently, many research 
questions still remain. One of the most important ones is likely the toxicity of the transformation 
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products. If toxicity after ARP is lower than after AOP, it is possible ARPs may find a wide 
application in water treatment, despite the possible higher energy requirements. The changes in 
toxicity after AOP and ARP, however, are still to be investigated. 
Finally, because in activated carbon adsorption not only target molecules (such as TrOCs) are being 
removed, but also harmless dissolved organic matter, molecularly imprinted polymers (MIPs) were 
tested for selective TrOC adsorption in real water matrices. MIPs are new adsorbents with binding 
sites which are tailor-made for the target molecules they are designed for. These specific binding 
sites may result in a selective removal of target molecules, without parallel adsorption of DOM. 
MIP adsorption was characterized by fast kinetics, which can be attributed to a strong recognition 
between the target TrOCs and the specific binding sites. For this reason, MIPs can be applied close 
to their maximum adsorption capacity in much smaller reactors, compared to activated carbon. 
However, the selectivity of MIP adsorbents has its limitations. In our study, some non-target 
hydrophobic or anionic TrOCs, as well as some solutes which are structurally similar to the target 
TrOCs, show adsorption on MIPs. As a result, the most hydrophilic target TrOCs were not 
removed by MIPs. In different matrices, both target and non-target TrOC adsorption decreases, 
however the extent to which this occurs is depends on the MIP type. MIPs which are designed 
with molecules containing a molecular structure commonly found in natural waters (e.g. non-
steroidal anti-inflammatory drugs, all possessing a carboxylate group) will be affected more by 
competing DOM. Vice versa, MIPs which are designed with molecules containing a more rare 
molecular structure (e.g. β-blockers), will be less affected by competing organic matter. In 
summary, the selectivity of MIPs thus depends on the MIP itself, the properties of the different 
TrOCs present, and competing matrix organic matter. Unfortunately, it is unlikely that MIPs will 
find an application in water treatment for TrOC removal, as the production cost of MIPs are 
approximately a factor 1000 higher than the production cost of activated carbon. 
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Samenvatting 
Eén van de grootste uitdagingen die de mensheid nu reeds, maar nog meer in de toekomst, het 
hoofd zal moeten bieden is de betrouwbare bevoorrading van zuiver zoetwater. De mens is 
afhankelijk van zoetwater, niet alleen voor hydratering, voeding en hygiëne, maar ook voor energie 
en de productie van consumptiegoederen die we elke dag gebruiken. 
De wereldwijde vraag naar water is in stijgende lijn, voornamelijk wegens een toenemende 
bevolking, gepaard gaande met een betere levensstandaard. Er wordt verwacht dat de globale 
populatie tegen 2050 9.7 miljard zal zijn, waarvan 66% in dichtbevolkte, verstedelijkte, gebieden 
zal leven. De mensheid moet zich dus voorbereiden op een hoge, en tegelijkertijd plaatselijke, vraag 
naar zuiver zoetwater. Eigenlijk vormt waterschaarste reeds vandaag een probleem, in zowel 
ontwikkelingslanden als ontwikkelde landen. In sommige regio’s wordt al meer dan 40% van het 
inkomende zoetwater (dit is de som van de totale neerslag en het binnenkomende rivierwater) 
gebruikt voor humane doeleinden. Daarom zal, zeker in de toekomst, de nood ontstaan om nieuwe 
bronnen van water aan te boren, als we aan de groeiende vraag naar water willen voldoen. Om die 
reden wordt bijvoorbeeld gedacht aan opwaardering, en hergebruik, van afvalwater. 
Afvalwater bevat een variëteit aan polluenten, waaronder organische micropolluenten (OMP’s), 
zoals geneesmiddelen. Deze stoffen zijn aanwezig aan lage concentraties, en net daarom worden 
ze niet op een efficiënte manier verwijderd in afvalwaterzuiveringsinstallaties. Deze 
zuiveringsinstallaties zijn namelijk niet ontworpen om complexe, xenobiotische, stoffen af te 
breken. Het gevolg is dat geneesmiddelen, samen met het gezuiverde water, geloosd worden in 
oppervlaktewaters, van waar ze zich kunnen verspreiden in het ecosysteem. Andere bronnen van 
OMP’s zijn onder andere de landbouw en industriële activiteiten. De term ‘OMP’s’ omvat dus niet 
alleen geneesmiddelen, maar ook pesticiden, industriële (bij)producten, cosmetica, enz., die allen in 
het ecosysteem kunnen terechtkomen. OMP’s kunnen negatieve ecologische effecten veroorzaken, 
maar daarnaast kunnen ze ook opduiken in waterbronnen die aangewend worden voor 
drinkwaterproductie, omdat die waterbronnen voornamelijk bestaan uit rivierwater en grondwater. 
Wegens ecologische redenen, mogelijks schadelijke gevolgen voor de mens, en uit voorzorg, wordt 
er meer en meer aandacht besteed aan het verwijderen van de OMP’s uit afvalwater en 
drinkwaterbronnen. 
Veel gebruikte technologieën die OMP’s kunnen afbreken en verwijderen zijn ozonisatie, 
geavanceerde oxidatie, en actieve kool adsorptie. Omdat ozonisatie en geavanceerde oxidatie de 
VIII 
OMP’s voor het grootste deel slechts omzetten in andere stoffen (transformeren) in plaats van 
volledig te verwijderen (mineraliseren), worden deze oxidatieve technologieën doorgaans gevolgd 
door actieve kool filtratie. In dit werk wordt het effect van ozonisatie onderzocht op – de doorgaans 
nageschakelde – actieve kool (AK) adsorptie. Dit wordt vergeleken met een alternatieve 
voorbehandeling, zijnde katalytische reductie. De achterliggende theorie is dat oxidatieproducten 
minder geschikt zijn om door een hydrofoob adsorbens, zoals actieve kool, verwijderd te worden; 
terwijl reductieproducten beter zouden adsorberen aan AK. Samengevat werden wisselende 
resultaten gevonden over het effect van deze voorbehandelingen op AK adsorptie. Zowel 
ozonisatie als katalytische reductie kunnen de affiniteit van de transformatieproducten voor AK 
positief als negatief beïnvloeden, in vergelijking met de oorspronkelijke OMP’s. De meeste 
veranderingen in adsorptiegedrag waren relatief klein, behalve voor diatrizoëzuur, waar een grote 
verbetering in adsorptie werd gevonden na katalytische reductie. Maar, omdat OMP’s slechts 
zelden als enige component aanwezig zijn in milieurelevante waters, zal de keuze tussen deze twee 
voorbehandelingstechnieken gemaakt moeten worden door een afweging te maken tussen de apart 
beschouwde positieve en negatieve effecten, die verschillend zijn per OMP. In sommige gevallen 
kan het zelfs beter zijn om geen voorbehandeling toe te passen, maar enkel op AK adsorptie van 
de oorspronkelijke OMP’s te vertrouwen. 
Een mogelijks probleem tijdens oxidatieve degradatie is dat bepaalde OMP’s (zoals gehalogeneerde 
moleculen) niet efficiënt verwijderd kunnen worden, zelfs niet met geavanceerde oxidatie (GO). 
Om die reden werd geavanceerde reductie (GR) onderzocht. Er wordt verwacht dat de 
componenten die moeilijk met GO omgezet worden beter door GR afgebroken kunnen worden, 
maar daarnaast wordt verwacht dat GR ook vele andere componenten kan afbreken. In GR worden 
sterk reducerende radicalen gevormd, die kunnen reageren op verschillende locaties in de 
molecuulstructuur van OMP’s. Reducerende radicalen, bijvoorbeeld gehydrateerde elektronen 𝑒𝑎𝑞
−  
en waterstofatomen 𝐻•, kunnen geproduceerd worden bij UV instraling op verschillende anionen 
(bijvoorbeeld sulfiet). Omdat GR een UV proces is zal OMP afbraak in de praktijk enerzijds te 
wijten zijn aan reactie met reducerende radicalen, en anderzijds aan directe fotolytische reacties met 
UV licht. In deze thesis wordt de UV253.7 nm/sulfiet GR en UV253.7 nm fotolyse toegepast voor OMP 
degradatie, waar in een eerste studie het effect van pH en sulfiet dosis onderzocht wordt. Met 
uitzondering van 1 component (diglyme), die geen reduceerbare groepen bevat, werden alle OMP’s 
afgebroken met UV253.7 nm fotolyse, en met de UV253.7 nm/sulfiet GR. Sommige OMP’s worden 
efficiënter verwijderd door enkel fotolyse, terwijl anderen beter verwijderd worden met 
reducerende radicalen tijdens de GR, zoals aangetoond wordt door een snellere verwijdering bij 
toenemende sulfiet dosering. Merk op dat er ook een productie van reductieproducten 
IX 
waargenomen werd voor die OMP’s die ingedeeld werden met fotolyse als voornaamste 
afbraakmechanisme. Dit betekent dat ook deze OMP’s kunnen reageren met reducerende 
radicalen, hetzij aan een tragere reactiesnelheid dan de fotolysesnelheid. De pH van de oplossing 
beïnvloedde zowel fotolyse als GR verwijdering van OMP’s. Er werd geen duidelijke verklaring 
gevonden voor deze waarneming in UV253.7 nm fotolyse, maar, bij GR worden verschillende types 
van reducerende radicalen gevormd naargelang de pH, met 𝑒𝑎𝑞
−  dat voornamelijk bij basische pH 
gevormd wordt, terwijl 𝐻• bij zure en neutrale pH wordt gevormd. De hogere OMP 
verwijderingssnelheden die waargenomen worden in basisch milieu kunnen dus verklaard worden 
door reactie met 𝑒𝑎𝑞
− , dat inderdaad een meer reactief reducerende radicaal is in vergelijking met 
𝐻•. 
De efficiënte degradatie van de overgrote meerderheid van OMP’s wijst erop dat GR zeker 
potentieel heeft voor OMP verwijdering. Maar, omdat OMP’s bijna altijd aanwezig zijn in een 
complexe matrix van anorganische en organische stoffen, werd in een volgende studie het effect 
van NaCl, Na2CO3, Nordic Reservoir natuurlijk organisch materiaal (NR-NOM), humuszuur (HZ) 
en alginaat op UV253.7 nm fotolyse en de UV253.7 nm/sulfiet GR nagegaan. Omdat verwijdering van 
doelmoleculen afhankelijk is van de transparantie van de oplossing, wegens competitie voor 
beschikbare fotonen, werd OMP verwijdering gecorrigeerd voor de absorbantie van de oplossing 
door deze uit te drukken als functie van fotonen-instraling. Anorganische en organische 
matrixsubstanties kunnen beiden voordelige en nadelige effecten hebben op OMP verwijdering. In 
het algemeen hebben zowel anorganische en organische stoffen een negatief effect op UV253.7 nm 
fotolyse van OMP’s. Toch bestaan er uitzonderingen, bijvoorbeeld dimethoaat, dat veel sneller 
afbreekt in aanwezigheid van gelijk welk type organisch materiaal (OM), wat erop wijst dat 
fotolytisch gegenereerde reactieve stoffen, gevormd uit OM (bijvoorbeeld singlet zuurstof, 1O2; en 
triplet OM, 3OM*), een rol kunnen spelen in OMP verwijdering via indirecte reacties. OMP 
degradatie in de UV253.7 nm/sulfiet GR werd grotendeels niet beïnvloed door NaCl, terwijl 
bicarbonaat een snellere reactie van gehalogeneerde stoffen met zich meebracht. Interessant is dat 
deze laatste waarneming in het algemeen niet gepaard ging met een grotere productie van 
dehalogenatieproducten, wat erop wijst dat andere producten gevormd worden in parallel. Zowel 
HZ als alginaat vertraagden OMP verwijdering, terwijl NR-NOM dit versnelde. Verschillende types 
OM zullen verschillende types 3OM* vormen, met als gevolg dat de OMP verwijdering ook anders 
zal zijn. Noteer dat, omdat NR-NOM UV253.7 nm fotolyse niet noemenswaardig beïnvloedde, de 
versnelde OMP degradatie tijdens GR te wijten moet zijn aan een effect van Na2SO3. Het is 
mogelijk dat reactieve entiteiten, die gegenereerd worden uit 3OM*, door Na2SO3 beter 
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getransfereerd worden naar de doelmoleculen, hoewel deze theorie nog beter uitgewerkt dient te 
worden in een aparte studie. 
UV253.7 nm/sulfiet GR kan dus zowel positief als negatief beïnvloed worden door verschillende 
matrix bestanddelen. Vergeleken met UV253.7 nm/H2O2 GO is bij UV253.7 nm/sulfiet GR een hogere 
energie-input vereist om dezelfde orde afbraak te verkrijgen. Dit is te wijten aan een lagere 
productie van radicalen, die voor 253.7 nm instraling ongeveer een factor 9 lager is bij UV253.7 
nm/sulfiet dan bij UV253.7 nm/H2O2. De lagere productie van radicalen is een duidelijk nadeel, maar, 
dit geldt enkel voor de toegepaste condities in dit onderzoek, gezien verder onderzoek de efficiëntie 
van GR nog kan verbeteren. De productie van radicalen uit een bepaald elektrondonerend anion 
is functie van de instralende golflengte, dus voor sulfiet (dat een absorptiepiek heeft rond 210 nm) 
kan een hogere productie van radicalen bereikt worden met een zink lamp (straling bij 213.9 nm), 
een KrBr excimeer lamp (straling bij 207 nm) of een KrCl excimeer lamp (straling bij 222 nm). 
Bovendien, omdat GR slechts recent aan aandacht wint, blijven nog veel onderzoeksvragen open. 
Eén van de belangrijkste is ongetwijfeld de onbekende toxiciteit van de transformatieproducten. 
Als de toxiciteit na GR lager is dan die na GO, is het alsnog mogelijk dat GR een brede toepassing 
vindt in waterbehandeling, ondanks de hogere energie-eisen. De verandering in toxiciteit na GO 
en GR is op dit moment nog altijd een te onderzoeken onderwerp. 
Ten slotte, omdat tijdens AK adsorptie niet enkel de doelmoleculen (zoals OMP’s), maar ook 
onschadelijk opgelost OM verwijderd wordt, werden moleculair ingeprente polymeren (MIP’s) 
onderzocht voor een selectieve OMP verwijdering in milieu-relevante matrices. MIP’s zijn nieuwe 
adsorbentia met specifieke bindingsplaatsen, die op maat gemaakt zijn voor de doelmoleculen 
waarop ze ontworpen zijn. Deze specifieke bindingsplaatsen kunnen ervoor zorgen dat een 
selectieve verwijdering van enkel de doelmoleculen plaatsvindt, zonder parallelle adsorptie van 
OM. MIP adsorptie werd gekenmerkt door snelle adsorptiekinetiek, wat verklaard kan worden door 
een sterke herkenning tussen doelmoleculen en specifieke bindplaatsen. Hierdoor kunnen MIP 
adsorbentia, in de praktijk, relatief dicht tegen hun maximale adsorptiecapaciteit toegepast worden, 
in kleinere reactors vergeleken met actieve koolreactors. De selectiviteit van MIP’s is echter in 
zekere zin gelimiteerd. In deze studie worden sommige hydrofobe of anionische niet-
doelcomponenten ook geadsorbeerd. Daarnaast worden ook moleculen die structureel gelijkaardig 
zijn aan de doelcomponenten geadsorbeerd. Hierdoor vertoonden de meest hydrofiele 
doelcomponenten geen adsorptie. In verschillende water matrices daalt de adsorptie van zowel 
doel- als niet-doelcomponenten, echter de mate waarin dit gebeurt is afhankelijk van het MIP type. 
MIP’s die ontworpen zijn met moleculen die een moleculaire structuur bevatten die veelvuldig 
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voorkomt in natuurlijke waters (bv. niet-steroïdale ontstekingsremmers, die allen een 
carboxylgroep bezitten) zullen meer hinder ondervinden door OM, dat competitie vertoont voor 
beschikbare adsorptieplaatsen. Omgekeerd zullen MIP’s die ontworpen werden met moleculen die 
zeldzamere structuren bevatten (bv. β-blokkers) minder hinder ondervinden door OM. 
Samengevat is de selectiviteit van MIP’s afhankelijk van het MIP type, de eigenschappen van de 
verschillende OMP’s, en het aanwezige matrix OM. Het is echter weinig waarschijnlijk dat MIP’s 
een toepassing zullen vinden in waterzuivering voor OMP verwijdering, gezien de productiekost 
bij MIP’s ongeveer een factor 1000 hoger is dan bij actieve kool. 
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1. The water challenge 
Water is an essential ingredient of life. Single-celled organisms originated in water and multicellular 
organisms need water to survive. Humans are no exception, as our species consists of 55 ± 9% of 
water [1]. We depend on fresh water for hydration, nutrition, hygiene, energy, and many of the 
products we use in our everyday lives. 
In 2015, the world population was 7.3 billion, and this is projected to increase to around 9.7 billion 
in 2050, most of which is expected to be in Africa and Asia [2]. By 2050, an estimated 66% of the 
population will be living in urban areas [3], which is tied to a localized increasing demand for 
potable water. The global freshwater demand will increase with 55% from 2000 by 2050. As well, 
a global deficit of 40% in fresh water will occur by 2030 under the business-as-usual scenario, 
especially in North and South Africa and South and Central Asia [4]. This stress on fresh water as 
a resource is however no future prospect, as several regions are already facing water stress to date. 
As shown in Figure 1.1, many regions across the globe (in both developed and developing 
countries) are categorized as ‘high water stress areas’, having surface- and groundwater withdrawals 
of more than 40% of the total river discharge, averaged from 1981 to 2010 [4]. In other words, 
more than 40% of the incoming water in these regions is being used for human purposes. 
 
Figure 1.1: Water stress in the world (average from 1981 – 2010) on a river basin level, represented by the ratio of water 
withdrawal to water availability: 0 – 0.1: no water stress ( ), 0.1 – 0.2: low water stress ( ), 0.2 – 0.4: mid water stress ( ), > 0.4: 
high water stress ( ), and no data ( ). Water withdrawal: annual water withdrawal from surface or groundwater sources within a 
river basin for various anthropogenic uses, excluding the maintenance of aquatic or riparian ecosystems, and water availability: 
annual river discharge (i.e. combined surface runoff and groundwater recharge) [4]. 
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The reliable supply of high quality potable water is therefore one of the main challenges we are 
facing [5, 6]. In order to comply with the upcoming demand, new sources of water will need to be 
addressed/tapped into. In this aspect, the upgrading of wastewater to reclaimed water and the 
desalination of seawater have been introduced [4, 7, 8]. 
2. Trace organic contaminants 
2.1. Occurrence of trace organic contaminants in the environment 
Wastewater, albeit industrial or municipal, contains a variety of impurities. Major pollutants, such 
as biodegradable organics, suspended matter and nutrients are removed well in wastewater 
treatment plants (WWTPs), which results in a much lower impact of the discharged effluent on the 
ecosystem compared to the incoming wastewater. Other constituents, such as trace organic 
contaminants (TrOCs) – often called organic micropollutants – are however less easily removed, 
since the WWTPs are designed to remove major pollutants, but not micropollutants [9, 10]. As 
such, a large fraction of the TrOCs found in wastewater escapes the treatment process and is being 
discharged in the environment with the wastewater effluent. Yet, there are other sources of trace 
organic contaminants in the ecosystem than wastewater, and there are many different classes of 
TrOCs. 
Overall, TrOCs include pharmaceuticals, pesticides, industrial (by)products, personal care 
products, and many other classes of chemical substances. Many reviews exist on the occurrence 
and fate of TrOCs in the environment, offering a broad perspective of the sources, transportation 
pathways, and environmental fate of micropollutants [11–19]. In Figure 1.2, the sources and 
transport routes of TrOCs in the environment are presented. Major sources include domestic, 
hospital and industrial wastewater effluents, runoff from agriculture and landfill leachates, from 
which micropollutants might follow many pathways [17]. 
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Figure 1.2: Sources and pathways of TrOCs [17]. 
 
Wastewater treatment plants are the major source of pharmaceuticals (such as painkillers, 
contraception, antibiotics, etc.) as TrOCs in the environment. Part of the consumed humane 
medication is not metabolized in the body, but is excreted through urine and feces, ending up in 
household blackwater, and ultimately in WWTPs. Personal care products (such as fragrances, 
sunscreen agents, insect repellents, etc.) are washed off during bathing or showering, and end up 
in sewers as well, with graywater [11, 20]. The discharge of TrOCs into the environment through 
WWTP effluent is in the range of 1 mg to 1 g per compound per capita per year, depending on the 
influent concentration, and the removal degree in the WWTP [21]. In agriculture, pesticides are 
used for crop protection, fending off damaging fungi, insects, or weeds. However, because of 
surface runoff, part of the applied pesticides end up in surface water; and by water percolation 
through soil, some pesticides – along with their metabolites – can contaminate groundwater 
reservoirs [22]. In Flanders, the use of pesticides is estimated at 3280 tons of active ingredient in 
2014 [23]. Industrial (by)products (such as solvents, plasticizers, flame retardants, etc.) can either 
be partially discharged into the ecosystem through industrial wastewater effluent, or can leach from 
products and materials [11, 18, 24, 25]. Veterinary pharmaceuticals can contaminate the 
environment through application of livestock fertilizer on agricultural fields, and discharge of 
aquaculture wastewater effluent [26–28]. As mentioned before, many other contamination routes 
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are possible; e.g. pumping up groundwater for industrial purposes or drinking water production 
will create an underground water flow from surface water towards the pumping location, resulting 
in the intrusion of TrOCs from surface water in groundwater; and landfill percolate water may 
contain leached TrOCs as well. 
Knowing the different contamination routes of TrOCs in the environment, it comes as no surprise 
that many of them are being detected in rivers. 
Table 1.1 presents a selection of detected TrOCs in the Dutch part of the Rhine river, from 2013 
to 2015. Many TrOCs are being detected at values above the European River Memorandum (ERM) 
target value – a value postulated by the ERM, an association of water utilities along the rivers Rhine, 
Danube, Elbe, Ruhr and Maas [29, 30]. In addition, the maximum detected concentration of many 
TrOCs approaches, or sometimes even exceeds (in the case of 1,4-dioxane and metformin), a 
concentration of 1 µg/L. The ERM target value has no legal binding, however it is a value 
postulated by different water utilities aiming at water protection and preservation of drinking water 
sources for the 115 million people living along these rivers1. Additionally, the locations of the 
detections of high concentrations clearly demonstrate that presence of TrOCs is a trans-boundary 
problem, as high detections are made both at Lobith (right at the Dutch-German border) and 
Nieuwersluis (more downstream the Rhine – IJsselmeer track). Even though the yearly averaged 
concentrations put the maximum detected concentrations of some TrOCs somewhat in 
perspective, still, for many TrOCs the ERM target value is exceeded on an annual average basis. 
This shows that there is definitely a need for addressing the presence of TrOCs in our ecosystem. 
Table 1.2 presents a selection of TrOCs, monitored by the Flemish Environmental Agency, in 
Flemish rivers, from 2013 to 2015 [31]. In many cases, the annual average concentration of 
individual pesticides exceeds the Flemish drinking water norm of 0.1 µg/L per pesticide. Note that 
                                                 
1 The ERM values are based on official precautionary target values for pesticides as given in the European Drinking 
Water Directive 98/83/EC [27], which dictates individual pesticide concentrations should not exceed 0.1 µg/L. This 
value is applied for other anthropogenic compounds as well, unless adequate toxicological evidence is available to 
justify a maximum ERM target value of 1 µg/L. 
Note that the ERM target values correspond well to target values based on the threshold concentration of toxicological 
concern, where target values for individual genotoxic and steroid endocrine compounds were set to 0.01 µg/L, and 
individual values of all other anthropogenic organic chemicals were set to 0.1 µg/L. The total sum of genotoxic 
chemicals and the total sum of steroid hormones was set to 0.01 µg/L (due to the clearly similar (and additive) toxic 
action of different genotoxic/steroidal compounds, requiring an identical target value as the maximum individual 
concentration), while the sum of all other organic chemicals was set to 1 µg/L (due to different (and therefore not 
necessarily additive) toxic actions taking place) [30]. 
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as well the total sum of pesticides in drinking water is limited to 0.5 µg/L [32]. These sometimes 
high concentrations do not necessarily present an unavoidable problem for drinking water utilities 
drawing water from these impacted surface waters, as they screen their source waters throughout 
the year, draw water during periods when TrOC concentrations are relatively low, and temporarily 
store it in a storage basin. However, even using this approach, complete avoidance of all TrOCs is 
not possible, and some TrOCs may still be present at concentrations higher than the drinking water 
norm. These drinking water treatment plants are thus applying extensive treatment in order to meet 
the regulations. No drinking water norms exists for industrial products and pharmaceuticals, 
however, many of these substances are present at higher concentrations than 0.1 µg/L.  
The majority of high concentrations of pesticides is found in the drainage basin of the IJzer river 
(i.e. locations Ieper, Lo-Reninge and Poperinge). The use of pesticides is likely to be higher in this 
region compared to other regions in Flanders, because of the intensive arable farming activity [33]. 
For 4 out of 8 pharmaceuticals, high concentrations are found in the Zenne river in Vilvoorde. 
This is the first monitoring point in the Flemish region, downstream of the Aquiris WWTP of 
Brussels, where the wastewater of approximately 1.4 million inhabitants is treated [34]. This shows 
the occurrence of different groups of TrOCs in the environment can be spatially distributed, 
depending on the activity in the region. In regions downstream of densely populated areas, 
pharmaceuticals are more likely to be present, while in regions with intensive arable farming, it is 
likely that pesticides will be present at higher concentrations. 
Because of the projected rising population and trend towards urbanization, and the expected 
improvement in living standard, the use of chemicals which may end up in the environment as 
TrOCs is expected to increase as well. Additionally, the expected variations in river discharge due 
to climate change can (periodically or permanently) alter TrOC concentrations in rivers, due to 
different dilution of run-off or wastewater effluent discharge. This may adversely impact the quality 
of the aquatic ecosystem, and may have consequences for drinking water treatment plants where 
these surface waters are used as a drinking water source. Finally, due to the projected water scarcity, 
and associated use of new sources of water, extensive treatment of TrOC-contaminated waters will 
be necessary, if the application requires a high (TrOC-free) quality [35]. When upgrading 
wastewater for reuse, other possible contaminants than TrOCs (e.g. heavy metals, nutrients, 
dissolved organics, nanoparticles and micro-organisms) need to be taken into account as well, 
depending on the quality requirements of the upgraded water.  
  
 
Table 1.1: Selection of detected TrOCs in the Rhine river in The Netherlands [36–38]. 
TrOC 
concentration (µg/L) 
ERM 
target 
2015 2014 2013 
average maximum location average maximum location average maximum location 
pesticides           
aminomethylphosphonic acid* 0.1 0.42 0.81 Nieuwegein 0.42 0.75 Nieuwersluis 0.30 0.66 Nieuwersluis 
bentazon 0.1 < 0.02 0.12 Nieuwegein 0.011 0.020 Nieuwersluis 0.011 0.050 Nieuwegein 
glyphosate 0.1 < 0.05 0.13 Nieuwegein < 0.05 0.13 Nieuwersluis 0.054 0.20 Lobith 
isoproturon 0.1 0.010 0.040 Lobith 0.045 0.34 Nieuwegein 0.024 0.37 Lobith 
metolachlor 0.1 0.063 0.19 Nieuwegein < 0.01 0.020 Nieuwersluis < 0.01 0.035 Lobith 
industrial products           
1,4-dioxane 0.1 1.5 4.3 Lobith 0.93 3.0 Lobith 0.66 1.5 Lobith 
diglyme 1 0.17 0.53 Nieuwegein 0.095 0.46 Nieuwegein 0.053 0.12 Nieuwegein 
pharmaceuticals           
caffeine 0.1 0.11 0.24 Nieuwegein 0.11 0.28 Nieuwersluis 0.070 0.26 Nieuwersluis 
diatrizoic acid 0.1 0.26 0.44 Lobith 0.25 0.36 Lobith 0.22 0.36 Lobith 
diclofenac 0.1 0.094 0.16 Lobith 0.084 0.16 Lobith 0.052 0.24 Nieuwegein 
gabapentin 0.1 0.37 0.81 Lobith 0.43 0.58 Lobith 0.26 0.47 Nieuwegein 
hydrochlorothiazide 0.1 0.11 0.19 Nieuwegein 0.13 0.53 Lobith 0.097 0.22 Lobith 
iomeprol 0.1 0.54 0.91 Nieuwersluis 0.66 0.88 Nieuwersluis 0.49 0.81 Nieuwersluis 
metformin 0.1 0.54 1.5 Nieuwegein 0.60 2.0 Nieuwegein 0.77 2.0 Nieuwersluis 
metoprolol 0.1 0.078 0.12 Lobith 0.052 0.15 Nieuwersluis 0.078 0.13 Lobith 
salicylic acid 0.1 0.043 0.18 Nieuwersluis 0.031 0.21 Nieuwegein < 0.011 0.025 Nieuwegein 
theophylline 0.1 0.018 0.034 Nieuwegein 0.031 0.17 Nieuwegein < 0.015 0.018 Nieuwersluis 
 
with: aminomethylphosphonic acid*: a degradation product of glyphosate, ERM target: target value as postulated by the European River Memorandum (an 
association of water utilities along the rivers Rhine, Danube, Elbe, Ruhr and Maas), average: average concentration over the entire year, and maximum: the yearly 
maximum detected concentration. Upstream to downstream order of locations along the Rhine: Lobith, Nieuwegein, Nieuwersluis. 
 
 
  
Table 1.2: Selection of detected TrOCs in the Flemish rivers [31, 32]. 
TrOC 
concentration (µg/L) 
DWN 
2015 2014 2013 
average maximum location average maximum location average maximum location 
pesticides ∑ 0.5          
aminomethylphosphonic acid* 0.1 n.a. n.a. n.a. 7.4 15 Spiere-Helkijn 5.0 15 Spiere-Helkijn 
atrazine 0.1 0.050 0.38 Poperinge 0.035 0.30 Lo-Reninge 0.068 0.70 Nevele 
bentazon 0.1 1.0 3.9 Lo-Reninge 1.1 4.5 Poperinge 1.1 6.4 Lo-Reninge 
bromoxynil 0.1 0.65 6.0 Ieper 0.017 0.13 Poperinge 0.051 0.48 Poperinge 
chloridazon 0.1 1.2 9.9 Spiere-Helkijn 1.1 7.6 Lo-Reninge 2.4 28 Spiere-Helkijn 
dimethoate 0.1 0.23 1.1 Nevele 1.2 10 Puurs 0.38 2.0 Ieper 
diuron 0.1 0.13 0.35 Waregem 0.11 0.47 Puurs 0.093 0.17 Spiere-Helkijn 
flufenacet 0.1 0.34 1.2 Lo-Reninge 0.50 4.9 Lo-Reninge 0.80 5.3 Lo-Reninge 
glyphosate 0.1 n.a. n.a. n.a. 1.5 5.6 Lo-Reninge 2.1 16 Lo-Reninge 
imidacloprid 0.1 0.39 3.1 Lo-Reninge 0.10 0.57 Wuustwezel n.a. n.a. n.a. 
isoproturon 0.1 1.7 9.0 Lo-Reninge 0.68 1.3 Assenede 0.23 0.88 Herk-de-Stad 
metolachlor 0.1 0.87 4.5 Ieper 0.90 5.1 Lo-Reninge 2.0 17 Nevele 
pirimicarb 0.1 0.074 0.44 Poperinge 0.16 0.72 Herk-de-Stad 0.058 0.30 Koksijde 
industrial products           
bis(2-ethylhexyl) phtalate - 0.80 2.9 Avelgem 0.39 1.1 Geraardsbergen 0.62 4.3 Bredene 
bisphenol A - 0.31 0.87 Ranst 0.20 1.1 Hemiksem 0.61 6.6 Koksijde 
pharmaceuticals           
carbamazepine - 0.38 0.51 Vilvoorde n.a. n.a. n.a. n.a. n.a. n.a. 
diclofenac - 0.99 2.0 Spiere-Helkijn n.a. n.a. n.a. n.a. n.a. n.a. 
iopamidol - 0.44 1.0 Wevelgem n.a. n.a. n.a. n.a. n.a. n.a. 
iopromide - 2.1 3.0 Vilvoorde n.a. n.a. n.a. n.a. n.a. n.a. 
metoprolol - 1.0 1.8 Geraardsbergen n.a. n.a. n.a. n.a. n.a. n.a. 
naproxen - 0.30 0.78 Vilvoorde n.a. n.a. n.a. n.a. n.a. n.a. 
propranolol - 0.14 0.15 Vilvoorde n.a. n.a. n.a. n.a. n.a. n.a. 
sulfamethoxazole - 0.20 0.34 Spiere-Helkijn n.a. n.a. n.a. n.a. n.a. n.a. 
 
with: aminomethylphosphonic acid*: a degradation product of glyphosate, DWN: drinking water norm in Flanders [32], -: not applicable, n.a.: not analysed.
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2.2. Risks associated with trace organic contaminants 
Some TrOCs, present in the natural aquatic system, have been found to have adverse ecological 
effects. Endocrine disrupting chemicals (such as estrogens and xenoestrogens (i.e. non-estrogen 
chemicals mimicking estrogenic effects, such as nonylphenol, bisphenol A or triclosan)) are the 
class of TrOCs that pose the greatest threat. Both single and mixture toxicity was found for fish, 
algae and Daphnia magna [39]. In addition, exposure to endocrine disruptors resulted in many 
adverse health effects for several aquatic organisms, such as low sperm count, increased risk of 
ovarian, prostate, testicular and breast cancer, deformities, diversity decreases, and reproductive 
failures [40–42]. Kidd et al. (2007) [43] found that long-term exposure of fish to low concentrations 
of endocrine disrupting chemicals resulted in feminization of males, and ultimately population 
decline. Moreover, mixtures of TrOCs in the aquatic environment also pose significant ecological 
risks, even in highly diluted streams [39]. In Table 1.3, a variety of TrOCs is summarized, along 
with their related (toxicological) concern. 
  
 
Table 1.3: Examples of TrOCs and their related problems – partially based on Schwarzenbach et al. (2006) [44] and Bolong et al. (2009) [14]. 
class selected examples related problems 
industrial products   
solvents tetrachloromethane drinking-water contamination [45] 
intermediates methyl-t-butylether drinking-water contamination [45] 
petrochemicals BTEX (benzene, toluene, xylene) drinking-water contamination [45] 
additives phthalates may cause miscarriage and pregnancy complication [46] 
 bisphenol A endocrine effects [47, 48], cancer risk in humans [49],  
lubricants PCBs (polychlorinated biphenyls) biomagnification [50], long-range transport [50], carcinogenic [46] 
flame retardants polybrominated diphenylethers neurotoxic [51] 
consumer products   
pharmaceuticals antibiotics bacterial resistance and nontarget effects [52] 
hormones 17-α ethinylestradiol feminization of fish [53] 
biocides   
pesticides DDT eggshell thinning and endocrine effects [54], persistent metabolites [55, 56] 
 atrazine effects on primary producers [57] 
nonagricultural biocides triclosan bacterial resistance and nontarget effects [58] persistent metabolites [59] 
natural chemicals   
taste and odor geosmin, methylisoborneol drinking water quality problems [60] 
human hormones 17β-estradiol feminization of fish [61] 
disinfection/oxidation   
disinfection by-products trihalomethanes, haloacetic acids, bromate, NDMA drinking water quality, human health problems [62, 63] 
transformation products   
metabolites from all above metabolites of perfluorinated compounds bioaccumulation despite low hydrophobicity [64] 
 chloroacetanilide herbicide metabolites drinking water quality problems [65] 
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Presence of TrOCs also presents a potential risk towards human health. Because of TrOC 
bioaccumulation through the food web (e.g. in marine fish and mammals), some human 
populations, which depend on these organisms for food supply, experience a higher concentration 
in their own tissues [66, 67]. Overall, risk assessment studies of micropollutants on human health 
effects have found that individual TrOCs pose a negligible risk to human health, however, the 
effects of mixture toxicity and the influence of chronic exposure to low concentrations are still 
unclear [68]. Additionally, (pathogenic) micro-organisms may develop resistance to antibiotics 
when exposed to low, but chronic, concentrations. This increased resistance to antibiotics can 
affect effective treatment of human diseases [68–71]. For these reasons, there is an increased focus 
on eliminating TrOCs during wastewater treatment. Switzerland was the first country imposing 
legislation on the discharge of TrOCs from wastewater treatment plants, stating that 80% of 12 
monitored TrOCs should be eliminated before discharge, effective from January 2016 [72]. This 
regulation counts for large WWTPs with an inhabitant equivalent > 80 000, but also for smaller 
WWTPs where the discharge may directly impact drinking water quality (e.g. discharge in lakes), as 
well for smaller WWTPs of which the share of the discharged effluent to the river flow is relatively 
high [73]. Also, the European Commission recently adopted a watch list of 17 TrOCs in the aquatic 
system with Decision 2015/495 [74]. As for drinking water, the European Drinking Water 
Directive 98/83/EC includes norms for pesticides (0.1 µg/L per individual pesticide and 0.5 µg/L 
for the sum of pesticides), which are adopted by the Flemish drinking water utilities. For this 
reason, and as well due to precautionary concerns and the public perception of drinking water 
being pure and clean, drinking water utilities are increasingly focusing on TrOC removal from their 
– often impacted with micropollutants – source water [75, 76]. 
2.3. State of the art removal technologies for trace organic contaminant removal 
To achieve adequate TrOC removal in water treatment, an extensive and advanced treatment is 
often necessary. Different technologies include membrane filtration, biological degradation, 
ozonation, advanced oxidation and activated carbon filtration [11, 77].  
Membrane filtration is a semi-selective barrier between water and solutes, driven by an external 
driving force (traditionally a pressure difference). When a pressure difference is applied over the 
membrane, the feed stream is partly “forced” through the membrane, resulting in transport of 
water molecules along with permeable solutes to the (cleaner) permeate stream, and 
removal/rejection of non-permeable solutes to the (contaminated) concentrate stream. The type 
of rejected solutes depends on the membrane characteristics (e.g. pore size, hydrophobicity, surface 
charge) and solute characteristics (e.g. molecular size, hydrophobicity, charge). For TrOC removal, 
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nanofiltration and reverse osmosis are the most commonly used membrane types, of which reverse 
osmosis membranes typically have the highest TrOC rejection. This is given by reverse osmosis 
membranes having the smallest pore size, however, as a consequence, reverse osmosis also requires 
higher applied pressures than nanofiltration. The concentrated part (containing the rejected solutes) 
is a contaminated water stream which needs to be either post-treated or properly disposed of [78]. 
Biological degradation of TrOCs occurs through metabolic processes of micro-organisms, such as 
bacteria or fungi. Biodegradation of TrOCs exists in both wastewater treatment (i.e. in activated 
sludge treatment), and drinking water treatment (e.g. in biological reactors such as nitrification 
reactors (if applied) or in river bank filtration). Even though WWTPs are not designed to remove 
micropollutants, a significant fraction of TrOCs can be removed. For instance, Pomiès et al. (2013) 
[79] reported that around half of the studied micropollutants is removed for more than 70% in 
WWTPs. While this is a significant removal, the large majority of TrOCs was still present at high 
concentrations in the effluent (i.e. > 0.1 µg/L), which indicates high concentrations in the influent, 
and incomplete elimination during wastewater treatment. In river bank filtration, an underground 
flow of water is created, from surface water to pumping wells, by drawing water from the wells. As 
such, the surface water flows through a section of soil, where sorption and biodegradation 
processes occur. River bank filtration is intended as pre-treatment of surface water, aiming at a 
reduction in natural organic matter, turbidity, and pathogens. However, since it is a biological 
process, part of the TrOCs can simultaneously be degraded in river bank filtration [80]. 
In the following paragraphs, ozonation, UV/H2O2 advanced oxidation and activated carbon 
filtration will be discussed more in detail, as these technologies provide relevant background 
information for this work. 
2.3.1. Ozonation 
Ozone is often applied for TrOC removal, in both drinking water treatment and wastewater 
treatment [81, 82]. Ozone can react with organic molecules through primary and secondary 
reactions. Two examples of direct reactions are given as the Criegee mechanism and electrophilic 
substitution. Note that a third direct reaction (i.e. nucleophilic substitution) is also possible with 
organics, however this has not been observed in water solutions [83]. 
The Criegee mechanism (Figure 1.3), also called the cyclo-addition reaction, involves the insertion 
of ozone in an unsaturated aliphatic carbon – carbon double bond, forming an intermediate which 
decomposes in carbonyl and aldehyde structures [84]. 
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Figure 1.3: Criegee mechanism - reaction of ozone with alkenes. 
Electrophilic substitution reactions occur more with aromatic molecules, and results in the 
formation of catechols (Figure 1.4) [85]. 
 
Figure 1.4: Electrophilic substitution - reaction of ozone with phenol. 
Indirect reactions of ozone involve the decomposition of ozone in water, resulting in the formation 
of hydroxyl radicals. The generally adopted mechanism of ozone decomposition in neutral water 
is the Staehelin, Hoigné and Bühler mechanism, which is given in Equations 1 to 11 [84]. 
𝑂3 + 𝑂𝐻
− → 𝐻𝑂2
− + 𝑂2   𝑘 = 70 𝑀
−1𝑠−1  (Eq. 1) 
𝑂3 + 𝐻𝑂2
− → 𝐻𝑂2
• + 𝑂3
•−   𝑘 = 2.2 ∗ 106 𝑀−1𝑠−1  (Eq. 2) 
𝐻𝑂2
• → 𝑂2
•− + 𝐻+    𝑘 = 7.9 ∗ 105 𝑠−1   (Eq. 3) 
𝑂2
•− + 𝐻+ → 𝐻𝑂2
•    𝑘 = 5 ∗ 1010 𝑀−1𝑠−1  (Eq. 4) 
𝑂3 + 𝑂2
•− → 𝑂3
•− + 𝑂2   𝑘 = 1.6 ∗ 10
9 𝑀−1𝑠−1  (Eq. 5) 
𝑂3
•− + 𝐻+ → 𝐻𝑂3
•    𝑘 = 5.2 ∗ 1010 𝑀−1𝑠−1  (Eq. 6) 
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𝐻𝑂3
• → 𝑂𝐻• + 𝑂2    𝑘 = 1.1 ∗ 10
5 𝑠−1   (Eq. 7) 
𝑂3 + 𝑂𝐻
• → 𝐻𝑂4
•    𝑘 = 2 ∗ 109 𝑀−1𝑠−1   (Eq. 8) 
𝐻𝑂4
• → 𝐻𝑂2
• + 𝑂2    𝑘 = 2.8 ∗ 10
4 𝑠−1   (Eq. 9) 
𝐻𝑂4
• + 𝐻𝑂4
• → 𝐻2𝑂2 + 2 𝑂3   𝑘 = 5 ∗ 10
9 𝑀−1𝑠−1  (Eq. 10) 
𝐻𝑂4
• + 𝐻𝑂3
• → 𝐻2𝑂2 + 𝑂2 + 𝑂3  𝑘 = 5 ∗ 10
9 𝑀−1𝑠−1  (Eq. 11) 
Here, reactions 1 and 2 are considered to be the initiation reactions, reactions 3 to 9 are the 
propagation reactions, and reactions 10 and 11 are the termination reactions. Initiation can be sped 
up by either raising the pH (enhancing Eq. 1), or by addition of hydrogen peroxide (enhancing Eq. 
2, 𝐻𝑂2
− is the deprotonated form of 𝐻2𝑂2). In the first case (in alkaline solutions), ozone 
decomposition occurs slightly different (which is described in Beltrán (2004) [83] as the Tomiyasu, 
Fukutomi and Gordon reactions), while the latter case is referred to as an advanced oxidation 
process (AOP). During the propagation reactions, hydroxyl radicals (𝑂𝐻•) are formed, which have 
a high standard reduction potential (SRP) of +2.72 V at acidic conditions and +1.8 V at alkaline 
conditions [86, 87], therefore enabling them to react unselectively with many solutes in solution 
[88, 89]. 
In presence of organic solutes, many other reactions will occur, involving transformation of the 
organics. As such, ozone can be used to degrade TrOCs through both direct and indirect reactions. 
Reaction of organics with ozone will result in the formation of oxygen-containing products. There 
is limited information about the exact composition of these by-products, however the vast majority 
are aldehydes, ketones, ketoaldehydes, carboxylic acids, ketoacids, aldo acids, hydroxy acids, 
alcohols and esters [90–93]. Even though a complex mixture of transformation products is found, 
a complete mineralization (i.e. complete oxidation to CO2) of target solutes is generally not 
achieved with ozone, as this would require extreme amounts of oxidant doses [81, 94]. 
Additionally, ozonation of organics results in the formation of assimilable organic carbon (AOC). 
AOC is a type of dissolved organic carbon (DOC) which is rapidly consumed by bacterial cells, 
and could thus result in biological growth in the drinking water network (in case ozonation is 
applied in drinking water treatment). For this reason, ozonation is often followed by (biological) 
activated carbon adsorption, which is intended to remove AOC, along with transformation 
products, through a combination of biodegradation and adsorption (described in paragraph 2.3.3); 
or by sand filtration, intended to remove biodegradable transformation products. 
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In Table 1.4, the reaction rate constants of a selection of TrOCs with O3 and 𝑂𝐻• are given. The 
reaction rate constants with O3 cover a large range, indicating the selective nature of ozone. The 
lowest reactivity is found for endrin (< 0.02 M-1 s-1), a cyclic organochlorine insecticide with a 
chloro-substituted double bond. Halogenated moieties in molecules are less reactive to ozone (an 
electrophile) because the electron-withdrawing halogen groups create a low electron density at the 
carbon atoms. On the other hand, electron-donating groups enhance reactivity with ozone, which 
is observed for fenoterol, a β2-agonist pharmaceutical with three (electron-donating) phenolic 
moieties, with a reaction rate constant of 2.8 * 106 M-1 s-1 [84, 95]. The reaction rate constants with 
hydroxyl radicals are much more narrowly distributed, ranging from 5.4 * 108 M-1 s-1 (diatrizoic 
acid) to 10 *109 M-1 s-1 (methicillin), indicating the highly reactive and non-selective nature of 
hydroxyl radicals [84, 95].  
Table 1.4: Reaction rate constants of TrOCs with O3 and OH•. 
TrOC 𝒌𝑶𝟑  (𝑴
−𝟏𝒔−𝟏) 𝒌𝑶𝑯•  (𝑴
−𝟏𝒔−𝟏) ref. 
pesticides    
alachlor 3.8 7 * 109 [84] 
atrazine 6 3 * 109 [84] 
bromoxynil 6 * 102 8.5 * 109 [96] 
carbofuran 620 7 * 109 [84] 
dicamba < 0.1 3.5 * 109 [95] 
dinoseb 1.5 * 105 4 * 109 [84] 
endrin < 0.02 1 * 109 [84] 
methoxychlor 250 3.9 * 109 [95] 
triclosan 2.5 * 106 6.0 * 109 [95] 
trifluralin 1.9 * 103 1.3 * 109 [95] 
pharmaceuticals    
17α-ethinylestradiol 1.8 * 106 4.9 * 109 [95] 
atenolol 6.3 * 105 8 * 109 [97] 
bezafibrate 590 7.4 * 109 [98] 
carbamazepine 3 * 105 8.8 * 109 [84] 
clofibric acid 5.0 * 103 5.2 * 109 [95] 
diatrizoic acid 0.05 5.4 * 108 [99] 
diclofenac 1 * 106 7.5 * 109 [84] 
fenoterol 2.8 * 106 3.9 * 109 [95] 
gemfibrozil 4.9 * 105 7.1 * 109 [95] 
ibuprofen 9.6 7.4 * 109 [97] 
iomeprol < 0.1 2.5 * 109 [98] 
methicillin 3.9 * 104 10 * 109 [95] 
primidone 1.0 6.7 * 109 [98] 
sulfamethoxazole 2.5 * 106 5.5 * 109 [84] 
tetracycline 2.5 * 106 8.2 * 109 [95] 
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2.3.2. UV/H2O2 advanced oxidation 
Advanced oxidation processes (AOPs) are processes in which the purpose is to generate hydroxyl 
radicals [100]. Since this is the primary objective, AOPs are more efficient at oxidizing organic 
substances than ozonation. Different AOPs exist, but the UV/H2O2 AOP is the most commonly 
used for TrOC removal [101]. Here, hydroxyl radicals are formed through UV photolysis of 
hydrogen peroxide, as shown in Equation 12. 
𝐻2𝑂2
ℎ𝑣
→ 2 𝑂𝐻•     (Eq. 12) 
In most cases, low-pressure UV lamps, primarily emitting light at 253.7 nm, are used for generation 
of 𝑂𝐻•, as the effective quantum yield (i.e. production of 𝑂𝐻• per einstein (or mole) of photons) 
is high at 253.7 nm, with 1.02 𝑚𝑜𝑙𝑂𝐻•  𝑒𝑖𝑛𝑠𝑡𝑒𝑖𝑛𝑝ℎ𝑜𝑡𝑜𝑛𝑠 253.7 𝑛𝑚
−1  [102, 103]. 
As mentioned in paragraph 2.3.1, hydroxyl radicals can react unselectively with many solutes in 
solution, including micropollutants. In the UV/H2O2 AOP, degradation can also occur via direct 
TrOC photolysis, occurring parallel to 𝑂𝐻•-induced oxidative reactions. 
Similarly as with ozonation, many oxidation products are formed in the UV/H2O2 process. These 
reaction products are comparable to the ones found during ozonation, being oxygen-containing 
compounds such as aldehydes, alcohols, carboxylic acids, ketones, etc. [104]. Full mineralization of 
TrOCs is possible with AOPs, however in practice, the same constraints as with ozonation exist: a 
high oxidant dose is necessary to achieve full mineralization, rendering it economically unfeasible 
to do so [104–106]. 
As such, both ozonation and advanced oxidation result in a transformation of solutes, rather than 
a complete removal. 
2.3.3. Activated carbon adsorption 
Activated carbon (AC) is an adsorbent produced from solid materials which are high in carbon 
content, such as coal, wood, coconut shells, peat, etc. [107]. AC is a very porous material, able to 
remove pollutants through adsorption, i.e. retaining of solutes on the surface of the adsorbent 
material. The porous structure of AC is created through either physical or chemical processes. In 
the physical process, the raw material is first carbonized at high temperatures (600°C – 900°C), 
after which steam or CO2 is added, resulting in partial gasification of the material and the creation 
of pores. The creation of pores is called ‘activation’, hence the name of the adsorbent: activated 
carbon. In the chemical activation process, chemicals such as H3PO4, ZnCl2, H2SO4 or NaOH are 
added to the raw material, and the mixture is heated. Here, carbonation (i.e. charring and 
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aromatization of the raw material) and activation (i.e. the creation of porosity) occur simultaneously 
[107–109]. 
Because of its high porosity, activated carbon has a high specific surface area (up to 2000 m²/g), 
indicating it is able to adsorb a large amount of organics per gram of adsorbent [110]. The pore 
structure of activated carbon can be categorized in micropores (diameter: < 2 nm), mesopores 
(diameter: 2 – 50 nm) and macropores (diameter: > 50 nm) [111]. For most AC types, the 
micropores have the highest contribution to the total specific surface area, and are thus responsible 
for most of the TrOC removal [110, 112–114]. This is due to stronger Van der Waals interactions 
between solute and adsorbent when the distance between the solute and the pore wall is smaller; 
and as well due to size exclusion of larger molecules being unable to diffuse inside micropores, 
meaning the adsorption sites in micropores are more available for small molecules such as TrOCs 
[115]. 
Activated carbon properties that affect the adsorption process are the pore texture, surface 
chemistry and the mineral matter content of the activated carbon. A pore size resembling the size 
of the target solutes will enhance its adsorption. However, the adsorption sites must be freely 
accessible in order to have fast adsorption kinetics (i.e. for fast TrOC adsorption in micropores, 
the amount of meso- and macropores must be relatively small), because diffusion through the 
larger pores towards micropores is the rate limiting step of adsorption [116]. The surface chemistry 
of the adsorbent comprises the charge, the surface hydrophobicity, and the electron density of the 
basal planes. Surface charge will induce electrostatic interactions with solutes, enhancing or 
decreasing adsorption. Surface hydrophobicity is related to the oxygen content of the adsorbent. 
An increasing oxygen content of the activated carbon surface usually decreases the hydrophobicity, 
which will adversely affect adsorption of hydrophobic solutes. The electron density of basal planes 
in the activated carbon (represented in Figure 1.5), also related to surface oxygen groups, influences 
the Van der Waals interactions between the carbon and the solutes. Carboxyl groups at the edges 
of a graphene layer can withdraw electrons from the activated carbon plane, while phenolic surface 
groups release electrons into the activated carbon plane [116]. Even though surface chemistry 
influences the hydrophobicity of activated carbon, overall, AC is still considered a hydrophobic 
adsorbent, having a tendency to adsorb hydrophobic solutes more effectively [117–123]. 
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Figure 1.5: Basal plane (or graphene layer) of activated carbon [124]. 
Solute properties affecting their AC adsorption are molecular size, solubility, hydrophobicity, 
charge, and functional groups. Molecular size determines whether or not a molecule can diffuse 
inside a pore. Solubility and hydrophobicity are more or less related, as a high water solubility tends 
to indicate a hydrophilic character, and vice versa. Hydrophobic molecules tend to adsorb better 
on activated carbon. Solute charge affects electrostatic interactions between adsorbent and 
adsorbate. Functional groups of the solute affect the ability of hydrogen bond formation with the 
adsorbent surface, as well as the electron density in aromatic rings (and thus Van der Waals 
interactions with the carbon basal planes) [116]. 
In drinking and wastewater treatment, the source water almost always contains organics at much 
higher concentrations (several mg/L) than TrOCs (ng/L to a few µg/L). In drinking water 
production, these organics are typically called natural organic matter (NOM), and in wastewater, 
this is effluent organic matter (EfOM – we consider the effluent, as TrOC removal occurs as a 
polishing step, after biological treatment of wastewater). These organic molecules will bind on AC 
as well, and thus the adsorption of TrOCs will be affected by this. NOM and EfOM will compete 
for freely available adsorption sites on the AC, effectively reducing the adsorption capacity for 
TrOCs [125, 126]. The extent to which this happens depends on the molecular size of the 
NOM/EfOM present, as smaller molecules will be able to diffuse deeper inside micropores, and 
thus exert more competition. Larger molecules will not be able to enter the micropores, but can 
bind on the entrance of these smaller pores and restrict access for small molecules such as TrOCs, 
therefore as well reducing the amount of available adsorption sites for target molecules. The latter 
process is referred to as pore blocking. Partial obstruction of pore entrances is possible as well, 
which will not reduce the amount of available adsorption sites, but will result in slower diffusion 
rates of target molecules inside these pores [127, 128]. 
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The adsorption capacity of AC is limited. Once the number of freely available binding sites 
becomes limited, target solutes will show a decreased removal and will break through AC filters. 
Therefore, AC needs to be regenerated, which can be achieved using thermal or chemical 
regeneration, similar as in the activation process. 
Contrary to oxidation technologies, adsorption completely removes TrOCs from the solution, 
without production of transformation products. 
2.4. Experimental technologies for trace organic contaminant removal 
In this work, TrOC removal will be investigated through both reductive and adsorptive 
technologies, and the combination of both. In this paragraph, reductive technologies and novel 
adsorption technologies will be introduced. 
2.4.1. Catalytic reduction with biogenic nanocatalysts 
Even though oxidative technologies are capable of reacting a wide variety of TrOCs, halogenated 
solutes are less easily removed with these processes [129]. For this reason, reductive technologies 
are recently under investigation as possible alternatives to oxidative techniques for abatement of 
TrOCs in water, as carbon-halogen bonds are more easily cleaved in reductive reactions [130, 131]. 
Catalytic reduction, using palladium based catalysts, has been successfully applied to remove a wide 
range of contaminants by hydrodehalogenation, hydrodeoxygenation, hydrogenation, N-N 
hydrogenolysis and denitrification [131, 132]. Pd is by far the most efficient catalyst material for 
hydrodehalogenation of aromatic halogen atoms [133]. The reason why Pd is an efficient reductive 
catalyst, is because it easily interacts with hydrogen. Pd efficiently adsorbs H2 gas under the form 
of hydrogen atoms, and subsequently transfers this as a reductive agent to organic or inorganic 
target molecules [134]. 
Nowadays, catalysts under the form of nanoparticles are gaining interest because the (re)activity of 
nanoparticles is much higher than of bulk materials. This is due to an increased specific surface 
area, resulting in a better contact of the catalyst with the target molecules [135, 136]. Reactivity of 
the catalyst can be further increased by adding other metals to form bimetallic catalysts. Examples 
of this are bimetallic Pd/Au and Pd/Re catalysts [137, 138]. An easy way to produce bimetallic 
nanocatalysts is through bioreductive deposition of metals on the cell walls of certain bacteria. 
Different bacterial species are capable of achieving this, of which Shewanella oneidensis and 
Desulfovibrio desulfuricans are the most investigated for biogenic Pd-based catalysts [139–142]. For 
these bacteria, the nanoparticles form on the surface of the bacterial cell walls within minutes, 
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enabling a fast, easy, and efficient catalyst production [142, 143]. Figure 1.6 shows Pd nanocatalyst 
particles on the outer cell wall of Shewanella oneidensis, referred to as bio-Pd. 
 
Figure 1.6: Bio-Pd nanocatalyst particles on Shewanella oneidensis [142]. 
Biogenic bimetallic nanocatalysts made from palladium and gold (bio-Pd/Au) have been shown to 
effectively remove TrOCs such as trichloroethylene and diclofenac [144], and as such will be used 
in this work for reducing a set of 5 TrOCs. 
Note that some problems have been associated with biogenic Pd-based catalysts, e.g. the catalyst 
is prone to fouling, due to inorganic and organic sulfur containing ions and compounds, which is 
difficult or sometimes impossible to reverse [145]; as well the catalyst metal can leach from the 
nanoparticles, or nanoparticles can detach from the cell walls [146]. Both of these disadvantages 
result in catalyst loss, and ultimately the need to replenish the reactor with fresh catalyst. For this 
reason, biogenic Pd-based nanocatalysts should not be considered as a one-time investment cost, 
but rather a recurring operational cost [146]. The cost of bio-Pd/Au is estimated at around  
€ 1100/m³ reactor volume at a catalyst concentration of 50 mg Pd/L and 1 mg Au/L, however, 
due to the required periodical replenishment of the catalyst, the catalyst cost is expected to be 
higher [147]. 
2.4.2. Advanced reduction 
Advanced reduction processes (ARPs) are just recently starting to gain attention in the scientific 
community, and much is still unknown. ARPs are processes in which the goal is to produce 
reductive radicals, as opposed to oxidative radicals in AOPs. The aforementioned problems arising 
with catalytic reduction are not expected to occur for ARPs, as the reduction reactions are occurring 
with radicals rather than with a metal catalyst. 
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Reducing radicals can be produced in different ways, such as through radiolysis of water using E-
beam or γ-radiation [148–151], ultrasound waves [152], or from UV photolysis of a variety of 
anions, e.g. 𝐶𝑙−, 𝐼−, 𝐹𝑒2+, 𝐹𝑒(𝐶𝑁)6
4−, 𝑆2𝑂4
2−, 𝐻𝑆−, 𝑆𝑂3
2−, etc. [153–163]. 
In the latter process, the ions reach a charge-transfer-to-solvent (CTTS) state, which is a form of 
an ‘excited state’. Upon photo-excitation of the anions, a geminate pair is formed (i.e. an electron 
and the associated anion geminate partner). This pair can either recombine to the anion’s ground 
state, or the electron can detach from the pair. In case detachment occurs, the electron is ejected 
into the solution (hence its name: solvated electron or hydrated electron), and is freely available to 
undergo reactions with different molecules in the solution [164]. 
The optimal UV wavelength at which the CTTS state is obtained is different for each anion. 𝑆2𝑂4
2− 
shows an absorption peak around 315 nm [165], 𝑆𝑂3
2− has an absorption peak around 210 nm 
[166], 𝐼− has absorption peaks at 195 and 225 nm [157], and 𝐹𝑒(𝐶𝑁)6
4− at 220 nm [167]. Note that 
the production of radicals also occurs at irradiation around to these optimal wavelengths, although 
less efficiently than at the aforementioned values. 
Recently, the UV/𝑆𝑂3
2− ARP has gained attention, in which reducing radicals are produced upon 
253.7 nm UV irradiation through Equations 13 and 14 [168].  
𝑆𝑂3
2− + ℎ𝑣 → 𝑆𝑂3
•− + 𝑒𝑎𝑞
−  (pH ≥ 7.3) (Eq. 1) 
𝐻𝑆𝑂3
− + ℎ𝑣 → 𝑆𝑂3
•− + 𝐻• (pH < 7.3) (Eq. 2) 
The hydrated electron (𝑒𝑎𝑞
− ) is the most powerful reductant, having a standard reduction potential 
(SRP) of -2.87 V. The hydrogen atom (𝐻•) has an SRP of -2.30 V. Because of their high reducing 
abilities, many oxidized moieties in molecules can be reduced, such as halogen groups, ketones, 
unsaturated bonds, etc. [87, 162, 169]. Similarly as with UV-based AOPs, TrOC degradation can 
occur via both direct photolysis and reaction with reducing radicals. 
Previously investigated studies on ARPs for TrOC removal include PFOA, chloroacetic acid, vinyl 
chloride, atenolol, and perchlorate [156, 162, 163, 170, 171]. While some problems may arise with 
some of these studies (which will be addressed in paragraph 3), still, they suggest that there is 
potential for advanced reductive TrOC degradation. In this work, the UV/sulfite ARP will be 
investigated for degradation of a mixture of 27 TrOCs. 
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2.4.3. Molecularly imprinted polymer adsorption 
Another technology which will be investigated in this work, is the application of molecularly 
imprinted polymers (MIPs) as adsorbents for selective TrOC removal in real water matrices. MIPs 
are polymeric adsorbents, which are produced in such a way that the adsorption locations are tailor-
made to their designated target compounds. Because these specific adsorption sites are resembling 
their target solutes, a strong affinity between the two entities is expected, and, as a result, the 
adsorbent will be more selective towards the target molecules. 
MIPs are produced by polymerizing cross-linking monomers around a template molecule. The 
template molecule is either the target compound for which the MIP adsorbent is intended, or a 
structurally similar compound. The monomers have to be chosen carefully, as to create effective 
specific adsorption sites. Examples of monomers are methacrylic acid, styrene, ethylstyrene, etc.. 
A conceptual representation of the production process is given in Figure 1.7. Template molecules 
and monomers are added together with the monomers in an overdose, upon which the monomers 
will distribute themselves around the template molecules. A cross-linking agent (e.g. p-
divinylbenzene or tetramethylene dimethacrylic acid) is added, after which the monomers are 
polymerized around the template molecule through application of heat or photo-initiation. After 
polymerization, the template molecule is removed through elution with an organic solvent, after 
which a ‘structural negative’ of the template remains in the polymer. These ‘structural negatives’ 
form the specific cavities, or specific adsorption sites, which will have a high recognition towards 
their template molecule (or structurally similar compounds) [172–174]. From a thermodynamic 
point of view, this specific recognition can indeed be expected, since the change in free energy 
during adsorption will be the greatest when a perfect match is made between the adsorbent surface 
and adsorbate. 
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Figure 1.7: Conceptual representation of the production and operational process of molecularly imprinted polymers. 
After application of MIPs as adsorption media, the adsorbent can be regenerated by eluting 
adsorbed molecules, and the MIP adsorbent can be reused in a consecutive adsorption step. 
MIPs have been applied as adsorbents for analytical purposes, for pre-concentration of target 
analytes (without parallel concentration of matrix compounds) through solid-phase extraction 
(SPE) [175]. MIPs have also been used in sensors for detection of specific molecules, e.g. through 
the use of coated quartz crystal microbalance sensors. The coated sensors selectively adsorb a target 
molecule, and through shifts in oscillation frequency of the sensor, the adsorbed mass is calculated 
[176].  
Another potential application of MIPs may be in water treatment. Contrary to activated carbon 
adsorption, which suffers from co-adsorption of a whole range of matrix solutes, a more selective 
removal of target compounds might be achieved with MIPs [177, 178]. MIP application may thus 
be useful for water treatment where undesired molecules, such as TrOCs, are to be removed, while 
allowing harmless matrix organics to pass. Several previously conducted studies have applied MIPs 
for removal of polyfluorinated compounds [179, 180], estrogenic compounds [181–183], different 
pharmaceuticals [173, 184–186], phenolic herbicides [187], trinitrotoluene [188] and polycyclic 
polymerization 
adsorption 
regeneration 
template 
extraction 
template - monomers 
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aromatic hydrocarbons [189]. Even though these studies show effective TrOC removal, still, 
research gaps remain, which will be highlighted in paragraph 3. 
In this work, MIPs will be used as selective adsorbent for TrOC removal in different water matrices. 
2.5. Analytical methodology 
In this work, the principal analytical method for TrOC detection consisted of ultra high 
performance liquid chromatography hyphenated to high resolution orbitrap mass spectrometry 
(UHPLC-HR-Orbitrap-MS), a technology which will be explained in this paragraph.  
Liquid chromatography (LC) is a technology for separating a mixture of solutes, based on the 
solutes’ affinity for two immiscible phases (i.e. a mobile phase and a stationary phase). The mobile 
phase, in LC usually a mixture of solvents, is pumped with the injected sample over the stationary 
phase. The latter consists of a column, packed with small (< 2 – 15 µm) particles, which for TrOC 
analysis traditionally consists of silica particles with octadecyl (C18) surface groups [190]. As the size 
of the particles in the column decreases, the analysis speed, resolution and sensitivity increases, 
however this comes with higher pressure drops over the column [191]. In ultra high performance 
liquid chromatography (UHPLC), separation of the mixture is achieved using sub-2 µm particles 
applying pressures up to 1000 bar [191].  
After separation of the mixture, the analytes enter the mass spectrometer, which consists of an 
ionization source and a mass analyser [192]. The analytes in the mobile phase need to be ionized 
to allow detection in the subsequent mass analyzer, based on mass-to-charge (m/z) ratio. An 
ionisation technique, commonly used in TrOC analysis, is electrospray ionisation [193], which is a 
soft ionisation technique, meaning fragmentation of the analytes is limited [194]. In the ionisation 
source, the LC eluent is nebulized and analytes are ionized through an induced potential difference. 
The nebulized droplets are evaporated, through which the charged analytes are transferred to a gas 
phase. This process can be assisted by applying heat (heated electrospray ionisation) [195]. After 
ionisation, the gas containing the ionized analytes proceeds to the mass analyser. 
In mass spectrometry, analytes are identified and quantified according to the abundance of the m/z 
ions. Quadrupole tandem mass spectrometry (QqQ-MS/MS) has been commonly applied for 
TrOC analysis, as it provides quantitative analysis with high selectivity and sensitivity (offering 
detection limits in the low ng/L range) [196]. However, it presents limitations in the number of 
analytes that can be measured in one run, and as well it is only suitable for target analysis (i.e. only 
analytes which were defined in advance can be measured). This implies that other solutes present 
in the sample are ignored during analysis [192]. These limitations can be avoided using full-scan 
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high resolution mass spectrometry (HRMS), in which highly accurate mass (< 5 ppm deviation) 
m/z spectra are acquired over the full m/z scan range [197]. This allows to measure a virtually 
unlimited number of analytes, and as well retrospective screening for solutes which were not 
selected prior to analysis becomes possible, without the requirement for additional sample analysis 
[192, 197]. Different HRMS technologies include time of flight, orbitrap and Fourier transform ion 
cyclotron resonance, of which the orbitrap HRMS was used in this work. This HRMS technology 
enables analysis at a resolution up to 240 000 full width at half maximum, meaning m/z peaks of 
analytes can be more easily distinguished from – otherwise interfering – m/z peaks of matrix 
compounds [198]. The ionized analytes (coming from the ionization source) are collected in a C-
trap (i.e. a radio frequency only quadrupole), after which packages of ions are injected into the 
orbitrap mass analyser (see Figure 1.8) [198]. Here, the ions are trapped in an orbital path, by cycling 
around a central electrode, while oscillating along a horizontal axis. The frequency of oscillation is 
proportional to the m/z ratio of the ion. The oscillations of the ions induces a current on the outer 
electrode, which is amplified and recorded, and is processed through Fourier transformation into 
an accurate m/z spectrum [199]. 
 
     
Figure 1.8: Principle of HR-Orbitrap-MS detection [199]. 
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3. Research objectives and outline of this work 
Due to the fact that TrOCs are structurally diverse, it is difficult to remove all TrOCs with one 
technology. For this reason, new technologies for TrOC removal were introduced in this work, i.e. 
catalytic reduction, advanced reduction, and MIP adsorption. More established and documented 
technologies, such as ozonation, activated carbon adsorption and photolysis, are incorporated in 
the relevant chapters as well, however, the exploration of novel technologies for TrOC removal 
forms the basis of this work. 
As shown in paragraph 2.3.1, TrOCs are not mineralized during ozonation, which is why ozonation 
is often followed by a (biological) activated carbon filter. There are indications that the biological 
removal of TrOC-based transformation products is low (as will be described in Chapter 2), and 
since the hydrophilicity of TrOCs is expected to increase after ozonation (due to the generation of 
oxygen-containing transformation products), a subsequent activated carbon adsorption step seems 
counter-intuitive (see paragraph 2.3.3). Therefore, in Chapter 2, the influence of an ozonation 
pretreatment step on AC adsorption is investigated, with respect to the adsorbability of the 
transformation products. As a comparison, reductive transformation products are generated in 
parallel, using a bio-Pd/Au catalyst, and their adsorptive removal is investigated as well. The 
novelty in this research is that, for the first time, the adsorption of a complete mixture of oxidation 
ánd reduction transformation products onto activated carbon is tested, and a comparison is made 
between different pre-treatment options to improve AC adsorption. In this chapter, fresh AC was 
used, therefore only the effect of the pre-treatments on adsorption was considered. Possible effects 
on biodegradation (occurring on biological AC which has been in operation for longer times) were 
not included. Five TrOCs were investigated, which were selected based on expected reactivity 
towards reduction (i.e. atrazine: dechlorination, bromoxynil: debromination, diatrizoic acid: 
deiodination, carbamazepine: hydrogenation and dinoseb: deoxygenation) and ozonation (different 
transformation processes), while taking into account the TrOCs’ solubility. This is given by the 
choice of total organic carbon analysis for determination of AC adsorption of the mixture of 
transformation products (thus including unknown transformation products). 
As highlighted in paragraph 2.4.2, a couple of studies have already been performed on TrOC 
degradation with ARPs. However, some of these aforementioned studies have attributed the entire 
observed TrOC removal to reaction with reducing radicals, overlooking degradation with 
photolysis (being a parallel degradation process). Other studies have been conducted in oxygen-
rich water, which is a scavenger for reducing radicals. In addition, all of these studies were 
conducted with single solutes, while in real waters, TrOCs are almost always present as a mixture. 
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Still, these studies suggest that there is potential for advanced reductive TrOC degradation. There 
is, however, a need for a study where a mixture, containing a large variety of TrOCs, is investigated, 
while examining both removal processes which are occurring in parallel (photolysis and advanced 
reduction with reducing radicals). Therefore, in Chapter 3, for the first time, the applicability of the 
UV/sulfite ARP is explored for degradation of a TrOC mixture of 27 solutes, with the purpose of 
gaining insights into which solutes are susceptible towards advanced reduction and photolytic 
degradation. In addition, both the influence of sulfite dose and solution pH are investigated, and 
an attempt is made to develop a quantitative structure–property relationship between TrOC 
degradation rate and molecular properties. The composition of the TrOC mixture was established 
based on general occurrence of the TrOCs in the environment, physico-chemical variety, and 
capability of detection in a single method. In addition, a target screening for potential reduction 
products was performed. Taking into account the detection capacities of the applied TrOC analysis 
method, the unknown detection capacity of the method for the (screened) reduction products, and 
the purpose of the study (i.e. gaining insights into TrOC susceptibility for the different removal 
processes involved), experiments were performed at a – higher than environmentally relevant – 
initial concentration of 250 µg/L per TrOC. 
Because ARPs have just recently gained attention for water treatment, very little is known about 
the influence of matrix constituents on the different degradation processes taking place in ARPs. 
Therefore, after establishing the potential of the UV/sulfite ARP for TrOC degradation, the 
influence of organic and inorganic matter on the process is investigated in Chapter 4. Since TrOCs 
are always accompanied by dissolved organic and inorganic matter in drinking water and 
wastewater treatment, this chapter provides valuable additional information of how matrix 
compounds affect photolytic and advanced reductive TrOC degradation. In this chapter, the TrOC 
mixture of Chapter 3 was used, with addition of naproxen and clenbuterol. These two solutes were 
added in order to enlarge physico-chemical variation of the TrOC mixture. Similarly as in Chapter 
3, a relatively high initial TrOC concentration of 250 µg/L was used, for the same reasons. 
As described in paragraph 2.4.3, MIPs have already successfully been applied as adsorbents for 
TrOC removal from water. However, the vast majority of these aforementioned studies applied 
very high target compound concentrations of several mg/L up to more than 1 g/L, irrelevant for 
environmental applications. In addition, most of these studies did not investigate the effects of 
competing compounds, present in the source water, on the adsorptive behaviour of the target 
molecules, or did not include applications in environmentally relevant matrices (e.g. surface water 
or secondary wastewater effluent). As a result, there is still a lack of information about the real 
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potential of MIPs for the removal of TrOCs in real water matrices. Therefore, in Chapter 5, the 
adsorptive removal of a large set of TrOCs is tested on two different molecularly imprinted 
polymers, designed for pharmaceutical removal. The first MIP is designed for NSAID removal, 
and the second for removal of β-blockers. Different real water matrices, such as surface water and 
wastewater effluent, are tested, where the efficiency of target TrOC removal is investigated. 
Experiments in this chapter were performed using a mixture of 33 TrOCs at initial concentrations 
of 100 µg/L. This concentration was chosen taking into account the capacities of the applied TrOC 
detection method. Even though this concentration is still higher than environmentally relevant, it 
is a large step forwards with respect to the previously conducted studies at several mg/L to g/L 
level. The set of TrOCs used in Chapter 4 was extended with atenolol and salicylic acid (a β-blocker 
and NSAID respectively), in order to have an adequate amount of target solutes (minimum 3) for 
determining selective adsorption; and with ranitidine and terbutaline (both are cationic solutes at 
the applied pH), in order to have a well-balanced physico-chemical variation in the TrOC mixture. 
Finally, in Chapter 6, an overview of the main conclusions of this work is given, and different 
recommendations for future research are presented.  
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1. Introduction 
Since the 1980s, the occurrence of trace organic contaminants (TrOCs) in the environment has 
been a growing topic of interest in many environmental departments and environmental policy 
agencies all over the world [27, 200, 201]. Consequently, a lot of research has been (and is still 
being) carried out on the topic [40, 202–205]. TrOCs include pharmaceuticals, pesticides, solvents 
and other industrial organic pollutants. Due to their complex structure, low concentration (in the 
ng/L to µg/L range) and often low biodegradability, they are mostly only partially removed in 
conventional (waste) water treatment systems [27, 201, 206]. The presence of TrOCs in the 
environment has been shown to result in ecological effects such as deformities [41, 207, 208], loss 
of sexual differentiation [209, 210], population decreases [40, 43] and diversity decreases [42, 211]. 
Moreover, mixtures of TrOCs in the aquatic environment pose significant ecological risks, even in 
highly diluted streams [39]. Additionally, the effects on human life are still not fully understood, 
however due to precautionary and hygienic concerns, drinking water treatment plants are already 
focusing on the removal of these substances from the source water, used for drinking water 
production [27, 76]. 
Several drinking water utilities use oxidative techniques such as ozonation or advanced oxidation 
processes (e.g., UV/H2O2) for the removal of dissolved organic matter, including trace organic 
contaminants [76, 84, 90]. (Advanced) oxidation of organics has been shown to result in the 
formation of organic by-products. There is still only limited information about the exact 
composition of these organic by-products, but the vast majority of the reported products are 
oxygen-containing compounds, such as aldehydes, ketones, ketoaldehydes, carboxylic acids, 
ketoacids, aldo acids, hydroxy acids, alcohols and esters [90–93]. From a mechanistic point of view 
on ozonation or advanced oxidation, these compounds are indeed the expected products. 
Oxidation of organic compounds with ozone occurs via either several primary reactions 
(electrophilic addition of ozone), where first an intermediate adduct between the target compound 
and ozone is formed, followed by a decomposition into oxygen containing products (the details of 
this mechanism are described by von Gunten (2003) [90]) or via secondary reactions, where first 
ozone is decomposed in hydroxyl radicals, which subsequently react unselectively and fast with 
organic solutes, forming oxygen-containing by-products (the details of pure hydroxyl radical 
reactions with organics in water can be found in von Sonntag et al. (1997) [212] and Cooper et al. 
(2010) [213]). In advanced oxidation, the goal is to create unselective and highly reactive hydroxyl 
radicals, which implies that its reaction products correspond to those formed from secondary 
ozonation reactions. 
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Because of their nature, the oxygen-containing oxidation by-products are typically polar, 
hydrophilic products [90, 91, 93, 214, 215], which can cause biological growth in the drinking water 
network [216–218]. Therefore, ozonation is usually followed by (biologically active) activated 
carbon filtration (B)ACF, which removes the remaining (oxidized) organics by a combination of 
adsorption and/or biological degradation. Indeed, biological degradation in BACF systems can 
play a role in dissolved organic carbon (DOC) removal, however for removal of small compounds 
at low concentrations (e.g. TrOCs), the biological degradation during the activated carbon filtration 
is typically low. As an example, for BACF (using filter material which had been in operation for 4 
years at a full scale water reclamation plant), Rattier et al. (2012) [219] found that the average TrOC 
removal decreased only slightly after activated carbon sterilization (from 72% to 59%), indicating 
that, even after 4 years, 82% (i.e. the ratio of sterilized to unsterilized GAC: 59% to 72%) of the 
TrOC removal could be attributed to adsorption. Even though DOC breakthrough of the BACF 
had already occurred, TrOCs were still removed well by adsorption because the adsorption sites 
for these small molecules are typically different than those for macromolecules, covering the vast 
majority of DOC concentration [220–224]. In another study, Persson et al. (2007) [225] found 
similar results, where geosmin and 2-methylisoborneol were removed equally in BACF and 
sterilized BACF. Furthermore, although it is known that ozonation of organic matter results in an 
increase in biodegradable DOC (BDOC), the gains in BDOC because of ozonation are relatively 
low. Yoon and Amy (2015) [226] reported an increase of the BDOC/DOC ratio of secondary 
effluent of only 10% after ozonation, while Jin et al. (2013) [227] reported a BDOC/DOC ratio 
increase of approximately 15% after ozonation. Similar results have been published by Escobar 
and Randall (2001) [228], Tripathi et al. (2011) [229] and Lee et al. (2012) [230]. Thus, adsorption 
may be expected to be the most determining removal mechanism for most of the TrOC by-
products [225, 227, 231]. As such, it might be interesting to compare the adsorption efficiency of 
oxidation by-products to adsorption of reduction by-products, to see what exactly the effects of 
these pre-treatments (for micropollutant removal) are on the activated carbon adsorption of their 
by-products. 
Reductive techniques are recently under investigation as possible alternatives to oxidative 
techniques for abatement of TrOCs in water [130, 131]. Catalytic reduction, using Pd based 
catalysts, has been successfully applied to remove a wide range of contaminants by 
hydrodehalogenation, hydrodeoxygenation, hydrogenation, N-N hydrogenolysis and 
denitrification [131, 132]. These reactions all include transfer of hydrogen into the target molecule 
(as opposed to oxygen during ozonation), which directly explains the choice of Pd as catalyst 
material for these reductive reactions, since hydrogen adsorbs excellently on Pd [131, 232]. 
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Reductive abatement of pollutants in water is also possible with other catalyst materials, such as Pt, 
Cu, Zn, Ni, etc., however, in general Pd-based catalyst are the most stable and active materials for 
reductive reactions [131, 233]. Additionally, Pd catalysts can be doped with other metals to form 
bimetallic catalysts, further enhancing their reactivity. De Corte et al. (2012) [137] found that the 
use of a biogenic (using bacteria as carrier material for the catalyst) bimetallic Pd/Au catalyst 
enabled hydrodehalogenation of diclofenac at environmentally relevant pH whereas the pure Pd 
catalyst could not achieve this, while Choe et al. (2014) [138] reduced perchlorate to chloride using 
a Re-Pd catalyst. In theory, given the reduction mechanisms at hand, catalytic reduction should 
thus result in more apolar and hydrophobic by-products. Therefore, it is possible that in terms of 
total removal of TrOCs and their by-products, the combination of reduction and adsorption may 
be beneficial for removal of TrOCs. A direct comparison of adsorption of oxidative and reductive 
by-products could thus be interesting for water treatment practice, especially when the aim is to 
remove all traces of organic pollutants, including the by-products. 
Therefore, in this study, a direct comparison is made between the effect of oxidation (i.e. ozonation, 
being one of the most widely used oxidative processes in drinking water industry for TrOC removal 
[234]) vs. the effect of reduction (i.e. catalytic reduction with H2 as electron donor) on AC 
adsorption of 5 TrOCs and their respective by-products. 
2. Materials and Methods 
2.1. Chemicals and analysis 
All chemicals used were purchased at Sigma-Aldrich (Belgium), and were of a purity of 98% or 
above. All glassware used was oven baked at 500 °C for 8 h to remove any carbon traces. Trace 
organic contaminants were prepared in separate stock solutions in milli-Q water. The ozonation 
and catalytic reduction experiments were performed on 5 TrOCs (atrazine, carbamazepine, 
bromoxynil, diatrizoic acid and dinoseb). Chemical structures are given in Appendix A, and 
physico-chemical parameters are listed in Table 2.1. These were selected based on expected diverse 
reactivity towards catalytic reduction and ozonation, structural and physico-chemical variation, 
occurrence in the environment and toxicity: carbamazepine and diatrizoic acid are pharmaceuticals 
which are widely detected in water streams [235–239]; bromoxynil, atrazine and dinoseb are toxic 
pesticides of which the use has been regulated, but which are still being detected in high 
concentrations in soil and water bodies [240–247]. 
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Table 2.1: Trace organic contaminants, with their main chemical properties. Molecular weight, pKa, log Kow, and log D were 
calculated using Marvin 6.3 (ChemAxon, Hungary). Log Kow, and log D are the mean values (± standard deviation) of the 
Viswanadhan [248], Klopman [249] and PhysProp database [250] methods. 𝑘𝑂3  values were obtained from literature. 
TrOC formula 
molecular 
weight 
(g/mol) 
pKa log Kow 
log D at 
pH 7 
𝒌𝑶𝟑 
(𝑴−𝟏𝒔−𝟏) 
pesticides 
atrazine C8H14ClN5 215.7 3.20 2.20 ± 0.18 2.20 ± 0.18 6 [84] 
bromoxynil C7H3Br2NO 276.9 5.11 3.06 ± 0.12 1.51 ± 0.15 6 * 102 [96] 
dinoseb C10H12N2O5 240.2 4.57 3.24 ± 0.02 1.51 ± 0.39 1.5 * 105 [84] 
pharmaceuticals 
carbamazepine C15H12N2O 236.3 / 2.77 ± 0.48 2.77 ± 0.48 3 * 105 [84] 
diatrizoic acid C11H12I3N3O4 613.9 2.18, 11.84 2.89 ± 0.60 -0.64 ± 0.51 0.05 [99] 
 
Trace organic contaminants, and their oxidation and reduction products, were analysed using Ultra 
High Performance Liquid Chromatography hyphenated to High-Resolution Orbitrap Mass 
Spectrometry (UHPLC-HR-Orbitrap-MS, benchtop ExactiveTM Orbitrap, Thermo-Fisher 
Scientific, USA). The details about this analysis can be found in Addendum B.1 in Appendix B. 
Oxidation by-products and catalytic reduction by-products were quantified using the above 
UHPLC-HRMS method, when analytical standards were available. This was the case for Br-HBN 
(3-bromo-4-hydroxybenzonitrile), HBN (4-hydroxybenzonitrile), DH-carb (10,11-
dihydrocarbamazepine) and DABA (3,5-diacetamidobenzoic acid). Where no analytical standards 
were available, an attempt was made to identify oxidation or reduction by-products, by looking up 
the expected reaction products by means of the accurate mass (m/z) of their precursor ions 
([M+H]+, [M-H]- or [M+NH4]
+). For these products, identification was confirmed by (1) a 
calculated mass deviation between the theoretical and measured m/z values of the nominal 
precursor ions lower than 5 ppm; and (2) by comparing the theoretical and measured m/z 
abundance distributions of the nominal and common isotopes (e.g. 13C, 37Cl or 81Br). 
Total organic carbon (TOC) analysis was used to quantify the adsorbed fraction of trace organics 
and their oxidation or reduction products on activated carbon. 30 mL samples were filtered by 
using 0.2 µm PES (polyethersulfon) Macherey-Nagel Chromafil syringe filters, acidified with 1.6 
mL 2 M HCl, and analyzed with a TOC-5000 analyzer (Shimadzu). 
Separate solutions of TrOCs were prepared at concentrations of 5 mg C/L, and these were used 
during oxidation and reduction experiments. Although this concentration is considerably higher 
than could be expected in environmentally relevant situations, this high concentration was required 
in order to enable quantification of AC adsorption of unknown by-products by means of TOC 
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measurements. Since many by-products are formed during ozonation and catalytic reduction pre-
treatments, and many of these by-products are still unknown, conventional TrOC analysis methods 
(e.g. LC-MS) could not be applied here. TOC analysis on the other hand comprises all oxidation 
and reduction products, and therefore provides a full overview of the complete oxidation or 
reduction products mixture, including unknown transformation products. 
2.2. Oxidation experiments 
Ozone was produced with an Ozomat COM-AD-02 ozone generator (Anseros). Pure oxygen at a 
flow of 300 mL/min was converted to ozone, which was subsequently bubbled through Milli-Q 
water using a gas-washing bottle, which was cooled in an ice bath. The O3 saturated solution was 
used for the experiments, after determining the actual O3 concentration spectrophotometrically 
using an UV-1601 spectrophotometer (Shimadzu), according to the indigo method from Bader 
and Hoigné (1981) [251]. From this O3 saturated solution, ozone was dosed to separate TrOC 
solutions, each one containing one of the five TrOCs, in two steps (atrazine exempted). In a first 
step at the start of the ozonation experiments, 15 mg O3/L was dosed for bromoxynil, dinoseb, 
carbamazepine and diatrizoic acid, and in a second step at 12.5 minutes, an additional 3.75 mg 
O3/L was dosed. For atrazine, because of its expected recalcitrance towards oxidation [252, 253], 
a higher dose of 30 mg O3/L (at the start of the experiment) was used. Even though these are high 
ozone doses (typically applied ozone doses are 0.5 – 1.5 mg O3/mg dissolved organic carbon [204, 
254]), this regime was chosen in order to ensure an as high as possible oxidation conversion of 
TrOCs into oxidation products and at the same time as limited mineralization as possible. Samples 
were taken at time intervals 0, 1, 3, 5, 12.5 and 20 minutes for TrOC and oxidation product analysis 
using UHPLC-HRMS. These samples were instantaneously spiked with NaNO2 in a 10/1 ratio of 
NaNO2/O3 (initial), to quench any residual ozone in the sample which did not undergo reaction with 
the TrOCs [255]. 
2.3. Reduction experiments 
Catalytic reduction on separate TrOC solutions, each one containing one of the five TrOCs at 5 
mg C/L, was performed using biogenic (using Shewanella oneidensis MR1) bimetallic Pd/Au 
nanoparticles (bio-Pd/Au). Bio-Pd/Au was produced as described by De Corte et al. (2011) [144]. 
The Pd and Au concentrations of the prepared bimetallic catalyst were 100 and 2 mg/L respectively 
(noted as 100/2 mg bio-Pd/Au/L), and TrOC stock solutions were prepared at 10 mg C/L. 
Subsequently, the catalyst suspension and TrOC solution were added together so that the final 
concentrations were 50/1 mg bio-Pd/Au/L (corresponding with the highest catalytic activity as 
found by De Corte et al. (2012) [137]) and 5 mg C/L TrOC. The headspace of the bottles 
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containing the catalyst and TrOC was filled with hydrogen gas (H2). Blanks were included using 
nitrogen gas (N2) in the headspace. To ensure complete reduction of TrOCs, the catalytic reduction 
experiments were run for 24h. The pH was kept constant at 7 using HNO3 or NaOH by opening 
the bottles, and the headspace in the bottles was renewed after taking a sample. 10 mL samples 
were taken through a gas-tight septum at time intervals 0, 0.5, 1, 2, 4, 8 and 24 hours, filtered by 
using 0.2 µm PES Macherey-Nagel Chromafil syringe filters, and analyzed for TrOCs and reduction 
products using UHPLC-HRMS. At the end of the reduction experiments, the catalyst was removed 
from the suspension by centrifugation with a Sorval RC 5 Plus centrifuge at 5000 rpm for 7 
minutes. The supernatant was then subsequently filtered over a 0.2 µm PES Corning bottle-top 
filter. This supernatant was used for the adsorption experiments. 
2.4. Adsorption experiments 
Activated carbon adsorption isotherms were performed on the supernatants after the oxidation 
and reduction runs. These supernatants contained the reduced or oxidized by-products of the single 
TrOCs, respectively. Since no mineralization occurred (see Table B.1 in Appendix B), the 
concentrations of the by-products were similar in terms of molar concentrations as the original 
TrOCs. By performing adsorption isotherm experiments, the influence of oxidation and reduction 
on adsorption efficiency could be determined. In addition, isotherms were carried out with the 
parent compounds at similar concentrations (5 mg C/L). The isotherms were constructed using 
powdered activated carbon (PAC) type UltraCarb® 830 (Siemens Water Technologies), by adding 
0 – 18 mg PAC to 80 mL of the solutions. After equilibrium (isotherms were run continuously on 
a shaker for 3 days at 25°C [256]), samples were taken, filtered over 0.2 µm PES Macherey-Nagel 
Chromafil syringe filters, acidified with 1.6 mL 2M HCl and measured using a TOC-5000 analyzer 
(Shimadzu). TOC was used to measure the total adsorption, to also account for adsorption of the 
unknown by-products. Freundlich adsorption isotherms were fitted to the carbon loadings (Qe – 
in mg TOCadsorbed/mg AC) and measured equilibrium concentrations (Ce – in mg TOC/L) [257]. 
3. Results and discussion 
3.1. Oxidation experiments 
Results of TrOC transformation and by-product formation in the oxidation pre-treatment step 
(Figure 2.1) are here discussed on a per component basis. All of the detected oxidation products 
are summarized in Table 2.2, and their chemical structures can be found in Figures B.1 – B.5 in 
Appendix B. For the oxidation products, no analytical standards were available, therefore the 
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theoretical and measured m/z abundance distributions of the nominal and common isotope ions 
can found in Addendum B.2 in Appendix B. 
Table 2.2: Identified ozonation products. 
 
ozonation product 
precursor 
ion 
theoretical 
exact mass 
precursor 
ion (m/z) 
measured 
accurate mass 
precursor ion 
(m/z) 
mass 
deviation 
(ppm) 
atrazine 
CDIT 
(4-acetamido-2-chloro-6-isopropylamino-s-triazine) 
C8H12ClN5O 
[M+H]+ 230.08031 230.07967 2.8 
CDAT 
(4-acetamido-6-amino-2-chloro-s-triazine) 
C5H6ClN5O 
[M+H]+ 188.03336 188.03293 2.3 
DIA-imine 
(6-amino-2-chloro-4-ethylimino-s-triazine) 
C5H8ClN5 
[M+H]+ 174.05410 174.05362 2.8 
CIAT 
(6-amino-2-chloro-4-isopropylamino-s-triazine) 
C6H10ClN5 
[M+H]+ 188.06975 188.06924 2.7 
carbamazepine 
BQM 
(1-(2-benzaldehyde)-4-hydro-(1H,3H)-quinazoline-2-one) 
C15H10N2O2 
[M+H]+ 251.08150 251.08075 3.0 
BQD 
(1-(2-benzaldehyde)-(1H,3H)-quinazoline-2,4-dione) 
C15H10N2O3 
[M+H]+ 267.07642 267.07565 2.9 
BaQD 
(1-(2-benzoic acid)-(1H,3H)-quinazoline-2,4-dione) 
C15H10N2O4 
[M+H]+ 283.07133 283.07043 3.2 
bromoxynil 
Br-DHBN 
(3-bromo-4,5-dihydroxybenzonitrile) 
C7H4BrNO2 
[M-H]- 211.93526 211.93562 -1.7 
diatrizoic acid 
none found 
dinoseb 
dino-OH 
(2,4-dinitro-6-(sec-butyl)benzene-1,3-diol 
or 2-(4-hydroxybutan-2-yl)-4,6-dinitrophenol 
or 2-(1-hydroxybutan-2-yl)-4,6-dinitrophenol) 
C10H12N2O6 
[M-H]- 255.06226 255.06323 -3.8 
dino-COH 
(2-(2-hydroxy-3,5-dinitrophenyl)butanal) 
C10H10N2O6 
[M-H]- 253.04661 253.04753 -3.6 
  
 
 
 
 
 
Figure 2.1: Oxidation of atrazine (A), carbamazepine (B), bromoxynil (C), diatrizoic acid (D) and dinoseb (E). Full lines represent the parent 
compounds ( ) and are scaled on the primary y-axis, dotted lines represent oxidation products ( , ,  and ) and are 
scaled on the secondary y-axis.
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3.1.1. Atrazine 
Atrazine (Figure 2.1-A) was poorly oxidized by ozone. After 20 minutes, only 62% of atrazine was 
transformed, despite the very high ozone dose of 30 mg O3/L used (in an attempt to oxidize the 
parent compound as much as possible). Indeed, atrazine has a low ozone reaction rate constant of 
6 M-1s-1, and as well has previously been reported as persistent towards ozonation [84, 252, 253]. 
Even though a relatively low oxidation conversion was observed, a mixture of 4 atrazine ozonation 
products were found, effectively confirming the transformation of atrazine into oxidation products. 
The ozonation products identified in this study are 4-acetamido-2-chloro-6-isopropylamino-s-
triazine (CDIT), 4-acetamido-6-amino-2-chloro-s-triazine (CDAT), 6-amino-2-chloro-4-
ethylimino-s-triazine (DIA-imine) and 6-amino-2-chloro-4-isopropylamino-s-triazine (CIAT). 
These oxidation products were also previously identified by Acero et al. (2000) [258] and Nélieu et 
al. (2000) [259]. These were detected by searching for peaks at their accurate [M+H]+ and [M-H]- 
precursor ion masses by UHPLC-HRMS, and are summarized in Table 2.2. For each of these 
compounds, the mass deviation was below 2.8 ppm, and there was a very good match between 
theoretical and measured isotope abundance m/z distributions. Since no analytical standards for 
these oxidation products were available, these detections are only of qualitative value, i.e. these 
compounds could not be quantified. Therefore, in Figure 2.1-A they are visualized on the 
secondary y-axis using peak areas. For DIA-imine and CDAT, the peak areas were low, so in order 
to visualize their trends their peak areas were multiplied by a factor 10 or 100 respectively. It must 
be noted that when comparing the adsorption efficiency of atrazine to its oxidized by-products, 
the incomplete oxidation conversion must be taken into account, i.e. 38% of the measured TOC 
during the adsorption experiments will still be present in the form of the parent compound 
(atrazine itself). 
3.1.2. Carbamazepine 
For carbamazepine (Figure 2.1-B), a fast oxidative conversion was observed. After 1 minute, 98% 
of the original carbamazepine was converted, and after 12.5 minutes 100% conversion was 
obtained. This fast conversion is confirmed by the high ozone reaction rate constant of  
3 x 105 M-1s-1 [84]. Previously reported ozonation products of carbamazepine are 1-(2-
benzaldehyde)-4-hydro-(1H,3H)-quinazoline-2-one (BQM), 1-(2-benzaldehyde)-(1H,3H)-
quinazoline-2,4-dione (BQD), and 1-(2-benzoic acid)-(1H,3H)-quinazoline-2,4-dione (BaQD) 
[260]. In this study, these three products were also detected (with a matching isotope abundance 
m/z distribution and a maximum Δppm of 3.2), confirming the oxidation of carbamazepine. Since 
no analytical standards are available for these compounds, these compounds could not be 
quantified. Similarly as with atrazine’s oxidation products, BQM, BQD and BaQD can thus only 
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be displayed as peak areas of their accurate nominal precursor ion masses, resulting in a qualitative 
representation. The peak areas of BQD and BaQD were multiplied with a factor 10 and 100 
respectively, to enable visualization of their trend in the graph. The peak area of BQM reached a 
maximum after 1 minute, followed by a decrease, until it became stable after 20 minutes. This 
indicates that BQM oxidized further into other unknown oxidation products. 
3.1.3. Bromoxynil 
Bromoxynil (Figure 2.1-C) was oxidized for 90% after 20 minutes. For bromoxynil, previously 
identified ozonation products are 3,5-dibromo-2,4-dihydroxybenzonitrile (DBr-DHBN), 3-
bromo-4,5-dihydroxybenzonitrile (Br-DHBN), 3-bromo-4-hydroxybenzonitrile (Br-HBN), and 4-
hydroxybenzonitrile (HBN) [96]. In this study, only Br-DHBN was detected. It is however possible 
that the other ozonation products are present as well, however due to a possibly reduced detection 
capacity for the UHPLC-HRMS method we used, they can remain undetected. Nevertheless, the 
presence of Br-DHBN effectively confirms the oxidative transformation of bromoxynil. 
3.1.4. Diatrizoic acid 
Diatrizoic acid (Figure 2.1-D) showed very poor oxidation conversion using ozone, with only 43% 
of diatrizoic acid transformed after 20 minutes, indicating relatively persistent behavior. The 
recalcitrance of iodinated contrast media, such as diatrizoic acid, towards ozonation has been 
widely reported in the literature, and is as well confirmed by the very low ozonation reaction rate 
constant of 0.05 M-1s-1 [99, 261–263]. The expected ozonation reaction is dehalogenation [264], 
however in this study no dehalogenated products of diatrizoic acid (diat-I2H, diat-IH2 or DABA) 
could be detected. Analogous as with atrazine, the ozonation efficiency must be taken into account 
when evaluating the adsorption efficiencies as 57% of the TOC in the supernatant during 
adsorption was still present under the form of the parent compound, diatrizoic acid. 
3.1.5. Dinoseb 
Dinoseb (Figure 2.1-E) was oxidized for 88% after 20 minutes. To the best knowledge of the 
authors, no ozonation products of dinoseb have been reported in literature. Therefore in this study 
an attempt was made to identify oxidation products by examining the molecular structure and 
looking up expected products in the m/z spectra. Dinoseb is a phenol derivate containing two nitro 
groups (electron withdrawing) and a sec-butyl group, therefore a hydroxylation or dealkylation may 
be expected reactions following ozonation [96]. The mass spectra were searched for hydroxylation 
and dealkylation reaction products, and two products could be identified. Because the UHPLC-
HRMS analysis method did not allow to differentiate different isomers, the first identified product 
could be one of 2,4-dinitro-6-(sec-butyl)benzene-1,3-diol, 2-(4-hydroxybutan-2-yl)-4,6-
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dinitrophenol or 2-(1-hydroxybutan-2-yl)-4,6-dinitrophenol (dino-OH); the second product was 
identified as 2-(2-hydroxy-3,5-dinitrophenyl)butanal (dino-COH). The mass accuracy of these 
proposed ozonation products was high with a maximum Δppm of -3.8, and as well the presence 
of matching 13C-isotope peaks confirms the identification of these ozonation products. 
3.2. Reduction experiments 
Figure 2.2 shows the catalytic reduction of the 5 TrOCs with H2 gas as electron donor, using a 
50/1 mg/L bio-Pd/Au catalyst. In all cases, the concentrations of TrOCs in the blanc bottles 
remained constant, indicating that no adsorption of solutes on the catalyst (i.e. Pd/Au 
nanoparticles) or the carrier material of the catalyst (i.e. Shewanella oneidensis MR1 cells) occurred. 
All TrOCs (i.e. the parent compounds) were reduced completely after 8 hours. All of the detected 
reduction products are summarized in Table 2.3, and their chemical structures can be found in 
Figures B.1 – B.5 in Appendix B. For atra-H, diat-I2H, diat-IH2 and dino-NO2NH2, no analytical 
standards were available, therefore for these compounds the theoretical and measured m/z 
abundance distributions of the nominal and common isotope ions can found in Addendum B.2 in 
Appendix B. 
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Table 2.3: Identified reduction products. 
reduction product 
precursor 
ion 
theoretical 
exact mass 
precursor 
ion (m/z) 
measured 
accurate mass 
precursor ion 
(m/z) 
mass 
deviation 
(ppm) 
atrazine     
atra-H  
(2-ethylamino-4-isopropylamino-s-triazine) 
C8H15N5 
[M+H]+ 182.14002 182.13998 0.2 
carbamazepine     
DH-carb  
(10,11-dihydrocarbamazepine) 
C15H14N2O 
[M+H]+ 239.11789 (analytical standard) 
bromoxynil    
Br-HBN  
(3-bromo-4-hydroxybenzonitrile) 
C7H4BrNO 
[M-H]- 195.94035 (analytical standard) 
HBN  
(4-hydroxybenzonitrile) 
C7H5NO 
[M-H]- 118.02984 (analytical standard) 
diatrizoic acid     
diat-I2H 
(3,5-diacetamido-2,4-diiodobenzoic acid  
or 3,5-diacetamido-2,6-diiodobenzoic acid) 
C11H10I2N2O4 
[M+NH4]+ 505.90682 505.90729 -0.9 
diat-IH2  
(3,5-diacetamido-2-iodobenzoic acid  
or 3,5-diacetamido-4-iodobenzoic acid) 
C11H11IN2O4 
[M+NH4]+ 380.01018 380.01019 0.0 
DABA  
(3,5-diacetamidobenzoic acid) 
C11H12N2O4 
[M+NH4]+ 254.11353 (analytical standard) 
dinoseb     
dino-NO2NH2  
(4-amino-2-nitro-6-(sec-butyl)phenol  
or 2-amino-4-nitro-6-(sec-butyl)phenol) 
C10H14N2O3 
[M+H]+ 211.10772 211.10712 2.8 
  
 
 
 
 
 
Figure 2.2: Catalytic reduction of atrazine (A), carbamazepine (B), bromoxynil (C), diatrizoic acid (D) and dinoseb (E). Full lines represent the 
parent compounds (with : parent compound in the blanc bottles (using N2 gas) and : parent compound in the reduction botles 
(using H2 gas)), dotted lines represent reduction products ( , , and ). Quantifiable reduction products are scaled on the primary y-
axis, non-quantifiable reduction products are indicated with ‘(area)’ and are scaled on the secondary y-axis.
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3.2.1. Atrazine 
Figure 2.2-A shows the catalytic reduction of atrazine with H2 gas. Atrazine was completely 
transformed after 4 hours. One reduction product, 2-ethylamino-4-isopropylamino-s-triazine (atra-
H), having a very high mass accuracy (Δppm = 0.2) and matching isotope abundance distribution, 
was found. Being the hydrodechlorination product, this is indeed the expected reaction product 
for Pd-catalyzed reduction reactions. Atra-H was previously identified by Stock and Bunce (2002) 
[265] who used Pd-based electrocatalysts.  
3.2.2. Carbamazepine 
Carbamazepine (Figure 2.2-B) showed very fast removal efficiency by catalytic reduction, with 
100% transformed after 30 minutes. 10,11-dihydrocarbamazepine (DH-carb) was quantified as the 
main reduction product with 100% of carbamazepine recovered as DH-carb after 30 minutes, 
effectively closing the mass balance with carbamazepine. After 30 minutes no further reaction was 
observed. DH-carb is the hydrogenation reaction product, and is reported here for the first time 
as reduction product of carbamazepine. 
3.2.3. Bromoxynil 
The reduction of bromoxynil can be found in Figure 2.2-C. The hydrodebrominated products 3-
bromo-4-hydroxybenzonitrile (Br-HBN) and 4-hydroxybenzonitrile (HBN) were identified and are 
newly reported reduction products, fitting the hydrodehalogenation category of Pd-catalyzed 
reactions. 100% transformation of the parent compound was achieved after 30 minutes, with the 
brominated intermediate product Br-HBN being found only at 30 minutes at a low concentration 
of 0.24 mg TOC/L. Further hydrodebromination occurred with fast HBN production, peaking at 
30 minutes with 3.26 mg TOC/L, followed by a further reduction. These hydrodebromination 
products were no final reduction products, as shown by a declining concentration. Further 
degradation of this molecule is possible at the nitrile group, which has been reported to catalytically 
reduce into primary, secondary and tertiary amines [266]. However, none of these reaction products 
were found in the HRMS spectra. This could be due to either (1) the absence of the organic amines 
resulting from recalcitrance of the nitrile-group towards further reduction, indicating that further 
reduction of HBN must occur at another location in the molecule or (2) due to a potentially reduced 
detection capacity of the amines for the UHPLC-HRMS detection method. 
3.2.4. Diatrizoic acid 
Figure 2.2-D shows the reduction of diatrizoic acid. The hydrodeiodinated products 3,5-
diacetamido-2,4-diiodobenzoic acid or 3,5-diacetamido-2,6-diiodobenzoic acid (diat-I2H); 3,5-
diacetamido-2-iodobenzoic acid or 3,5-diacetamido-4-iodobenzoic acid (diat-IH2) and 3,5-
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diacetamidobenzoic acid (DABA) were detected. These products were previously reported using 
Pd/Al2O3 and bio-Pd catalysts [267, 268] and are also found here using a bimetallic bio-Pd/Au 
catalyst. Complete removal of the parent compound (i.e. diatrizoic acid) was achieved after 8 hours, 
and complete removal of the halogenated intermediates (diat-I2H and diat-IH2) was also achieved 
after 24 hours. The final end product was the completely dehalogenated DABA, and because of a 
closed mass balance it could be concluded that this was the only end product. 
3.2.5. Dinoseb 
Dinoseb (Figure 2.2-E) reduced very fast with complete removal after 0.5 hours. 
Hydrodeoxygenation was previously observed for nitrobenzene and 4-nitroanisole using Pd 
catalysts [269]. In this study this reaction was observed for dinoseb, where 4-amino-2-nitro-6-(sec-
butyl)phenol or 2-amino-4-nitro-6-(sec-butyl)phenol (dino-NO2NH2) was found as a reduction 
product. Dino-NO2NH2 peaked after 2 hours, but then subsequently decreased, indicating that this 
by-product reduced further into a second, unidentified reduction product. Reduction of the second 
nitro-group in dinoseb to 2,4-diamino-6-(sec-butyl)phenol (dino-NH2NH2) would be the most 
likely reaction, however this could not be confirmed since a mass corresponding to dino-NH2NH2 
could not be found in the m/z spectra. Similarly as to further reduction of HBN (one of the 
reduction products of bromoxynil), this could be due to either (1) the absence of dino-NH2NH2 
resulting from recalcitrance of the second nitro-group towards further reduction, or (2) due to a 
potentially reduced detection capacity of dino-NH2NH2 for the UHPLC-HRMS detection method. 
3.3. Effect of catalytic reduction and ozonation pretreatments on activated carbon 
adsorption 
The activated carbon adsorption isotherms of atrazine and its respective reduction and oxidation 
products are shown in Figure 2.3. The parent compound showed the best adsorption with the 
highest carbon loading (Qe). The reduction product, believed to be only atra-H, adsorbed slightly 
worse than the parent compound. The oxidation products however clearly show a lower carbon 
loading, indicating that oxidation resulted in a distinct decrease in adsorption efficiency. Since 38% 
of the oxidation product mix still consisted of the parent compound atrazine itself, it can be 
concluded that the oxidized products themselves show worse activated carbon adsorption behavior 
than is depicted in this adsorption isotherm. These results show that the sequence of ozonation 
and activated carbon adsorption reduces the overall removal efficiency of atrazine and its 
degradation products. 
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Figure 2.3: AC adsorption efficiency of atrazine ( ), its reduction ( ) and oxidation ( ) products. Dotted lines represent 
Freundlich isotherm fits. 
In the case of diatrizoic acid (Figure 2.4), the adsorption isotherm of the reduction product 
(identified as DABA) has a much higher carbon loading than the parent compound, diatrizoic acid. 
Thus, reduction of diatrizoic acid resulted in a major improvement of adsorption. For the oxidation 
products, 57% of the mixture consisted of the parent compound due to its low ozone reactivity. 
This explains why the adsorption curves of the oxidation products and the parent compound are 
relatively close to each other, though a minor increase in carbon loading could be noted for 
oxidation. This increase indicates that the remaining 43% of unidentified oxidation products 
showed an elevated adsorption compared to diatrizoic acid. 
 
Figure 2.4: AC adsorption efficiency of diatrizoic acid ( ), its reduction ( ) and oxidation ( ) products. Dotted lines represent 
Freundlich isotherm fits. 
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Adsorption of carbamazepine and its reduction and oxidation products are shown in Figure 2.5. 
The parent compound showed the highest adsorption efficiency, while the oxidation products and 
reduction product (DH-carb) showed lower adsorption, but were very similar to each other. 
 
Figure 2.5: AC adsorption efficiency of carbamazepine ( ), its reduction ( ) and oxidation ( ) products. Dotted lines represent 
Freundlich isotherm fits. 
For Bromoxynil (Figure 2.6), oxidation increased adsorption efficiency, while the reduction 
products and the parent compound showed similar adsorption behavior. 
 
Figure 2.6: AC adsorption efficiency of bromoxynil ( ), its reduction ( ) and oxidation ( ) products. Dotted lines represent 
Freundlich isotherm fits. 
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Reduction of dinoseb (Figure 2.7) also resulted in an improvement of adsorption, while oxidation 
decreased the activated carbon adsorption. 
 
Figure 2.7: AC adsorption efficiency of dinoseb ( ), its reduction ( ) and oxidation ( ) products. Dotted lines represent 
Freundlich isotherm fits. 
In Table 2.4, the adsorption efficiencies of the TrOCs and their reduction and oxidation products 
are summarized. In the case of relatively comparable carbon loadings, the adsorption efficiencies 
were interpreted to be similar, and these treatment techniques are reported together in the table. 
For atrazine, diatrizoic acid and dinoseb, reduction resulted in a better adsorption removal 
compared to oxidation, while for carbamazepine the reduction and oxidation products showed a 
comparable activated carbon adsorption removal. For bromoxynil, the reduction products 
adsorption efficiency was lower than that of the oxidation products. When comparing reduction 
to the parent compound, in two cases (diatrizoic acid and dinoseb) the reduction pretreatment 
resulted in an improved removal by activated carbon adsorption, in two cases there was no change 
(atrazine and bromoxynil), and in one case reduction resulted in a lower activated carbon removal 
(carbamazepine). The ozone pretreatment was beneficial towards adsorption for two compounds 
(bromoxynil and diatrizoic acid, even though less than reduction in the latter case), and unfavorable 
for the other three compounds (atrazine, carbamazepine and dinoseb). 
Table 2.4: Summary of adsorption efficiency after reduction or oxidation (with decreasing carbon loading from top to bottom). 
adsorption atrazine carbamazepine bromoxynil diatrizoic acid dinoseb 
best parent/reduction parent oxidation reduction reduction 
middle oxidation reduction/oxidation reduction/parent oxidation parent 
worst    parent oxidation 
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Table 2.5: Trace organic contaminants and detected products after oxidation and reduction, with their main physico-chemical properties. 
 compound charge at pH 7 log Kow log D at pH 7 
polarizability 
(debye C/N) 
dipole moment 
(debye) 
parent compound atrazine 0 2.20 ± 0.18 2.20 ± 0.18 21.19 5.34 
reduction product atra-H 0 (98%) / +1 (2%) 1.29 ± 0.18 1.28 ± 0.18 19.15 4.56 
oxidation product CDIT 0 1.61 ± 0.15 1.61 ± 0.15 21.33 6.92 
oxidation product CDAT 0 0.53 ± 0.18 0.53 ± 0.18 15.90 6.78 
oxidation product DIA-imine 0 1.12 ± 0.21 1.12 ± 0.21 12.63 9.45 
oxidation product CIAT 0 1.54 ± 0.22 1.54 ± 0.22 17.55 5.07 
parent compound carbamazepine 0 2.77 ± 0.48 2.77 ± 0.48 26.95 3.35 
reduction product DH-carb 0 2.96 ± 0.23 2.96 ± 0.23 26.88 3.81 
oxidation product BQM 0 2.40 ± 0.50 2.40 ± 0.50 26.66 10.14 
oxidation product BQD 0 1.98 ± 0.17 1.98 ± 0.17 26.96 7.75 
oxidation product BaQD -1 1.93 ± 0.17 -1.60 ± 0.31 27.34 7.37 
parent compound bromoxynil -1 (99%) / 0 (1%) 3.06 ± 0.12 1.51 ± 0.15 18.52 9.35 
oxidation product Br-DHBN -1 (70%) / 0 (30%) 1.99 ± 0.08 1.48 ± 0.07 16.10 9.09 
parent compound diatrizoic acid -1 2.89 ± 0.60 -0.64 ± 0.51 38.87 9.22 
reduction product DABA -1 0.11 ± 0.15 -3.42 ± 0.17 22.42 12.33 
parent compound dinoseb -1 3.24 ± 0.02 1.51 ± 0.39 21.83 8.66 
reduction product dino-NO2NH2 (4-amino-2-nitro-6-(sec-butyl)phenol) -1 (14%) / 0 (86%) 2.47 ± 0.07 2.45 ± 0.06 21.26 12.08 
reduction product dino-NO2NH2 (2-amino-4-nitro-6-(sec-butyl)phenol) -1 (5%) / 0 (95%) 2.47 ± 0.07 2.45 ± 0.07 21.26 12.86 
oxidation product dino-COH -1 2.02 ± 0.15 0.18 ± 0.79 22.07 5.97 
oxidation product dino-OH (2,4-dinitro-6-(sec-butyl)benzene-1,3-diol) -2 (98%) / -1 (2%) 2.94 ± 0.05 -0.12 ± 0.95 22.26 8.15 
oxidation product dino-OH (2-(4-hydroxybutan-2-yl)-4,6-dinitrophenol) -1 1.80 ± 0.10 0.07 ± 0.43 22.53 7.83 
oxidation product dino-OH (2-(1-hydroxybutan-2-yl)-4,6-dinitrophenol) -1 1.88 ± 0.10 0.13 ± 0.46 22.53 9.40 
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In Table 2.5, the physico-chemical properties of the parent compounds and the detected reduction 
and oxidation products are summarized. For dinoseb, all the possible isomers of dino-NO2NH2 
and dino-OH are given. It must be noted that this list of reported oxidation or reduction products 
is non-exhaustive, since for most compounds a closed mass balance could not be established, 
because of still unidentified by-products or the lack of analytical standards for reaction products. 
A closed mass balance scenario was only obtained for reduction of carbamazepine (reduction to 
DH-carb) and reduction of diatrizoic acid (reduction to DABA). Although it could be expected 
that atra-H is the sole reduction product of atrazine, this could not be confirmed since no analytical 
standard was available for atra-H.  
It proved to be difficult to relate adsorption efficiencies of the different parent, oxidized and 
reduced compounds to a common physico-chemical parameter such as hydrophobicity (expressed 
as log D), charge, polarizability or dipole moment. These molecular properties have previously 
been shown to influence adsorption [270–272], however neither are an omni comprehensive 
adsorption predictor. De Ridder et al. (2010) [273] reported that at log D values lower than 3.7, 
other factors than hydrophobicity were the dominant factors determining adsorption behavior, 
with for example polarizability mainly determining carbon loading for aliphatic compounds with 
polarizability values below 12 Debye C/N. In the present study, all reported compounds have log 
D values below 2.96 (thus relatively hydrophilic) and a polarizability greater than 12.63 Debye C/N. 
This minimizes the predictive capabilities of log D and polarizability on carbon loading, as 
hydrophobicity and polarizability in this case are not the main drivers for adsorption. 
In the present study, it was indeed found that hydrophobicity could not be correlated well to carbon 
loading, e.g. in the case of reduction of diatrizoic acid, the hydrophobicity decreased from -0.64 
for diatrizoic acid to -3.42 for DABA. According to previously reported correlations [270, 271], a 
decrease in log D should accompany a decrease in adsorbent loading, however in our case DABA 
adsorbed clearly better than diatrizoic acid. The same was observed for atrazine: reduction of 
atrazine to atra-H decreased the hydrophobicity from 2.20 to 1.28, but atrazine and atra-H showed 
similar adsorption behavior. These results confirm the findings of de Ridder et al. (2010) [273] and 
Delgado et al. (2015) [274] that log D is not always a good predictor for carbon loading, especially 
for solutes of low hydrophobicity (log D lower than 3.7). Neither polarizability, charge nor dipole 
moment showed a clear correlation with carbon loading here either. 
The reason why common physico-chemical solute properties in this case fail to explain adsorption 
behavior, may be because adsorption is essentially a phase interchange of a solute, migrating from 
the water phase to the solid adsorbent phase, and is thus determined by properties of not only the 
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solute, but also the carbon and water itself. Phenomena occurring at the solute-carbon interphase 
in water, are typically better described thermodynamically in terms of interaction energies between 
solute and water, adsorbent and water, and solute and adsorbent [275]. These interaction energies 
can be calculated from the surface tension components of the solutes, adsorbent and water, as 
described in de Ridder et al. (2013) [256]. However, in order to determine surface tension 
components of the solutes with the current determination method (using contact angle analysis), 
the availability of analytical standards is a prerequisite. In this study this approach was not possible 
because mixes of many unknown degradation compounds are formed, of which no pure standards 
are available. We could thus only rely on empirical evidence to determine adsorption affinity. 
Generally, parent compound transformation by either oxidation or reduction proved to be 
component-specific. Complete reductive removal was found for carbamazepine, bromoxynil and 
dinoseb within 30 minutes, atrazine within 4 hours and diatrizoic acid within 8 hours. In 
comparison, complete oxidative removal of the parent compounds was found for carbamazepine 
within 12.5 minutes, > 88% oxidative removal within 20 minutes for dinoseb and bromoxynil, and 
43% and 62% removal for the more ozone-persistent solutes diatrizoic acid and atrazine 
respectively after 20 minutes. These results show that catalytic reduction is a considerably slower 
mechanism than ozonation. This could hamper practical applicability of catalytic reduction. It is 
therefore recommended to find alternative reductive techniques, which can compete with 
(advanced) oxidation in terms of reaction rate.  
In terms of complementarity towards activated carbon, for the 5 compounds under investigation, 
it can be concluded that changes in adsorption behavior are very compound-specific. Of the 5 
compounds under investigation, the catalytic reductive pre-treatment only resulted in a large 
improvement of AC adsorption for diatrizoic acid. For the other compounds, the adsorption was 
either equal (atrazine and bromoxynil) or there was only a slight change in adsorptive behavior (a 
slight decrease for carbamazepine and a slight increase for dinoseb). Therefore, it is unlikely that 
catalytic reductive pretreatment will be useful on a large-scale basis such as municipal water 
treatment. The ozonation pretreatment resulted in a decreased adsorption for atrazine, 
carbamazepine and dinoseb, and an improved adsorption for the other 2 compounds (bromoxynil 
and diatrizoic acid). These results indicate that in combined ozonation – AC adsorption, but also 
in a possible combination of catalytic reduction – AC adsorption, good overall removal of TrOCs 
including by-products, will not always be achieved when the contribution of biological removal is 
low. It may thus be concluded that a thorough investigation must be conducted on a component 
specific basis when the objective is to achieve an overall removal of parent compound and 
Chapter 2: Effect of oxidation and catalytic reduction of TrOCs on their AC adsorption 
51 
transformation product(s). When targeting single compounds, this analysis should provide 
information about whether an oxidative or a reductive treatment should precede AC adsorption, 
however when removal of mixtures of TrOCs is targeted, a trade-off will undoubtedly have to be 
made towards reactivity and overall removal, since no single treatment proves to be superior to the 
other. 
These results provide empirical insights into how oxidative and reductive pre-treatments may alter 
activated carbon adsorption, however it has to be stated that more detailed studies are needed on 
an even wider set of TrOCs, taking into account the biological activity on the activated carbon, as 
well as the effect of background organic matter. 
4. Conclusions 
This study investigated the effect of an ozonation pre-treatment and a catalytic reduction pre-
treatment on the overall removal of trace organic contaminants and reaction products with 
activated carbon adsorption. The following conclusions can be drawn: 
 All compounds were susceptible to oxidation and reduction, however atrazine and 
diatrizoic acid showed a lower oxidation conversion of only 62% and 43% respectively. 
The catalytic reductive treatment on the other hand showed complete transformation of all 
compounds, although at a slower reaction rate. 
 New oxidation products could be identified for dinoseb. These oxidation products are 2-
(2-hydroxy-3,5-dinitrophenyl)butanal and one of the 2,4-dinitro-6-(sec-butyl)benzene-1,3-
diol; 2-(4-hydroxybutan-2-yl)-4,6-dinitrophenol; or 2-(1-hydroxybutan-2-yl)-4,6-
dinitrophenol isomers. For carbamazepine, 10,11-dihydrocarbamazepine could be 
identified as being the only reduction product, effectively closing the mass balance with its 
parent compound. New reduction products could also be identified for bromoxynil (3-
bromo-4-hydroxybenzonitrile and 4-hydroxybenzonitrile), although these were no final 
reduction products. For dinoseb, one reduction product could be identified being one of 
the 4-amino-2-nitro-6-(sec-butyl)phenol or 2-amino-4-nitro-6-(sec-butyl)phenol isomers. 
 Applying a catalytic reductive pre-treatment prior to activated carbon adsorption led to 
component-specific results in terms of adsorption behavior, whereby for 2 out of 5 TrOCs, 
the reduction by-products are more readily adsorbable, for another 2 TrOCs the reduction 
products adsorb equally, and for 1 TrOC reduction decreased the adsorption. However, in 
most cases, the changes in adsorption after catalytic reduction were only relatively small, 
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except for the case of diatrizoic acid, where a large increase in adsorption behavior was 
found. This indicates that, in order to achieve higher overall removal efficiencies, a 
combination of catalytic reduction followed by activated carbon adsorption may be useful 
in cases where an extensive removal of iodinated contrast media, such as diatrizoic acid, is 
targeted. 
 The adsorption of the TrOCs’ ozonation by-products was also component-specific. For 2 
out of 5 TrOCs, ozonation products adsorbed better, while for the remaining 3 TrOCs 
ozonation did not result in improved activated carbon adsorption. Therefore, when an 
efficient removal of TrOCs and by-products is being targeted, extra attention must be given 
towards the by-products which may be removed less effectively by the AC filter. 
 In general, a thorough investigation should be conducted towards the feasibility of 
oxidative or reductive applications prior to AC adsorption. When single compounds are 
targeted, this investigation should yield valuable information about whether an oxidative or 
reductive application is preferred. However in most practical applications, mixtures of 
TrOCs are present, meaning that a trade-off will have to be made towards reactivity and 
overall removal of TrOCs and transformation products, since no single treatment proves 
to be superior to the other.
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1. Introduction 
Trace organic contaminants (TrOCs) such as pesticides, pharmaceuticals and industrial by-
products, are a class of emerging pollutants which are of growing concern, because they are often 
only partially removed in conventional (drinking) water treatment systems [27]. Some TrOCs are 
therefore classified as (pseudo-)persistent, which is a result of their complex and diverse structure, 
low concentration (in the ng/L to µg/L range), and low biodegradability [27]. Due to their 
ecological effects [211] and potential health concerns, drinking water treatment plants (DWTPs) 
are increasingly focusing on the removal of these substances from drinking water [27]. 
Thoroughly investigated techniques for removal of TrOCs in drinking water involve the use of 
advanced oxidation processes (AOPs), such as H2O2/UV, O3/UV, O3/H2O2, H2O2/Fe
2+ or 
UV/S2O8
2- [72, 276–278]. The goal of AOPs is to produce highly reactive oxidative species, such 
as the hydroxyl radical (𝑂𝐻•) or the persulfate radical (𝑆𝑂4
•−). These oxidative species react fast 
(due to a 𝑂𝐻• standard reduction potential (SRP) of +2.72 V at acidic conditions and +1.8 V at 
alkaline conditions [86, 87]; and a 𝑆𝑂4
•− SRP of +2.52 V to +3.08 V [279–281]) and unselectively 
with (organic) solutes dissolved in the water, such as TrOCs [88, 89]. AOPs can thus be used to 
remove a broad range of TrOCs. Because the oxidizing radicals react unselectively, a lot of different 
reactions occur, however one important reaction pathway, i.e. dehalogenation, occurs less 
effectively in these oxidative processes [149–151, 282]. This is because the carbon-halogen (C–X) 
bonds in these molecules are less susceptible to oxidative reactions [150, 151, 156, 170, 283–285]. 
Full mineralization of halogen-containing solutes would require high doses of oxidants, and is in 
practice rarely achieved due to economic reasons [106, 162, 286]. Furthermore, oxidative processes 
can produce a variety of unknown oxidation products, which may have an increased toxicity 
compared to the original solutes [287, 288]. In addition, De Vera et al. (2015) [289] showed that 
during a subsequent chlorination step after (advanced) oxidation, the formation of halogen-
containing disinfection by-products can be promoted by reaction products of organics that have 
reacted with hydroxyl radicals – this can add to an increase in toxicity after oxidation as well. 
As such, an alternative to AOPs could be the use of advanced reduction processes (ARPs). ARPs 
are a new class of treatment processes in which the goal is to produce reducing radicals, rather than 
oxidizing radicals in AOPs [165]. Examples of reducing radicals include the hydrogen atom (𝐻•; 
having a standard reduction potential of -2.30 V) and the highly reductive hydrated electron (𝑒𝑎𝑞
− ; 
having a standard reduction potential of -2.87 V) [169]. Because of their very low SRP, these 
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reducing radicals can react rapidly with many oxidized species, including molecules containing C–
X bonds [87, 156, 162, 170]. 
Reducing radicals can be produced from radiolysis of water using E-beam or γ-radiation [148–151], 
ultrasound waves [152], or from UV photolysis of a variety of oxidizable ions, e.g. 𝐶𝑙−, 𝐼−, 𝐹𝑒2+, 
𝐹𝑒(𝐶𝑁)6
4−, 𝑆2𝑂4
2−, 𝐻𝑆−, 𝑆𝑂3
2−, etc. [153–163]. In the UV photolysis, the ions are thus the source 
for reducing radical production, and UV irradiation is the activation method. Upon UV irradiation, 
the ions reach a charge-transfer-to-solvent (CTTS) state, after which an electron detaches to the 
solution. One advanced reduction process, being attractive for its high quantum yield at UV253.7 nm, 
is the sulfite/UV process, where reducing radicals are formed according to Equations 1 and 2. At 
acidic and neutral conditions the hydrogen atom is the majorly formed reactive species, while at 
alkaline conditions the hydrated electron is the majorly formed reactive species [162, 165, 170]. 
𝑆𝑂3
2− + ℎ𝑣 → 𝑆𝑂3
•− + 𝑒𝑎𝑞
−  (pH ≥ 7.3)  (Eq. 1) 
𝐻𝑆𝑂3
− + ℎ𝑣 → 𝑆𝑂3
•− + 𝐻• (pH < 7.3)  (Eq. 2) 
The radicals can react with many species in solution. Examples are given in, but are not limited to, 
Equations 3 to 16 [87, 156, 161, 166, 171, 290]. 
𝑅𝑋 + 𝑒𝑎𝑞
− → 𝑅• + 𝑋−     (Eq. 3) 
𝑅• + 𝐻𝑆𝑂3
− → 𝑅𝐻 + 𝑆𝑂3
•−    (Eq. 4) 
𝑅• + 𝐻2𝑂 → 𝑅𝐻 + 𝑂𝐻
•    (Eq. 5) 
𝑂𝐻• + 𝑆𝑂3
2− → 𝑂𝐻− + 𝑆𝑂3
•−   (Eq. 6) 
𝑆𝑂3
•− + 𝑒𝑎𝑞
− → 𝑆𝑂3
2−     (Eq. 7) 
𝑆𝑂3
•− + 𝑆𝑂3
•− → 𝑆2𝑂6
2−    (Eq. 8) 
𝑆𝑂3
•− + 𝑆𝑂3
•− +𝐻2𝑂 → 𝑆𝑂4
2− + 𝑆𝑂3
2− + 2𝐻+ (Eq. 9) 
𝑒𝑎𝑞
− + 𝑆2𝑂6
2− → 𝑆𝑂3
2− + 𝑆𝑂3
•−   (Eq. 10) 
𝐻• + 𝑆2𝑂6
2− → 𝐻𝑆𝑂3
− + 𝑆𝑂3
•−   (Eq. 11) 
𝑒𝑎𝑞
− + 𝐻+ → 𝐻•     (Eq. 12) 
𝐻• +𝑂𝐻− → 𝑒𝑎𝑞
− + 𝐻2𝑂    (Eq. 13) 
𝑒𝑎𝑞
− + 𝑒𝑎𝑞
− + 2𝐻2𝑂 → 𝐻2 + 2𝑂𝐻
−   (Eq. 14) 
𝑒𝑎𝑞
− + 𝐻• + 𝐻2𝑂 → 𝐻2 + 𝑂𝐻
−   (Eq. 15) 
𝐻• +𝐻• → 𝐻2     (Eq. 16) 
In UV-induced ARPs, degradation of target solutes can in theory be induced by three processes: 
(1) reducing radicals, being a combination of hydrogen atoms and hydrated electrons (ARP), (2) 
UV irradiation (photolysis) and (3) chemical reduction because of the (slight) reducing capability 
of the oxidizable ion (e.g., sulfite). 
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Remediation of pollutants with UV-induced ARPs has only been reported for a limited number of 
organic solutes: PFOA [156], monochloroacetic acid [170], vinyl chloride [163], perchlorate [171], 
nitrate [159], 1,2-dichloroethane [168] and atenolol [162]. Some of these studies have described the 
full reductive capacity of the process to be due to the ARP action, but have overlooked removal 
effects caused by photolysis and chemical reduction. Other related research has been conducted in 
oxygen-rich water (which is a scavenger for reducing radicals creating reactive oxygen species), or 
has been conducted only on single (and sometimes irrelevant for drinking water production) 
organic solutes. This points at a clear gap in knowledge. Nevertheless, all these studies suggest that 
there is potential for pollutant remediation using ARPs. Since, up to this date, no study has been 
conducted on the applicability of ARPs on a large diversity of organic pollutants in absence of 
reducing radical scavengers (such as oxygen), whilst also determining the separate contributions of 
reducing radicals, photolysis and chemical reduction to the removal efficiency, this study fills this 
gap. This chapter therefore assesses the applicability of the UV/sulfite ARP process for the 
removal of a broad range of TrOCs. The study focuses on unravelling the contributions of the 
main TrOC breakdown mechanisms, as well as on the effect of pH and sulfite dose on TrOC 
removal. Furthermore, several reaction products are identified and their formation and further 
removal is discussed. Finally, a multiple linear regression (MLR) analysis is performed, to correlate 
functional groups and physico-chemical characteristics with observed removal. 
2. Materials and methods 
2.1. Chemicals and analysis 
All chemicals used were of analytical grade, purchased at Sigma-Aldrich (Belgium), with a purity of 
98% or above. A mixture of 27 TrOCs consisting of pesticides, pharmaceuticals and one industrial 
solvent (listed in Table C.1 in Appendix A, and chemical structures given in Appendix A), was 
selected based on their general occurrence in the environment, as well as their wide variety in 
structural and physico-chemical properties. A stock solution of all TrOCs in a mixture was prepared 
in milli-Q at a concentration of 2 mg/L per TrOC. 
TrOCs were analyzed by means of UHPLC-HR-Orbitrap-MS (the analysis method is described in 
Addendum C.1 in Appendix A). Furthermore, the full-scan m/z spectra from the TrOC analyses 
were also target screened for potential reduction products, i.e. dehalogenation products and one 
hydrogenation product (summarized in Table 3.3 in paragraph 3.3), which were based on one of 
our previous studies where catalytic reduction was investigated [291]. This was done by looking up 
the accurate precursor ion masses, and confirmation was achieved by a calculated mass deviation 
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less than 5 ppm between the measured precursor ion masses and their theoretical masses, as well 
as by a matching of the measured m/z isotope distribution compared to the theoretical m/z isotope 
distribution (i.e. the relative heights of 13C, 37Cl or 81Br m/z lines for the measured and theoretical 
m/z line distributions). Since no analytical standards were available of these reduction products, 
the graphs related to these products are constructed using peak areas, and are thus mainly 
qualitative. 
2.2. Photochemical reactor 
A Biostat-B fermentor (B-Braun Biotech, Belgium) was used both as photochemical reactor vessel 
and controller. A schematic drawing of the reactor and controller is given in Figure 3.1. Inside the 
vessel, a low pressure UV lamp (Philips TUV PL-S 11W/2p) is mounted. The UV source emits 
primarily at a wavelength of 253.7 nm, and has a photon irradiation of 3.52 * 10-6 einstein s-1 (as 
determined by KI/KIO3 actinometry [292]). Before the start of the experiments, the UV lamp was 
switched on for 20 minutes to allow for warming up and to ensure a constant photon flux. All feed 
waters used in the experiments were purged for 20 minutes with N2 gas prior to the experiments 
to remove dissolved oxygen. During the experiment, gentle bubbling of the solution with N2 gas 
was maintained to ensure oxygen-free conditions. The solution was continuously stirred with a 
double-Rushton turbine at 100 rpm, and the temperature (25°C) and pH (using HCl and NaOH) 
were kept constant throughout the experiment using the Biostat-B controllers. 
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Figure 3.1: Schematic drawing of the photochemical reactor and controller. 
 
2.3. Experimental procedure 
For each experiment, the stock mix of TrOCs at 2 mg/L was diluted with milli-Q to a volume of 
1.5 L at a TrOC concentration of 250 µg/L. The 250 µg/L TrOC solution was added inside the 
reactor vessel, the pH was adjusted to the aimed initial value, and this solution was used as feed 
solution. Because during ARP experiments some hydroxyl radicals can be formed through 
dehalogenation reactions (see Equations 3 and 5 – a total of 36.5 µM of halogens can be released 
from the TrOC feed solution), 10 mM ethanol was added to the TrOC solution to act as hydroxyl 
radical scavenger (𝑘𝑂𝐻•/𝑒𝑡ℎ𝑎𝑛𝑜𝑙 = 1.9 ∗ 10
9𝑀−1𝑠−1) [87]. At the start of the experiments, sulfite 
was dosed in powdered form (𝑁𝑎2𝑆𝑂3), after which the UV lamp was switched on. 
In order to examine the effect of pH on TrOC breakdown mechanisms, pH was varied over the 
values 6, 8 and 10 while the sulfite concentration was kept constant at 5 mM. 
To examine the effect of sulfite dose, sulfite concentrations of 0.1 mM, 1 mM and 5 mM were 
investigated while the pH was kept constant at 8. 
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Per experimental setting (sulfite dose or pH), three separate runs were carried out: (1) only UV 
irradiation (no sulfite dose) to determine the contribution of photolytic breakdown, (2) only the 
dedicated sulfite dosage (no UV radiation) to determine the contribution of chemical reduction, 
and (3) both sulfite and UV irradiation in which the ARP is induced. 10 mL samples were taken 
from the reactor vessel through a sampling port at times 0, 4, 10, 20, 35, 60 and 120 minutes, stored 
at -20°C, and analyzed for TrOCs using the aforementioned analysis method. 
2.4. Multiple linear regression 
Forwards MLR was performed using SPSS 23 (IBM, USA) on each of the photolysis experiments 
and also on the 5 mM sulfite experiments at different pH. In the MLR, the TrOCs’ pseudo first 
order reaction rate constants (k’), were correlated to functional groups and physico-chemical 
parameters of the TrOCs. The average charge at the experimental pH of the different TrOC 
microspecies was determined using Marvin 14.0 (ChemAxon, Hungary). EHOMO and ELUMO 
(energies of the highest occupied (HOMO) and lowest unoccupied (LUMO) molecular orbitals) 
were determined after geometrical optimization in HyperChem 8 (USA). EHOMO has been related 
to reactions with electrophiles, while ELUMO is related to reactions with nucleophiles. The band gap 
is a measure for chemical stability (i.e. a higher band gap implies a lower reactivity), and was 
calculated as ELUMO – EHOMO [293]. 
Cross validation of the obtained MLR was performed by the leave-one-out method, where one 
TrOC is removed from the set, the model is constructed and used to predict the TrOC k’ value. 
This was done for each TrOC of the set. The explained variance of prediction was calculated as 
𝑄𝐿𝑂𝑂
2  (Equation 17), 
𝑄𝐿𝑂𝑂
2 = 1 −
∑ (𝑦𝑖−?̂?𝑖)
2
𝑖
∑ (𝑦𝑖−?̅?𝑖)
2
𝑖
    (Eq. 17) 
with 𝑦𝑖, ?̂?𝑖 and ?̅?𝑖 the measured, predicted and average k’ values respectively. 
3. Results and discussion 
For each experiment (chemical reduction, photolysis and ARP), pseudo first order reaction rate 
constants (k’) of TrOCs were determined and are given in Table 3.1 and Table 3.2. Table 3.1 shows 
the effect of varying solution pH (6, 8 and 10), and Table 3.2 the effect of varying 𝑆𝑂3
2− 
concentration (0.1 mM, 1 mM and 5 mM). 
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3.1. Photolytic degradation of TrOCs 
The k’ values of photolytic TrOC removal, presented in Table 3.1 and Table 3.2, are in relatively 
good agreement with previously reported quantum yields and molar extinction coefficients (given 
in Table C.1 in Appendix A). The photolytic removal rate is directly proportional to the product 
of the quantum yield and the molar extinction coefficient (QY*ε) [294]. This is reflected by 
diclofenac, diatrizoic acid and ketoprofen having high k’ constants and high QY*ε values; and 
metoprolol, caffeine, carbamazepine, paracetamol and ibuprofen having small k’ constants and 
small QY*ε values. 
3.2. Classification of TrOCs according to the major breakdown mechanism 
We found that none of the investigated solutes exhibited chemical reduction by sulfite, in any of 
the experimental conditions. Reaction rate constants are thus equal to 0 s-1 for all TrOCs in the 
chemical reduction (CR) runs. Absence of chemical reduction with sulfite was also observed for 
monochloroacetic acid by Li et al. (2012) [170], vinyl chloride by Liu et al. (2013) [295] and atenolol 
by Liu et al. (2015) [162]. However Yoon et al. (2014) [168] reported a 15 to 37% removal of 1,2-
dichloroethane with sulfite depending on the solution pH. 
Since our set of solutes does not show chemical reaction with sulfite, the decreasing TrOC 
concentrations in the photolysis and ARP runs must be due to either photolysis of the TrOCs or 
due to reaction with reducing radicals, or a combination of both. 
During the ARP experiments, a combination of photolysis and reduction due to reducing radicals 
is possible; and by examining the pseudo first order reaction rate constants of the TrOCs, the 
dominant breakdown mechanism (photolysis or advanced reduction) for the individual TrOCs can 
be estimated. It has to be stated, however, that ARP results do not necessarily represent the additive 
effect of removal due to photolysis and removal due to reducing radicals, since the addition of 
sulfite can decrease the photolytic removal rate (as will be demonstrated later). In Table 3.1 and 
Table 3.2, the TrOCs are classified in different groups (A to D), according to the dominant 
breakdown mechanism. 
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Table 3.1: Pseudo first order reaction rate constants of TrOCs – effect of varying pH. 
 
TrOC 
k' [10-3 s-1] 
 pH 6 pH 8 pH 10 
 photolysis 
ARP 
(5 mM) 
photolysis 
ARP 
(5 mM) 
photolysis 
ARP 
(5 mM) 
A diglyme 0 0 0 0 0 0 
B lincomycin 0.13 ± 0.04 0.04 ± 0.02 0.64 ± 0.37 0.19 ± 0.05 0.72 ± 0.30 0.33 ± 0.09 
 lidocaine 0.21 ± 0.07 0.10 ± 0.08 0.84 ± 0.49 0.32 ± 0.06 0.85 ± 0.36 0.49 ± 0.10 
 metoprolol 0.19 ± 0.06 0.62 ± 0.04 0.77 ± 0.16 0.21 ± 0.03 1.39 ± 0.24 0.31 ± 0.04 
 diclofenac 12.40 ± n.d. 11.65 ± n.d. 15.69 ± n.d. 10.82 ± n.d. 14.54 ± n.d. 11.25 ± n.d. 
 pirimicarb 4.82 ± 0.28 0.69 ± 0.02 4.88 ± 0.99 1.16 ± 0.14 5.02 ± 2.02 0.91 ± 0.07 
 sulfamethoxazole 9.67 ± n.d. 8.23 ± n.d. 9.66 ± n.d. 7.42 ± n.d. 8.00 ± n.d. 7.47 ± n.d. 
 clofibric acid 2.28 ± 0.43 1.62 ± 0.06 2.54 ± 0.50 1.83 ± 0.15 2.34 ± 0.16 1.63 ± 0.10 
C 1 caffeine 0.07 ± 0.02 0.19 ± 0.02 0.08 ± 0.04 1.93 ± 0.31 0.38 ± 0.02 1.72 ± 0.28 
 theophylline 0.07 ± 0.04 0.16 ± 0.07 0 0.98 ± 0.14 0 1.36 ± 0.38 
 carbamazepine 0.65 ± 0.03 1.26 ± 0.26 2.38 ± 0.56 7.56 ± n.d. 8.24 ± n.d. 8.99 ± n.d. 
 triclopyr 1.22 ± 0.10 2.38 ± 0.27 2.35 ± 0.13 6.29 ± n.d. 4.44 ± 0.92 8.17 ± n.d. 
 simazine 1.74 ± 0.03 2.38 ± 0.20 2.58 ± 0.06 5.77 ± 2.04 6.57 ± n.d. 7.36 ± n.d. 
 atrazine 1.70 ± 0.02 1.96 ± 0.10 2.17 ± 0.19 5.94 ± 1.29 3.65 ± 0.71 5.68 ± 0.18 
 hydrochlorothiazide 3.58 ± 0.18 4.78 ± n.d. 4.07 ± 0.39 11.34 ± n.d. 3.38 ± 0.38 5.67 ± 1.68 
 dinoseb 12.49 ± n.d. 14.92 ± n.d. 12.28 ± n.d. 21.00 ± n.d. 10.41 ± n.d. 15.43 ± n.d. 
 dimethoate 0.59 ± 0.08 0.70 ± 0.06 0.85 ± 0.12 3.94 ± 1.37 2.08 ± 0.39 4.07 ± 0.55 
C 2 propranolol 0.31 ± 0.04 0.36 ± 0.04 0.47 ± 0.12 1.21 ± 0.49 0.57 ± 0.16 1.17 ± 0.34 
 diatrizoic acid 7.08 ± n.d. 7.11 ± n.d. 12.35 ± n.d. 14.39 ± n.d. 17.57 ± n.d. 18.29 ± n.d. 
 bromoxynil 5.54 ± 0.84 5.79 ± 1.37 5.92 ± 1.39 8.83 ± n.d. 5.25 ± 0.29 7.98 ± n.d. 
 paracetamol 0.22 ± 0.05 0.19 ± 0.01 0.14 ± 0.05 0.44 ± 0.08 0.06 ± 0.02 0.54 ± 0.04 
 diuron 3.09 ± 0.32 2.87 ± 0.11 3.25 ± 0.50 5.04 ± 0.76 3.42 ± 0.45 5.05 ± 0.56 
 phenazone 4.00 ± 0.86 4.11 ± 2.82 4.80 ± 1.66 5.56 ± n.d. 4.17 ± 0.76 5.33 ± 0.86 
C 3 ibuprofen 0.12 ± 0.01 0.25 ± 0.02 0.10 ± 0.03 0.12 ± 0.02 0.10 ± 0.02 0.08 ± 0.02 
 gemfibrozil 0.10 ± 0.02 0.57 ± 0.02 0.12 ± 0.03 0.14 ± 0.02 0.22 ± 0.06 0.08 ± 0.03 
D chloridazon 8.23 ± n.d. 10.87 ± n.d. n.d. 20.17 ± n.d. n.d. n.d. 
 ketoprofen n.d. 11.85 ± n.d. n.d. n.d. 11.59 ± n.d. n.d. 
 
with: ARP: advanced reduction. n.d.: not determined due to too fast removal (i.e. limited number of 
datapoints). reaction rate constants are reported as: k’ ± 95% confidence interval. no removal was 
observed for any TrOCs in the chemical reduction experiments. 
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Table 3.2: Pseudo first order reaction rate constants of TrOCs – effect of varying SO3
2− concentration. 
 
TrOC 
k' [10-3 s-1] 
 pH 8 
 photolysis 
ARP 
(0.1 mM) 
ARP 
(1 mM) 
ARP 
(5 mM) 
A diglyme 0 0 0 0 
B lincomycin 0.64 ± 0.37 0.23 ± 0.05 0.22 ± 0.03 0.19 ± 0.05 
 lidocaine 0.84 ± 0.49 0.20 ± 0.07 0.10 ± 0.03 0.32 ± 0.06 
 metoprolol 0.77 ± 0.16 0.27 ± 0.06 0.19 ± 0.04 0.21 ± 0.03 
 diclofenac 15.69 ± n.d. 15.93 ± n.d. 15.71 ± n.d. 10.82 ± n.d. 
 pirimicarb 4.88 ± 0.99 4.80 ± 0.94 2.82 ± 0.11 1.16 ± 0.14 
 sulfamethoxazole 9.66 ± n.d. 9.25 ± n.d. 9.18 ± n.d. 7.42 ± n.d. 
 clofibric acid 2.54 ± 0.50 1.97 ± 0.40 1.99 ± 0.23 1.83 ± 0.15 
C 1 caffeine 0.08 ± 0.04 0.17 ± 0.03 0.86 ± 0.08 1.93 ± 0.31 
 theophylline 0 0.04 ± 0.01 0.12 ± 0.05 0.98 ± 0.14 
 carbamazepine 2.38 ± 0.56 1.38 ± 0.17 3.75 ± 0.43 7.56 ± n.d. 
 triclopyr 2.35 ± 0.13 2.07 ± 0.52 4.49 ± n.d. 6.29 ± n.d. 
 simazine 2.58 ± 0.06 2.38 ± 0.21 4.85 ± 0.50 5.77 ± 2.04 
 atrazine 2.17 ± 0.19 2.04 ± 0.12 3.94 ±0.24 5.94 ± 1.29 
 hydrochlorothiazide 4.07 ± 0.39 4.56 ± 0.52 8.70 ± n.d. 11.34 ± n.d. 
 dinoseb 12.28 ± n.d. 21.19 ± n.d. n.d. 21.00 ± n.d. 
 dimethoate 0.85 ± 0.12 0.73 ± 0.08 2.35 ± 0.63 3.94 ± 1.37 
C 2 propranolol 0.47 ± 0.12 0.37 ± 0.02 0.82 ± 0.31 1.21 ± 0.49 
 diatrizoic acid 12.35 ± n.d. 13.34 ± n.d. 15.68 ± n.d. 14.39 ± n.d. 
 bromoxynil 5.92 ± 1.39 6.10 ± 1.06 7.94 ± n.d. 8.83 ± n.d. 
 paracetamol 0.14 ± 0.05 0.43 ± 0.09 0.42 ± 0.02 0.44 ± 0.08 
 diuron 3.25 ± 0.50 3.72 ± 0.42 4.73 ± 0.13 5.04 ± 0.76 
 phenazone 4.80 ± 1.66 5.13 ± 1.08 5.31 ± 1.94 5.56 ± n.d. 
C 3 ibuprofen 0.10 ± 0.03 0.10 ± 0.01 0.10 ± 0.01 0.12 ± 0.02 
 gemfibrozil 0.12 ± 0.03 0.09 ± 0.02 0.12 ± 0.02 0.14 ± 0.02 
D chloridazon n.d. n.d. n.d. 20.17 ± n.d. 
 ketoprofen n.d. n.d. n.d. n.d. 
 
with: ARP: advanced reduction. n.d.: not determined due to too fast removal (i.e. limited number of 
datapoints). reaction rate constants are reported as: k’ ± 95% confidence interval. no removal was 
observed for any TrOCs in the chemical reduction experiments. 
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3.2.1. Solutes unresponsive to photolysis, chemical degradation and advanced 
reduction 
Only 1 TrOC out of 27, diglyme (group A), is not susceptible to any of the breakdown mechanisms, 
as evidenced by reaction rate constants equal to 0 s-1 for all experimental conditions. Diglyme is a 
molecule lacking reducible functional groups such as aliphatic double bonds, double bonded 
oxygen atoms, or halogens. Therefore, no reductive breakdown is possible during the ARP 
experiments. Additionally, photolysis of diglyme did not result in a decreasing concentration either. 
This confirms the previously reported recalcitrance of diglyme towards photolysis at the 
investigated wavelength [296], and for the first time its recalcitrance to reductive degradation. 
3.2.2. Solutes for which photolysis is main degradation mechanism 
Seven solutes (group B), namely lincomycin, lidocaine, metoprolol, diclofenac, pirimicarb, 
sulfamethoxazole and clofibric acid, show overall higher reaction rate constants during photolysis 
experiments than during ARP experiments (Table 3.1). Additionally, when increasing the sulfite 
dose during the ARP experiments from 0 mM (photolysis) to 0.1 mM, 1 mM and 5 mM (Table 
3.2), the reaction rate constants gradually decreases for these solutes. Indeed, when photolysis is 
the major breakdown mechanism, then additional sulfite acts as a photon competitor, reducing the 
available amount of photons for photolytic TrOC breakdown by light attenuation [162, 297]. The 
results thus indicate that these solutes are preferably broken down due to photolysis (i.e. UV253.7 nm 
irradiation in these experiments). 
For 1 compound, metoprolol, a discrepancy in this general trend is observed at pH 6 (Table 3.1), 
with a higher reaction rate constant of 0.62*10-3 s-1 during the ARP experiment compared to 
0.19*10-3 s-1 during the photolysis experiment, indicating that at acidic conditions metoprolol is 
more susceptible to reducing radicals. This could be due to the generation of different reducing 
radicals at different pH: at pH 6, the predominantly generated reducing radical is the hydrogen 
atom (Eq. 2), whereas at pH 8 and 10 hydrated electrons are the primarily produced reducing 
radicals (Eq. 1) [162, 165, 170]. In our experiments, metoprolol thus proves to react primarily due 
to photolysis at the alkaline conditions (pH 8 and 10), but is reduced by the hydrogen atom at acidic 
conditions (pH 6). 
An increase in photolysis with increasing pH is observed for the majority of the solutes (lincomycin, 
lidocaine, metoprolol, pirimicarb, caffeine, carbamazepine, triclopyr, simazine, atrazine, 
dimethoate, propranolol, diatrizoic acid, diuron, gemfibrozil and chloridazon). For four TrOCs a 
decrease in photolysis rate is found (sulfamethoxazole, dinoseb, paracetamol and ketoprofen), and 
for diclofenac, clofibric acid, hydrochlorothiazide, bromoxynil and phenazone the photolysis rate 
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shows a maximum at pH 8 (see Table 3.1). Previous studies performed on diatrizoic acid [99], 
oxytetracycline and ciprofloxacine [298], diazinon [299], catechol and resorcinol [300] and some 
chlorophenols [301] found an increase in reaction rate with increasing pH, while a decreasing 
photolysis rate with increasing pH was found for sulfadimethoxine [302], sulfamethoxazole [298] 
and pentachlorophenol [301]. Since the investigated solutes exhibit protonation/deprotonation 
reactions in the investigated pH range, a changing microspecies distribution of the target molecules 
was reported as the driver for differences in UV photolysis, as every microspecies exhibits its own 
light-absorbing properties. However, other studies have contradicted this for the solutes estrone 
and 17β-estradiol [303], primidone and ketoprofen [99], triclocarban [304] and for carbamazepine, 
ketorolac, diclofenac and triclosan [305]. Mixed results have thus been reported in literature 
regarding the influence of pH on photolysis rates and the link with protonated/deprotonated 
microspecies distribution. Also in this current study, conducted on a total of 27 solutes, we were 
not able to unequivocally relate the influence of pH on the photolysis rate to the microspecies 
being present at the different pH values. Many of the solutes from our study do not have pKa close 
to the investigated pH range (thus consist of a single microspecies from pH 6 to 10), yet a change 
in photolysis rate is observed with varying pH (this is the case for diclofenac, pirimicarb, clofibric 
acid, caffeine, carbamazepine, triclopyr, simazine, atrazine, dinoseb, dimethoate, diatrizoic acid, 
bromoxynil, diuron, phenazone, ibuprofen, gemfibrozil, chloridazon and ketoprofen). In a 
previously conducted study on carbamazepine, ketorolac, diclofenac and triclosan, different 
removal rates were also found while the microspecies distribution did not change [305]. This means 
that other factors than (de)protonation reactions must play a role in photolysis rate. 
3.2.3. Solutes for which advanced reduction by reducing radicals is the main reaction 
mechanism 
17 out of 27 solutes (group C) show the highest removal during ARP conditions: caffeine, 
theophylline, carbamazepine, triclopyr, simazine, atrazine, hydrochlorothiazide, dinoseb, 
dimethoate, propranolol, diatrizoic acid, bromoxynil, paracetamol, diuron, phenazone, ibuprofen 
and gemfibrozil. For all solutes of group C, higher reaction rate constants are found for ARP at 
every pH compared to photolysis (Table 3.1), except for diuron at pH 6 where the photolysis rate 
constant is slightly higher with 3.09*10-3 s-1 than the ARP rate constant (2.87*10-3 s-1), and 
paracetamol at pH 6 where the photolysis rate constant (0.22*10-3 s-1) is similar to the ARP rate 
constant (0.19*10-3 s-1). This shows that advanced reduction does have the potential to react with 
a large number of physico-chemical structures. Table 3.2 shows that in general the reaction rate 
constant increases with higher sulfite dose. This is due to a higher production of reducing radical 
species when the concentration of the electron-donating agent (in this case sulfite) is increased. In 
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most cases, however, the 0.1 mM sulfite dose did not result in a substantial change in reaction rate 
constant compared to photolysis, indicating that at this sulfite dose the amount of produced 
reducing radicals is not sufficient to result in increased TrOC removal rates. 
At pH 6 (Table 3.1), higher ARP removal rate constants are observed compared to photolysis for 
the solutes of group C 1, indicating that these solutes are more easily reduced by hydrogen atoms, 
which are produced from bisulfite (𝐻𝑆𝑂3
−, Equation 2). On the other hand, the solutes of group 
C 2 have similar ARP and photolysis rate constants at pH 6, indicating that these solutes are less 
susceptible to reduction by hydrogen atoms. All the solutes of groups C 1 and C 2 however have 
higher reaction rate constants at pH 8 and 10 in the ARP experiments, showing high reactivity of 
these TrOCs with hydrated electrons, which are the dominant radicals being produced at a pH 
higher than 7.3 (Equation 1). 
Two solutes (group C 3), ibuprofen and gemfibrozil, have a higher ARP rate constant compared 
to photolysis only at pH 6, indicating that these solutes are preferentially broken down with 
hydrogen atoms rather than with hydrated electrons. Gemfibrozil even has a lower reaction rate 
constant at pH 10 for the ARP experiment compared to photolysis, while at pH 8 these rate 
constants are similar. This could be explained by a small fraction (16.7 %) of the sulfur species still 
being present as bisulfite at pH 8 (see Figure C.1 in Appendix A), meaning a small portion of 
hydrogen atoms will still be produced, whereas at pH 10 there is no bisulfite present. Ibuprofen 
and gemfibrozil are solutes characterized by a carboxylic acid functional group, lacking other 
reducible locations. As a result, there may be electrostatic repulsion between the negatively charged 
carboxylic acid group and 𝑒𝑎𝑞
− , which is not an issue with 𝐻•, being a neutral radical. Nevertheless, 
other mechanisms should also be involved since clofibric acid, diatrizoic acid and diclofenac also 
contain carboxylic acid functional groups, and at pH 6 no higher removal during ARP was observed 
for these compounds compared to photolysis. 
3.2.4. Solutes for which the dominant removal mechanism cannot be discerned 
For the remaining 2 TrOCs (group D), chloridazon and ketoprofen, it is not possible to estimate 
whether the dominant removal mechanism is photolysis or reducing radicals. For most of the 
investigated conditions, degradation occurred so fast that the rate constants could not be 
determined. For chloridazon, no photolysis results were found in literature, however, ketoprofen 
is widely known for being exceptionally reactive towards photolytic reaction [306–308]. 
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3.3. Screening for reduction products 
The full-scan HRMS spectra were screened for the occurrence of reduction products, which were 
based on previously identified catalytic reduction products [291] (see Table 3.3). In most cases, the 
reduction products are dechlorination products: atrazine (atra-H), diuron (monuron and fenuron), 
simazine (sima-H), triclopyr (tric-Cl2H, tric-ClH2 and PYAA), clofibric acid (MPPA), diclofenac 
(APAA) and hydrochlorothiazide (hydr-H). Debromination products were identified for 
bromoxynil (Br-HBN and HBN), and deiodination products were identified for diatrizoic acid 
(diat-IH2 and DABA). DH-carb was found as the hydrogenation product of carbamazepine. 
Results are depicted in Figure 3.2 through Figure 3.16. Details about the reduction products’ 
detection can be found in Addendum C.2. Since no analytical standards were available, the trends 
of these products are represented based on peak area. None of these reduction products were 
found during chemical reduction runs. 
 
Table 3.3: List of reduction products. Molecular weight and pKa were calculated using Marvin 14.0 (ChemAxon, Hungary). 
TrOC reduction product 
abbreviated 
name 
formula 
MW 
(g/mol) 
pKa 
atrazine 
N2-ethyl-N4-isopropyl-1,3,5-
triazine-2,4-diamine 
atra-H C8H15N5 181.2 5.32 
bromoxynil 
3-bromo-4-hydroxybenzonitrile Br-HBN C7H4BrNO 198.0 6.46 
4-hydroxybenzonitrile HBN C7H5NO 119.1 7.81 
diuron 
monuron monuron C9H11ClN2O 198.6 13.44 
fenuron fenuron C9H12N2O 164.2 13.47 
simazine 
N2,N4-diethyl-1,3,5-triazine-
2,4-diamine 
sima-H C7H13N5 167.2 5.35 
triclopyr 
dichloro-(2-pyridinyloxy)acetic 
acid 
tric-Cl2H C7H5Cl2NO3 222.0 2.45 or 2.461 
chloro-(2-pyridinyloxy)acetic acid tric-ClH2 C7H6ClNO3 187.6 
2.68 or 2.70 or 
2.731 
(2-pyridinyloxy)acetic acid PYAA C7H7NO3 153.1 2.21; 3.68 
carbamazepine 10,11-dihydrocarbamazepine DH-carb C15H14N2O 238.3  
clofibric acid 
2-methyl-2-phenoxypropanoic 
acid 
MPPA C10H12O3 180.2 3.84 
diatrizoic acid 
iodo-3,5-diacetamidobenzoic acid diat-IH2 C11H11IN2O4 362.1 
2.74 or 2.98;  
12.67 or 12.941 
3,5-diacetamidobenzoic acid DABA C11H12N2O4 236.2 2.76; 13.77 
diclofenac 2-anilinophenylacetic acid APAA C14H13NO2 227.3 4.61 
hydrochlorothiazide hydrothiazide hydr-H C7H9N3O4S2 263.3 
9.75; 10.58; 
11.77 
 
1 dependent on the location of the halogen(s) removed 
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3.3.1. Parent compounds for which the dominant mechanism is photolysis 
APAA, reduction product of diclofenac 
APAA, a reduction product of diclofenac, shows a fast initial production for all conditions except 
of photolysis at pH 6 and 8, followed by a subsequent transformation into other unknown products 
(Figure 3.2). The APAA formation during photolysis at pH 6 and 8 is respectively a factor 32 and 
66 lower than their corresponding ARP peaks, while for the other conditions APAA maxes out at 
comparable peak areas (Figure 3.2-A). This indicates that the generation of APAA as a photolysis 
product is dependent on pH, which goes hand-in-hand with an increasing photolysis removal rate 
constant of diclofenac, the parent compound, at increasing pH (Table 3.1). During ARP 
experiments, the further reduction of APAA occurred at the slowest pace at pH 6, and increased 
with rising pH (see Figure 3.2-A). This indicates that APAA is likely to reduce faster by hydrated 
electrons (produced at a higher pH) compared to hydrogen atoms (produced at lower pH). When 
increasing the sulfite concentration (Figure 3.2-B), a larger production of APAA as well as a faster 
further transformation is noticed, again indicating that APAA preferably reacts with hydrated 
electrons. Even though the initial removal of the parent compound diclofenac occurs the fastest 
during photolysis, it is clear from the APAA trends that during ARP experiments, reduction by 
dehalogenation is the main reaction pathway, more than during photolysis. This indicates that with 
the addition of sulfite the photolysis pathway is likely suppressed, but is replaced by the formation 
of reducing radicals, resulting in a more pronounced APAA formation. 
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Figure 3.2: APAA, reduction product of diclofenac, with (A) effect of pH: 6 (full line), 8 (dashed line) and 10 (dotted line) (at 
constant sulfite concentration of 5 mM) and (B) effect of sulfite concentration: 0.1 mM (full line), 1 mM (dashed line) and 5 mM 
(dotted line) (at constant pH of 8). Blue lines: reduction product trends during photolysis experiments; red lines: reduction 
product trends during ARP experiments.  
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MPPA, reduction product of clofibric acid 
For MPPA, the dehalogenation product of clofibric acid, photolysis is not affected by pH (Figure 
3.3-A). Upon addition of sulfite, a much higher production of the dehalogenation product is 
observed at all investigated pH-values with peak areas which are a factor 5 to 7 higher (at 120 
minutes) during ARP compared to photolysis. Additionally, as can be seen from Figure 3.3-B, 
increasing sulfite doses also results in a higher formation of the dehalogenation product. Similar as 
to diclofenac, these results indicate that dehalogenation is mostly occurring during ARP conditions 
(but in contrast to diclofenac, clofibric acid reacts with both 𝐻• and 𝑒𝑎𝑞
− ), even though the fastest 
removal of the parent compound (clofibric acid) was observed during photolysis. It is thus clear 
that the by-products of clofibric acid from photolysis are different than the ARP by-products, and 
even though addition of sulfite during ARP experiments results in a slower removal of clofibric 
acid, the formation of the dehalogenation product is promoted under ARP conditions. 
 
 
Figure 3.3: MPPA, reduction product of clofibric acid, with (A) effect of pH: 6 (full line), 8 (dashed line) and 10 (dotted line) (at 
constant sulfite concentration of 5 mM) and (B) effect of sulfite concentration: 0.1 mM (full line), 1 mM (dashed line) and 5 mM 
(dotted line) (at constant pH of 8). Blue lines: reduction product trends during photolysis experiments; red lines: reduction 
product trends during ARP experiments. 
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3.3.2. Parent compounds for which the dominant reaction mechanism is ARP 
DH-carb, reduction product of carbamazepine 
For carbamazepine, a large production of the hydrogenation product, DH-carb (Figure 3.4), is 
observed at pH 6 under ARP conditions, with the maximum peak area being a factor 4.5 higher 
than at other ARP conditions (Figure 3.4-A). This indicates that DH-carb production is favored 
by hydrogen atoms, whereas hydrated electrons result in less DH-carb production, possibly due to 
the fact that hydrogen atoms are also hydrogen donors next to electron donors. Still, the parent 
compound carbamazepine showed the highest removal rate at alkaline ARP conditions, which is 
not accompanied by a large DH-carb production, indicating that other reduction products are being 
formed during 𝑒𝑎𝑞
−  based advanced reduction. It may thus be concluded that carbamazepine reacts 
the fastest with hydrated electrons, while reaction with hydrogen atoms occurs slower but results 
in more DH-carb formation. Ultimately, DH-carb is further transformed into other by-products 
in all investigated experimental conditions. 
 
 
Figure 3.4: DH-carb, reduction product of carbamazepine, with (A) effect of pH: 6 (full line), 8 (dashed line) and 10 (dotted line) 
(at constant sulfite concentration of 5 mM) and (B) effect of sulfite concentration: 0.1 mM (full line), 1 mM (dashed line) and 5 
mM (dotted line) (at constant pH of 8). Blue lines: reduction product trends during photolysis experiments; red lines: reduction 
product trends during ARP experiments. 
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Tric-Cl2H, tric-ClH2 and PYAA, reduction products of triclopyr 
Similar trends of the mono-dechlorinated, bi-dechlorinated and tri-dechlorinated products (tric-
Cl2H, tric-ClH2 and PYAA, respectively) from triclopyr are observed in Figure 3.5, Figure 3.6 and 
Figure 3.7, respectively. During both ARP and photolysis, a faster and higher product formation 
as well as an increase in subsequent further decomposition occurs at high pH. This indicates that 
dechlorination is improved at alkaline pH under both photolysis and ARP conditions (see Figure 
3.5-A to Figure 3.7-A). In addition, the ARP curves always peak earlier and decrease faster 
compared to their respective photolysis curves at similar pH. These findings indicate that even 
though dechlorination of triclopyr is possible with photolysis, it is more efficient under 𝑒𝑎𝑞
−  based 
ARP conditions. This is also corroborated by higher decomposition rates at increasing sulfite 
concentrations (Figure 3.5-B to Figure 3.7-B). Even though complete dechlorination can occur, 
PYAA is not the final product, represented by the decreasing PYAA trends in Figure 3.7. 
 
 
Figure 3.5: Tric-Cl2H, reduction product of triclopyr, with (A) effect of pH: 6 (full line), 8 (dashed line) and 10 (dotted line) (at 
constant sulfite concentration of 5 mM) and (B) effect of sulfite concentration: 0.1 mM (full line), 1 mM (dashed line) and 5 mM 
(dotted line) (at constant pH of 8). Blue lines: reduction product trends during photolysis experiments; red lines: reduction 
product trends during ARP experiments. 
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Figure 3.6: Tric-ClH2, reduction product of triclopyr, with (A) effect of pH: 6 (full line), 8 (dashed line) and 10 (dotted line) (at 
constant sulfite concentration of 5 mM) and (B) effect of sulfite concentration: 0.1 mM (full line), 1 mM (dashed line) and 5 mM 
(dotted line) (at constant pH of 8). Blue lines: reduction product trends during photolysis experiments; red lines: reduction 
product trends during ARP experiments. 
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Figure 3.7: PYAA, reduction product of triclopyr, with (A) effect of pH: 6 (full line), 8 (dashed line) and 10 (dotted line) (at 
constant sulfite concentration of 5 mM) and (B) effect of sulfite concentration: 0.1 mM (full line), 1 mM (dashed line) and 5 mM 
(dotted line) (at constant pH of 8). Blue lines: reduction product trends during photolysis experiments; red lines: reduction 
product trends during ARP experiments. 
 
Sima-H and atra-H, reduction products of simazine and atrazine 
The dechlorination products of simazine (sima-H) and atrazine (atra-H), depicted in Figure 3.8 and 
Figure 3.9 respectively, show similar trends, in all likelihood because these two triazine herbicides 
have very similar structures. During photolysis experiments, dechlorination occurs being in 
agreement with previously reported results for atrazine [309], and these dechlorination products 
remain relatively constant after formation. This indicates that the dehalogenation products are 
rather resistant to further photolytic breakdown (Figure 3.8-A and Figure 3.9-A). During ARP 
experiments at 5 mM of sulfite, the highest formation and subsequent decomposition of the 
dechlorination products (atra-H and sima-H) is observed at pH 8. When varying the sulfite 
concentration (Figure 3.8-B and Figure 3.9-B), a distinctive decomposition of the dechlorination 
products is observed at a sulfite concentration of 5 mM, in contrast to lower sulfite concentrations. 
This shows that a threshold sulfite concentration exists, which is required for further 
decomposition of sima-H and atra-H. Neither of the parent solutes or dechlorination products 
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exert (de)protonation reactions in the investigated pH range, and these trends can also not entirely 
be explained by sulfite species distribution. If dehalogenation occurs mainly due to hydrated 
electrons and subsequent decomposition of the dehalogenation products occurs due to hydrogen 
atoms, then one would expect to observe the highest peak of the dechlorination products at pH 
10 during ARP with no further breakdown, however this is not the case. Removal of these triazine 
herbicides in advanced reduction processes proves to be a complex process, and although the 
mechanistic explanation is not yet fully elucidated, ARP indicates to be more destructive than 
photolysis with pH playing an important role. 
 
 
 
Figure 3.8: Sima-H, reduction product of simazine, with (A) effect of pH: 6 (full line), 8 (dashed line) and 10 (dotted line) (at 
constant sulfite concentration of 5 mM) and (B) effect of sulfite concentration: 0.1 mM (full line), 1 mM (dashed line) and 5 mM 
(dotted line) (at constant pH of 8). Blue lines: reduction product trends during photolysis experiments; red lines: reduction 
product trends during ARP experiments.  
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Figure 3.9: Atra-H, reduction product of atrazine, with (A) effect of pH: 6 (full line), 8 (dashed line) and 10 (dotted line) (at 
constant sulfite concentration of 5 mM) and (B) effect of sulfite concentration: 0.1 mM (full line), 1 mM (dashed line) and 5 mM 
(dotted line) (at constant pH of 8). Blue lines: reduction product trends during photolysis experiments; red lines: reduction 
product trends during ARP experiments. 
 
Hydr-H, reduction product of hydrochlorothiazide 
The trends of the dechlorination product (hydr-H) of hydrochlorothiazide are given in Figure 3.10. 
ARP experiments show a consistently faster removal of hydrochlorothiazide compared to their 
respective photolysis experiments (Table 3.1). Interestingly, although 𝑒𝑎𝑞
−  are the dominant 
reducing species both at pH 8 and 10, the fastest removal is observed at pH 8 (with a k’ value of 
11.34*10-3 s-1 compared to 5.67*10-3 s-1 at pH 10). The amine moieties in hydrochlorothiazide have 
pKa values of 9.09; 9.83; 11.31, meaning that at pH 6 and pH 8, respectively 99.9% and 92.3% of 
hydrochlorothiazide is neutral, while at pH 10 95.4% is bearing a negative charge. The latter may 
inhibit reaction of the target molecule with negatively charged 𝑒𝑎𝑞
−  under ARP conditions.  
The formation of the hydrodechlorinated reduction product hydr-H during ARP is the highest at 
pH 10 (Figure 3.10-A), while the formation is considerably lower at pH 6 and 8, as indicated by 
maximum peak areas being a factor 6 and 14 lower respectively. Along with the removal rate 
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constants of the parent compound (Table 3.1), this observation proves that different reaction 
products are formed at different pH. We hypothesize that at pH 10, when the parent compound is 
predominantly negatively charged, the dechlorination reaction is benefited because the other 
moieties in the molecule are less accessible for 𝑒𝑎𝑞
− . At pH 8, the other moieties are more accessible, 
resulting in a less pronounced formation of hydr-H. Additionally, when increasing the sulfite dose 
at pH 8 (Figure 3.10-B), less formation and slower subsequent breakdown of hydr-H is observed, 
even though the removal rates of the parent compound increase with a higher sulfite concentration 
(Table 3.2). This again indicates that the dechlorination reaction in this case occurs slower than the 
reaction of 𝑒𝑎𝑞
−  at other locations in the molecule (e.g. at the sulfone functional groups). 
 
 
Figure 3.10: Hydr-H, reduction product of hydrochlorothiazide, with (A) effect of pH: 6 (full line), 8 (dashed line) and 10 (dotted 
line) (at constant sulfite concentration of 5 mM) and (B) effect of sulfite concentration: 0.1 mM (full line), 1 mM (dashed line) and 
5 mM (dotted line) (at constant pH of 8). Blue lines: reduction product trends during photolysis experiments; red lines: reduction 
product trends during ARP experiments. 
 
Diat-IH2 and DABA, reduction products of diatrizoic acid 
For diatrizoic acid, the mono-deiodinated product (diat-I2H) could not be detected, possibly due 
to a too fast removal (i.e. within 4 minutes). Diat-I2H is the first dehalogenation intermediate 
formed during diatrizoic acid dehalogenation [267, 291], and given the high removal rates of 
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diatrizoic acid in all conditions (Table 3.1 and Table 3.2), it is plausible that diat-I2H had already 
degraded further into other transformation products. The bi-deiodinated (diat-IH2, Figure 3.11) 
and tri-deiodinated (DABA, Figure 3.12) products could be detected (most likely formed via the 
mono-deiodinated product). Clear differences in trends among the different conditions are only 
observed for DABA, the completely dehalogenated product. As can be seen in Table 3.1, the 
photolysis rate of diatrizoic acid increases at higher pH, which corresponds to the photolysis curves 
of DABA in Figure 3.12-A where a faster formation was found at higher pH. DABA decomposes 
further into unknown products, at a similar rate under all photolysis conditions. Also during ARP 
experiments, an increase in removal rate of diatrizoic acid was observed at increasing pH (Table 
3.1), which is accompanied by a faster formation of DABA. The further decomposition of DABA 
during ARP experiments is favored at alkaline pH values (8 and 10), whereas at pH 6 this removal 
rate is similar to the photolysis removal rates. From Figure 3.12-B, it is clear that an increasing 
sulfite concentration at a pH of 8 results in a faster formation and subsequent decomposition of 
DABA, indicating that DABA is strongly reacting with hydrated electrons. 
 
 
Figure 3.11: Diat-IH2, reduction product of diatrizoic acid, with (A) effect of pH: 6 (full line), 8 (dashed line) and 10 (dotted line) 
(at constant sulfite concentration of 5 mM) and (B) effect of sulfite concentration: 0.1 mM (full line), 1 mM (dashed line) and 5 
mM (dotted line) (at constant pH of 8). Blue lines: reduction product trends during photolysis experiments; red lines: reduction 
product trends during ARP experiments. 
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Figure 3.12: DABA, reduction product of diatrizoic acid, with (A) effect of pH: 6 (full line), 8 (dashed line) and 10 (dotted line) 
(at constant sulfite concentration of 5 mM) and (B) effect of sulfite concentration: 0.1 mM (full line), 1 mM (dashed line) and 5 
mM (dotted line) (at constant pH of 8). Blue lines: reduction product trends during photolysis experiments; red lines: reduction 
product trends during ARP experiments. 
 
Br-HBN and HBN, reduction products of bromoxynil 
The trends of the mono-debromination and bi-debromination products of bromoxynil (Br-HBN 
and HBN respectively) show an overall increase in dehalogenation of bromoxynil during both 
photolysis and ARP at increasing pH (Figure 3.13-A and Figure 3.14-A). In one case, at ARP and 
pH 8, the HBN peak area decreases again after 20 minutes. The reason why this decrease is only 
observed at these conditions, is likely because this further reduction is occurring at the hydroxyl 
moiety in the molecule, which is negatively charged above its pKa of 7.81. At pH 8, approximately 
40 % of the hydroxyl moiety is protonated (i.e. bearing a neutral charge), meaning that there is 
reaction possible with negatively charged hydrated electrons (similar as to what was observed for 
the solutes of group C3 in Table 3.1 and Table 3.2). At pH 10 a much more steady peak area of 
HBN is observed between 60 and 120 minutes, indicating that no reaction is occurring with 𝑒𝑎𝑞
− , 
likely due to electrostatic repulsion with 99% of the hydroxyl group bearing a negative charge. 
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HBN also proves not to react with 𝐻• at pH 6 since its peak area continues to gradually rise. The 
plots at pH 8 with varying sulfite concentration (Figure 3.13-B and Figure 3.14-B) prove that a 
higher sulfite concentration results in a faster formation of the debromination products, 
accompanied by a faster further decomposition. 
 
 
Figure 3.13: Br-HBN, reduction product of bromoxynil, with (A) effect of pH: 6 (full line), 8 (dashed line) and 10 (dotted line) (at 
constant sulfite concentration of 5 mM) and (B) effect of sulfite concentration: 0.1 mM (full line), 1 mM (dashed line) and 5 mM 
(dotted line) (at constant pH of 8). Blue lines: reduction product trends during photolysis experiments; red lines: reduction 
product trends during ARP experiments.  
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Figure 3.14: HBN, reduction product of bromoxynil, with (A) effect of pH: 6 (full line), 8 (dashed line) and 10 (dotted line) (at 
constant sulfite concentration of 5 mM) and (B) effect of sulfite concentration: 0.1 mM (full line), 1 mM (dashed line) and 5 mM 
(dotted line) (at constant pH of 8). Blue lines: reduction product trends during photolysis experiments; red lines: reduction 
product trends during ARP experiments. 
 
Monuron and fenuron, reduction products of diuron 
The mono-dechlorination (monuron) and bi-dechlorination (fenuron) products of diuron are 
represented in Figure 3.15 and Figure 3.16, respectively. The trends of monuron are very similar 
for all the different experimental conditions, i.e. a fast initial formation with further degradation. 
The fenuron trends on the other hand differ between the investigated experimental conditions. 
Figure 3.16-A shows an increase in fenuron formation during both photolysis and ARP at higher 
pH, with the highest amount of fenuron produced during ARP. This indicates that hydrated 
electrons result into a high dehalogenation degree, which is confirmed by an increased fenuron 
formation at higher sulfite concentrations (Figure 3.16-B). Under the most favorable ARP 
conditions (at pH 8 and 10), also a further degradation of fenuron can be observed. 
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Figure 3.15: Monuron, reduction product of diuron, with (A) effect of pH: 6 (full line), 8 (dashed line) and 10 (dotted line) (at 
constant sulfite concentration of 5 mM) and (B) effect of sulfite concentration: 0.1 mM (full line), 1 mM (dashed line) and 5 mM 
(dotted line) (at constant pH of 8). Blue lines: reduction product trends during photolysis experiments; red lines: reduction 
product trends during ARP experiments. 
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Figure 3.16: Fenuron, reduction product of diuron, with (A) effect of pH: 6 (full line), 8 (dashed line) and 10 (dotted line) (at 
constant sulfite concentration of 5 mM) and (B) effect of sulfite concentration: 0.1 mM (full line), 1 mM (dashed line) and 5 mM 
(dotted line) (at constant pH of 8). Blue lines: reduction product trends during photolysis experiments; red lines: reduction 
product trends during ARP experiments. 
 
3.4. Multiple linear regression 
The TrOCs’ functional groups and physico-chemical descriptors are listed in Table C.2 in 
Appendix A. Ketoprofen was omitted from the pH 6 photolysis, pH 8 photolysis, pH 8 ARP and 
pH 10 ARP datasets, and chloridazon was omitted from the pH 8 photolysis, pH 10 photolysis 
and pH 10 ARP datasets, since no removal rate constant could be determined for these cases (Table 
3.1). In addition, chloridazon, hydrochlorothiazide, sulfamethoxazole and dinoseb were removed 
from all the models where the PrimAm, SulphonAm and Nitro descriptors were initially included, 
based on the partial residue plots which suggested they are outliers (Addendum C.3 in Appendix 
A). 
Models were established for photolysis conditions at pH 6 and 8, and ARP conditions at pH 8 and 
10 (given in Addendum C.4 in Appendix A and summarized in Table 3.4). For photolysis at pH 10 
and ARP at pH 6, no models were found (since R2 for the obtained MLR in these cases was below 
0.5). Approximately 60% of the variance in the photolysis models and 86% of the variance in the 
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ARP models presented in Table 3.4 could be explained by the descriptors included, and the 
significance was high (p-values < 0.05).  
In the pH 6 and pH 8 photolysis model, the positive coefficients of the halogen and aromatic ring 
functional groups indicate that the presence of these groups contribute to a faster photolytic 
removal. This is supported by previous reports of carbon-halogen bond cleavage and aromatic ring 
cleavage during photolytic processes [310–316]. 
The pH 8 and pH 10 ARP models indicate that the presence of halogen and aromatic ring groups 
enhance removal efficiency, indicating that reducing radicals react with these moieties in the 
molecular structure, as reported before [317–320]. Additionally, arylaliphatic ether groups decrease 
the removal in ARP processes at alkaline pH. From a mechanistic point of view, ether groups are 
indeed not susceptible to reduction, which is also pointed out by diglyme being recalcitrant to both 
reducing radicals and (possible parallel) photolysis, as well as ethers in general having a low 
reactivity towards reducing radicals [321]. However, note that in this study the arylaliphatic ether 
group rather than the ether group is included in the ARP model, which is possibly due to the low 
number of cases (i.e. TrOCs) having an ether group compared to the number of TrOCs with an 
arylaliphatic ether. 
It is important to note that these models could not be validated, since their explained variance of 
prediction (QLOO
2 ) was negative for all cases, which indicates poor predictability of the models [322]. 
This could be due to a limited presence and/or abundance of cases (i.e. TrOCs) for a large amount 
of independent variables (i.e. the descriptors of the TrOCs), or because the photolytic and radical 
removal mechanisms cannot be explained by these descriptors. As such, the findings of this MLR 
should be interpreted as possible, yet non-validated, general trends rather than statistically validated 
relations. In order to find statistically validated mechanisms for these processes, a larger set of 
TrOCs should be investigated, with an adequate number of observations (i.e. cases) for each 
functional group. For multiple linear regression models, the PEAR criterion states that a dataset 
with a 15:1 ratio of observations:variables should be utilized if the model should have predictive 
value [323]. 
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Table 3.4: MLR models. 
 equation 𝐑𝟐 p-value 𝐐𝐋𝐎𝐎
𝟐  
pH 6 photolysis k' = 1.750 Halogen + 0.931 AromRing 0.632 0.000 -0.056 
pH 8 photolysis k' = 2.068 Halogen + 1.937 AromRing 0.576 0.000 -0.415 
pH 10 photolysis n.d.    
pH 6 ARP n.d.    
pH 8 ARP 
k' = 3.161 Halogen + 1.886 AromRing 
 - 2.856 ArylAliphEth 
0.874 0.000 -0.719 
pH 10 ARP 
k' = 3.585 Halogen + 2.180 AromRing 
 - 3.212 ArylAliphEth 
0.855 0.000 -0.173 
 
with: AromRing: number of aromatic rings, ArylAliphEth: number of arylaliphatic ethers, Halogen: 
number of halogen atoms, n.d.: not determined. 
4. Conclusions 
In this study, the applicability of the UV/sulfite advanced reduction process was – as far as we 
known for the first time – investigated for the removal of a broad range of 27 TrOCs having diverse 
physico-chemical structure and properties. The effect of solution pH and sulfite dose was 
investigated. The following conclusions can be drawn. 
 Only 1 compound, diglyme, proved to be recalcitrant towards both photolysis and 
advanced reduction. All other TrOCs showed reaction through photolysis and/or reducing 
radicals (𝐻• and 𝑒𝑎𝑞
− ), while chemical reduction by sulfite was negligible. 
 2 solutes, ketoprofen and chloridazon, were removed very fast, by which we were unable 
to reliably distinguish whether photolysis or advanced reduction resulted in the fastest 
removal. 
 7 solutes are removed faster during photolytic breakdown, meaning the addition of sulfite 
as electron-donating agent slows down the overall removal. An important side-remark, 
however, is that for these solutes dehalogenation is occurring more efficiently during ARP 
compared to pure photolysis, even when ARP showed the slowest removal of the parent 
compound.  
 For the vast majority, i.e. 17 solutes, the fastest removal is obtained with reducing radicals, 
of which 15 with hydrated electrons and 2 with hydrogen atoms. 
 Hydrated electrons prove to be effective for dehalogenation reactions. However a 
drawback of hydrated electrons is possible electrostatic repulsion when target solutes are 
negatively charged at higher pH. Hydrogen atoms do not suffer from electrostatic repulsion 
with negatively charged functional groups, however these radicals generally react slower 
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with TrOCs than hydrated electrons, i.e. the increase in reaction rate compared to 
photolysis is less with hydrogen atoms compared to hydrated electrons. 
These conclusions indicate that ARP have promising potential towards not only an efficient 
dehalogenation, but also a good TrOC removal. Further research should focus on a more in-depth 
identification of reduction products and pathways. As well the properties of these reduction 
products should be investigated, such as toxicity, biodegradability (which is expected to increase 
due to dehalogenation taking place) and adsorption behavior. 
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1. Introduction 
Trace organic contaminants (TrOCs) have been present in the environment for many years. TrOCs 
often detected include pharmaceuticals, pesticides, industrial (by-)products, personal care products, 
etc. They are often called organic micropollutants since they are present in aquatic systems in low 
concentrations, from ng/L to µg/L [11]. Because TrOCs pose a risk towards the environment [16, 
324], and because they may have an impact during human consumption of drinking water produced 
from TrOC contaminated sources [16, 325], there is an increased focus on eliminating them during 
waste- and drinking water treatment. Switzerland was the first country imposing legislation on the 
discharge of TrOCs from wastewater treatment plants, stating that 80% of 12 monitored TrOCs 
should be eliminated before discharge, effective from January 2016 [72]. Also the European 
Commission recently adopted a watch list of 17 TrOCs in the aquatic system with Decision 
2015/495 [74]. 
Different technologies have been extensively investigated to remove TrOCs from water, including 
biodegradation, adsorption, membrane filtration, ozonation and advanced oxidation processes 
(AOPs) [11]. AOPs have gained a lot of interest since they (in selected cases) allow complete 
mineralization of TrOCs. The oxidative radicals generated in AOPs, however, react unselectively 
with different water constituents, and therefore a complete TrOC removal is not targeted due to 
economic reasons [106, 162]. In addition, AOPs are less suitable for dehalogenation reactions, since 
the carbon-halogen bond is less easily cleaved in oxidation reactions [283, 285], while 
dehalogenation is a key reaction in removing substances like iodinated contrast media, 
organochlorine pesticides, etc. Advanced reduction processes (ARPs), a set of novel technologies 
which recently gained interest in water treatment, pose an alternative for TrOC removal. In ARPs, 
radicals of reducing nature are generated, such as the hydrated electron (𝑒𝑎𝑞
− ) and hydrogen atom 
(H•) [326]. These radicals have standard reduction potentials of -2.87 V and -2.30 V respectively, 
and are therefore able to react with different moieties in TrOC molecules such as halogen groups, 
ketones, unsaturated bonds, etc. [87, 162, 169]. Reducing radicals can be produced from radiolysis 
of water using γ-radiation [151] or electron beam irradiation [150]; ultrasound waves [152]; or 
photolytic processes such as vacuum ultraviolet (UV) photolysis of water [327], laser flash 
photolysis [154] or UV photolysis of different anions [162]. Recently, the UV photolysis process 
using sulfite as radical-producing anion has been gaining attention. Sulfite is known to produce 
reducing radicals upon simple UV253.7 nm irradiation, as shown in Equations 1 and 2 [168]. 
𝑆𝑂3
2− + ℎ𝑣 → 𝑆𝑂3
•− + 𝑒𝑎𝑞
−  (pH ≥ 7.3) (Eq. 1) 
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𝐻𝑆𝑂3
− + ℎ𝑣 → 𝑆𝑂3
•− + 𝐻• (pH < 7.3) (Eq. 2) 
In Chapter 3, we proved that a wide variety of TrOCs are susceptible to degradation with ARP 
using sulfite. However, because ARPs have just recently gained attention for water treatment, very 
little is known about the influence of matrix constituents on the different degradation processes 
taking place in ARPs. Only a few studies have been performed, studying the effect of NaCl or 
humic acid on single solute ARP, for PFOA, PFOS, bromate and chloroacetic acid [161, 328–330]. 
As such, an investigation performed on a larger set of solutes and background (in)organic matter 
is necessary, in order to gain insights into how the degradation of target solutes in ARPs is affected 
by matrix constituents. 
This chapter therefore focuses on advanced UV/sulfite reduction of a set of 29 TrOCs. The study 
investigates the effect of some inorganic (NaCl and Na2CO3) and organic matrix constituents 
(Nordic Reservoir natural organic matter, humic acid and alginate) on reduction efficiency. In 
addition, a comparison of degradation efficiencies is made between ARP and AOP results obtained 
from literature. This research aids in gaining first valuable insights in TrOC degradation using the 
UV/sulfite ARP. 
2. Materials and methods 
2.1. TrOCs and analysis 
All TrOCs were of a purity of 98% or above, and were purchased at Sigma-Aldrich (Belgium). 29 
TrOCs (consisting of pesticides, pharmaceuticals and an industrial solvent, summarized in Table 
D.1 of Appendix D and structures given in Appendix A) were dosed from a stock solution in milli-
Q (stock solution contains mixture of TrOCs at 2 mg/L each). These TrOCs were selected for 
their wide variety in structural and physico-chemical properties and their general occurrence in the 
environment. 
TrOCs were analyzed by means of Ultra High Performance Liquid Chromatography coupled to 
High-Resolution Orbitrap Mass Spectrometry (UHPLC-HR-Orbitrap-MS), using a benchtop 
ExactiveTM Orbitrap (Thermo-Fischer Scientific, USA) and the procedure published in our 
previous article [291]. Target screening for potential reduction products was done by searching for 
the accurate precursor ion masses ([M+H]+ or [M-H]-, or [M+NH4]
+) in the m/z spectra from the 
UHPLC-HR-Orbitrap-MS analyses. These potential reduction products were based on reduction 
products found in Chapter 3, and include dehalogenation products and a hydrogenation product 
(given in Table 4.1 in paragraph 3.2.3). Since no analytical standards were available of these 
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reduction products, confirmation of detection was done by a calculated mass deviation lower than 
5 ppm between the measured precursor ion mass and the theoretical mass, as well as by the 
measured m/z isotope distribution matching the theoretical m/z isotope distribution (i.e. the 
relative m/z line heights of common isotopes such as 13C, 37Cl or 81Br for the measured and 
theoretical m/z line distributions). Due to the lack of analytical standards, the graphs of the 
identified reduction products are constructed using peak areas, and therefore remain qualitative. 
2.2. Model feed water matrices 
Organic matrix compounds were Nordic Reservoir natural organic matter (NR-NOM, obtained 
from IHSS, USA), humic acid (HA, sodium salt, obtained from Alfa Aesar, Germany), and alginate 
alginate (obtained from Tate & Lyle, Belgium). NR-NOM, HA and alginate are organic substances 
which, together, may be denoted as dissolved organic matter (DOM). NR-NOM and HA are 
heterogenous mixtures of organic molecules originating from decay of plants and soil material 
[331]. Alginate is less heterogeneous but often used as a model compound for organic 
polysaccharidic substances such as bacterial extracellular polymeric substance [332–334]. Inorganic 
matrix compounds were Cl- (dosed as NaCl, VWR, Belgium) and HCO3
- (dosed as Na2CO3, VWR, 
Belgium). 
2.3. Experimental procedure 
The photochemical reactor used in these experiments was described in Chapter 3. In short, the 
reactor consisted of a Biostat-B fermentor vessel and control unit, in which a low pressure UV 
lamp (Philips TUV PL-S 11W/2p) was mounted, emitting UV-C radiation at 253.7 nm. Using the 
control unit, the reactor vessel was continuously stirred at 100 rpm with a double-Rushton turbine, 
flushed with a gentle flow of nitrogen gas to avoid dissolution of oxygen, pH was maintained at 8 
using NaOH and HCl, and the temperature was set to 25°C. Before each experiment, the UV lamp 
was switched on for 20 minutes to allow for a continuous photon output. 
Using the 2 mg/L TrOC mixture, a solution of 250 µg/L TrOCs was prepared together with one 
of the organic or inorganic matrix compounds (dosed individually during individual experiments), 
using milli-Q. Experiments with competing organic matter were performed at 4 mg/L NR-NOM, 
HA, or alginate, and experiments with competing inorganic matter were performed at 7.5 mM Cl- 
or 2 mM HCO3
- (at pH 8, 98.7% of carbonates are in the form of bicarbonate). A reference/blanc 
experiment (i.e. only TrOCs without competing (in)organic matter) was included as well. 1.5 L of 
these solutions was purged with N2 gas for 20 minutes to remove dissolved oxygen, the pH was 
adjusted to 8, and the solution was transferred to the reactor vessel. 10 mM ethanol was added to 
act as hydroxyl radical scavenger, because some hydroxyl radicals can form during ARP 
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experiments when dehalogenation takes place according to Equations 3 and 4. Ethanol reacts with 
the hydroxyl radicals formed in Eq. 4 with a reaction rate constant of (𝑘𝑂𝐻•/𝑒𝑡ℎ𝑎𝑛𝑜𝑙 = 1.9 ∗
109𝑀−1𝑠−1). 
𝑅𝑋 + 𝑒𝑎𝑞
− → 𝑅• + 𝑋−    (Eq. 3) 
𝑅• + 𝐻2𝑂 → 𝑅𝐻 + 𝑂𝐻
•   (Eq. 4) 
To initiate the ARP process, 5 mM of sulfite was added in powder form (as Na2SO3 (VWR, 
Belgium)) where applicable, after which the UV lamp was turned on. For each experiment, three 
runs were included: (1) one photolysis run where no sulfite was added but the UV lamp was 
switched on, (2) one chemical reduction run where sulfite was added but the UV lamp was switched 
off, and (3) one ARP run where both the UV lamp was switched on and sulfite was added, so that 
reducing radicals are being produced. 
Experiments were run for 120 minutes. Samples of 10 mL were taken from the reactor vessel 
through a PTFE sampling tube at times 0, 4, 10, 20, 35, 60 and 120 minutes, filtered through a 0.2 
µm PES (polyethersulfon) Macherey-Nagel Chromafil syringe filter, and were analyzed for TrOCs 
using the UHPLC-HR-Orbitrap-MS method. 
2.4. Calculation of UV fluence 
UV fluence (often also called the UV dose, expressed as mJ cm-2) is the total incident radiant energy 
on an infinitesimal sphere, or in other words, the delivered UV radiation resulting in TrOC 
breakdown [335]. It is often linked to TrOC removal rates in photolytic and advanced oxidation 
processes. The fluence F (mJ cm-2) is the product of the average incident UV irradiation of the UV 
lamp 𝐼 (mW cm-2) and the irradiation time 𝑡 (s), and can be calculated as in Equation 5 [162]. 
𝐹 = 𝐼 ∗ 𝑡     (Eq. 5) 
The average incident UV radiation of the UV lamp is essentially the photon flux, corrected for the 
absorbance of the solution, which is denoted in Equation 6, where 𝐴 is the solution absorbance at 
253.7 nm (determined using a VWR UV-1600PC spectrophotometer, and given in Table D.2 in 
Appendix D), 𝐿 is the effective path length (cm) and 𝐼0 is the photon flux (mW cm
-²) [335].  
𝐼 =
1−10−𝐴𝐿
ln 10∗𝐴𝐿
∗ 𝐼0    (Eq. 6) 
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The photon flux 𝐼0 is usually determined by KI/KIO3 actinometry
2 and is expressed in units of 
einstein s-1 cm-2 or mW cm-² [292]. In collimated beam setups, where the UV source is located 
above a petri dish and the UV beams are assumed to be parallel, 𝐼0 is calculated by dividing the 
photon irradiation (amount based, in einstein s-1 or mW) over the area of the irradiated petri dish 
(in cm²). The setup used in this study was not a collimated beam, because the UV lamp was 
mounted inside the reactor vessel. As a consequence, UV light was radiated inside the solution 
from different angles, and was affected by reactor geometry, reflection and attenuation of probes 
(pH and temperature), sampling port, N2 flushing port and stirring turbine
3. For this reason, the 
photon irradiation 𝐼0 in this study was determined on an amount basis (in einstein s
-1) using 
KI/KIO3 actinometry [292], and was found to be 3.52 * 10
-6 einstein s-1, or 1658 mW (using a 
471528 J einstein-1 conversion for monochromatic light at 253.7 nm). 
The effective path length 𝐿 can be determined by H2O2 photolysis, which follows first order 
kinetics when the absorbance is low [336]. H2O2 photolysis was performed in the reactor by 
dissolving 5 mM H2O2 in mili-Q water. The H2O2 concentration was measured over time during 
photolysis, using a VWR UV-1600PC UV-VIS spectrophotometer at 253.7 nm. H2O2 photolysis is 
shown in Figure D.1 in Appendix D. From the first order H2O2 removal rate constant, the effective 
path length can be calculated with Equation 7 [336, 337].  
𝐿 =
𝑘𝐻2𝑂2∗𝑉
−2.303∗𝜀𝐻2𝑂2∗𝐼0∗𝛷𝐻2𝑂2
   (Eq. 7) 
With 𝑘𝐻2𝑂2 the H2O2 photolysis rate constant (determined to be -3.1325 * 10
-4 s-1), 𝑉 the volume 
(1.5 L), 𝜀𝐻2𝑂2 the molar extinction coefficient of H2O2 (determined in this study to be 19.65 M
-1 
cm-1, which is in agreement with a previously reported value of 19.6 M-1 cm-1 [170]), 𝐼0 the photon 
irradiation on an amount basis (3.52 einstein s-1) and 𝛷𝐻2𝑂2 the quantum yield for H2O2 photolysis 
(1 mol einstein-1). The effective path length was found to be 2.95 cm, which seems a reasonable 
                                                 
2 Actinometry is a means of measuring the photon flux, i.e. the amount of photons that the UV lamp emits. It is done 
using a chemical of which the quantum yield is known (quantum yield is the amount of molecules decomposed divided 
by the amount of photons absorbed), and the reaction products can be easily analyzed. In KI/KIO3 actinometry, 
iodine ions absorb photons yielding iodine atoms (I•). Iodate scavenges the bulk electrons, forming I3-, which is 
measured spectrophotometrically. 
3 The standard method for fluence determination involves collimated beam irradiation. The fluence90 values in this 
work were calculated from experiments involving a non-collimated beam setup, and therefore should not be 
interpreted as exactly accurate. However, the impact from using a non-collimated setup on the (relative) results as 
reported in this work is expected to be minimal. 
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estimate considering the reactor geometry and lamp position inside the reactor. It has to be noted 
that this path length is averaged over the entire solution volume (or reactor geometry) for non-
collimated UV radiation. This average path length was used in Equation 6 to correct for solution 
absorbance when calculating the UV fluence. 
In Equation 6, 𝐼0 is the incident photon flux (in units of einstein s
-1 cm-2) for collimated beam, 
however since the UV irradiance in our system was not a collimated beam, a more correct 
terminology to use would be the apparent incident intensity (averaged over the entire solution 
volume) 𝐼𝑠. In non-collimated beam setups, 𝐼𝑠 can be calculated from the photolysis of H2O2, in 
units of einstein s-1 cm-2, as given in Equation 8 [170]. 
𝐼𝑠 =
𝑘𝐻2𝑂2
−2.303∗𝜀𝐻2𝑂2∗𝛷𝐻2𝑂2∗1000
   (Eq. 8) 
𝐼𝑠 (in non-collimated beam) can be used as a substitute for 𝐼0 in collimated beam [170], and was 
used in Equation 6 to determine the average incident UV intensity in our experiments. 𝐼𝑠 was found 
to be 6.92 * 10-9 einstein s-1 cm-2 or 3.26 mW cm-2. 
TrOC breakdown curves were plotted as ln (
𝐶
𝐶0
) in function of the UV fluence corrected for the 
solution absorbance calculated as shown in Equations 5 and 6, from which pseudo first order 
reaction rate constants (𝑘′𝑇𝑟𝑂𝐶 in units of cm
2 mJ-1) were determined. Subsequently, the UV fluence 
necessary to achieve 90% TrOC removal was calculated as Equation 9. 
𝑓𝑙𝑢𝑒𝑛𝑐𝑒90 (𝑚𝐽 𝑐𝑚
−2) =
ln
10%
100%
𝑘′𝑇𝑟𝑂𝐶
= 
−2.303
𝑘′𝑇𝑟𝑂𝐶
 (Eq. 9) 
3. Results and discussion 
3.1. UV fluence to achieve 90% TrOC removal 
The UV253.7 nm fluence90 is used as a measure for reactivity of different components towards 
photolysis or reducing radicals, and is given for the different water matrices in Tables D.3 and D.4 
in Appendix D. A low fluence90 indicates a high reactivity and fast removal, while a high fluence90 
indicates a lot of incident radiation is required to achieve 90% TrOC removal. In case no removal 
occurred, the fluence90 is indicated as not determined (n.d.). In case the removal was too fast to 
allow calculation of the reaction rate (i.e., if complete removal was achieved in less than 4 minutes), 
the fluence90 is noted as less than the least detected (i.e. < 120 mJ cm
-2). It has to be noted that 
removal in ARP does not necessarily imply UV irradiation on the TrOC since removal partially 
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occurs by secondary reactions (through the production of reducing radicals), however the use of 
fluence as a means of reactivity was adopted for ARP as is commonly practiced in UV-based AOP 
as well [338–344]. In this study, the ARP fluence90 is valid for the addition of 5 mM sulfite, a 
temperature of 25°C and pH 8. 
None of the solutes show any reaction in the chemical reduction experiments (data not shown), 
thus demonstrating that no TrOC hydrolysis or reaction with sulfite occurs in any of the selected 
water matrices, which is in agreement with the previous study conducted in milli-Q at different pH 
values and sulfite doses (Chapter 3). 
In Figure 4.1, the fluence90 is given for photolysis and ARP runs in milli-Q. The TrOCs are sorted 
in groups (A, B and C) per major removal mechanism, and this classification is also adopted in 
Figure 4.2, Figure 4.3 and Tables D.3 and D.4 in Appendix D. Diglyme, the only solute in group 
A, shows no reaction towards photolysis or reducing radicals (ARP), as was also found in Chapter 
3. The solutes in group B (lincomycin, lidocaine, metoprolol, diclofenac, pirimicarb, 
sulfamethoxazole, clofibric acid, chloridazon and ketoprofen) have a UV fluence90 which is lower 
for ARP experiments compared to photolysis, indicating these compounds are less reactive towards 
reducing radicals compared to photolytic conversion. On the other hand, the solutes in group C 
(caffeine, theophylline, carbamazepine, triclopyr, simazine, atrazine, hydrochlorothiazide, dinoseb, 
dimethoate, propranolol, diatrizoic acid, bromoxynil, paracetamol, diuron, phenazone, ibuprofen, 
gemfibrozil, naproxen and clenbuterol) are more reactive towards reducing radicals, having a lower 
fluence90, compared to photolysis. The reactivity of different TrOCs towards different processes 
was discussed more in detail in Chapter 3, and will not be repeated here. 
The fluence90 in the presence of a matrix compound relative to absence of matrix substance (blanc 
– milli-Q) is given in Figure 4.2 and Figure 4.3. In these figures, the fluence90 of the blanc is taken 
as base value (0%), and a relative fluence90, (in)organic matter of 100% indicates a doubling, while -100% 
indicates a halving of the fluence90 relative to the blanc. Note that the TrOC blanc fluence90 is 
different for photolysis and ARP conditions. Cases which did not fit within the axis boundaries 
(fixed from -150% to 150%) are reported with a fading out bar and a textbox showing the exact 
relative fluence90. If the fluence90 values in the blanc or (in)organic matrix are below a value of 120 
mJ cm-2, the relative fluences90 in the graphs are calculated with the 120 mJ cm
-2 value, bars are 
represented with a fading out end, and minimum relative fluence90 values are indicated with a 
textbox. 
  
 
Figure 4.1: Fluence90 in blanc – milli-Q: photolysis ( ) and ARP ( ). A high fluence90 indicates relatively slow TrOC removal, and a low fluence90 indicates a relatively high TrOC removal.
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Figure 4.2: Influence of inorganic matter: 7.5 mM Cl- ( ) and 2 mM HCO3- ( ). Change in photolysis fluence90 relative to photolysis blanc (1-A) and change in ARP fluence relative to ARP blanc (1-B). 
Positive values indicate a higher fluence is necessary to obtain 90% TrOC removal and negative values indicate a lower fluence is necessary. 
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Figure 4.3: Influence or organic matter: 4 mg/L NR-NOM ( ), 4 mg/L HA ( ) and 4 mg/L alginate ( ). Changes in photolysis fluence90 relative to photolysis blanc (2-A) and changes in ARP fluence 
relative to ARP blanc (2-B). Positive values indicate a higher fluence is necessary to obtain 90% TrOC removal and negative values indicate a lower fluence is necessary.
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3.2. Effect of inorganic matter – Cl- and HCO3- 
3.2.1. Photolysis 
Photolysis of TrOCs (in absence of sulfite), shown in Figure 4.2-A and Table D.3 in Appendix D, 
shows a generally larger fluence90 in the presence of 7.5 mM Cl
-, indicating slower reaction. With a 
very low molar extinction coefficient (0.3 M-1 cm-1 at 253.7 nm), no generation of reactive species 
is to be expected by NaCl. By adding NaCl, the ionic strength of the solution rises, which can 
negatively influence photolytic processes by deactivating excited states of TrOCs or by quenching 
organic (TrOC-based) radicals (R•) formed during photolysis [345, 346]. A negative effect of ionic 
strength on photolysis reaction kinetics has previously been observed for betnovate and methyl 
viologen [345, 347]. However another study conducted on chloromycetin reported a faster removal 
with increasing NaCl concentration [348]. In our study, only dimethoate, paracetamol and 
naproxen show faster photolysis kinetics at a higher NaCl concentration. It is thus obvious that 
the influence of NaCl on TrOC photolysis is dependent on the parent compound itself, however 
for our set of TrOCs it is clear that the vast majority of the solutes show a decreased photolytic 
reactivity upon the addition of NaCl.  
Interestingly, the influence of 2 mM bicarbonate on photolysis is less pronounced than for chloride. 
Indeed, the fluence90 difference with the blanc is lower, however in general the same trends are 
observed: a lower reactivity compared to the blanc. Even though bicarbonate has low UV 
absorbance (molar extinction coefficient determined to be 2 M-1 cm-1 at 253.7 nm), it has been 
reported to hinder photolytic processes of TrOCs [349, 350]. Similarly as with NaCl, the addition 
of Na2CO3 increases the ionic strength of the solution, which may decrease photolytic reaction of 
target solutes through deactivating excited states of TrOCs or quenching TrOC-based radicals 
formed from UV253.7 nm irradiation [345, 346]. 
3.2.2. ARP 
For ARP, the change in fluence90 after addition of 7.5 mM NaCl and 2 mM Na2CO3 is given in 
Figure 4.2-B and Table D.4 in Appendix D. Cl- and Na+, as well as CO3
2- and HCO3
-, are considered 
to be unreactive towards hydrated electrons and hydrogen atoms [87]. These ions have low UV253.7 
nm absorption themselves, therefore any change in fluence90 compared to ARP in milli-Q is expected 
to be due to an influence of NaCl or Na2CO3 on the direct photolytic degradation occurring in 
parallel to reaction with sulfite-generated radicals (similar as with photolysis in paragraph 3.2.1), or 
due to interaction of NaCl or Na2CO3 with sulfite and/or its excited states. 
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In general, ARP removal of most TrOCs is not largely affected by NaCl, as indicated by similar 
fluences90 compared to milli-Q. There are some limited exceptions to the general trend, both in the 
direction of a higher fluence90 (caffeine and carbamazepine require a fluence90 of factor 2.2 and 1.5 
compared to milli-Q, respectively), and a lower fluence90 (lincomycin, pirimicarb and gemfibrozil 
fluences90 decrease with factors 1.2, 2.6 and 1.3, respectively). In contrast to photolysis, where a 
general increase of fluence90 was found with addition of NaCl (paragraph 3.2.1), ARP thus proves 
to be more resilient in TrOC removal towards NaCl presence. A previous study on ARP, 
investigating reductive PFOA degradation, reported faster 𝑒𝑎𝑞
−  induced removal with higher NaCl 
concentrations, attributed to the influence of the ionic strength on the activity coefficient of PFOA, 
and thus the reaction kinetics, according to the Brønsted-Bjerrum theory [330]. However, a positive 
effect of NaCl on ARP could not be unequivocally confirmed from our results. The mechanisms 
behind NaCl influence on degradation of the TrOCs showing larger fluence90 deviations in ARP 
could not be elucidated from these results, and remains subject to further clarification. However, 
results from this larger set of TrOCs appear to indicate that the influence of NaCl is rather limited. 
The presence of bicarbonate affected TrOC removal slightly more than NaCl in ARP conditions. 
Some TrOCs, such as lincomycin, lidocaine, metoprolol, caffeine, theophylline, carbamazepine, 
paracetamol and ibuprofen, show decreased reactivity with fluence90 increases of factors 1.7, 1.7, 
1.4, 1.3, 1.4, 1.2, 1.5 and 1.4, respectively. Interestingly, some solutes also show a decrease in 
fluence90 when bicarbonate is present, and these are mainly the halogenated solutes. Although there 
is an increased ARP reaction rate for dehalogenation reactions when bicarbonate is present, there 
is however no higher production of dehalogenation products - except for simazine and atrazine 
(see paragraph 3.2.3 and Figures D.8-B and D.9-B in Appendix D). It has to be noted that, since 
measuring released halide anions was not possible (due to TrOCs being present in a mixture, and 
due to the relatively low concentrations applied in our experiments), it is hard to make a conclusive 
statement about a change in dehalogenation efficiency. It is likely that other transformation 
products than dehalogenation products, or further reduction products, are being formed. 
3.2.3. Screening for reduction products 
The full-scan HRMS spectra of photolysis and ARP runs were screened for the occurrence of 
reduction products (summarized in Table 4.1). In most cases, the reduction products are 
dechlorination products: atrazine (atra-H), diuron (monuron and fenuron), simazine (sima-H), 
triclopyr (tric-Cl2H, tric-ClH2 and PYAA), clofibric acid (MPPA), diclofenac (APAA) and 
hydrochlorothiazide (hydr-H). A debromination products was identified for bromoxynil (Br-
HBN), and deiodination products were identified for diatrizoic acid (diat-I2H, diat-IH2 and DABA). 
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DH-carb was found as the hydrogenation product of carbamazepine. Results are depicted in 
Figures D.2 – D.16 in Appendix D. Details about the reduction products’ detection can be found 
in Addendum D.1 in Appendix D. Since no analytical standards were available, the trends of these 
products are represented based on peak area. None of these reduction products were found during 
chemical reduction runs. 
Table 4.1: List of reduction products. Molecular weight and pKa were calculated using Marvin 14.0 (ChemAxon, Hungary). 
TrOC reduction product 
abbreviated 
name 
formula 
MW 
(g/mol) 
pKa 
atrazine 
N2-ethyl-N4-isopropyl-1,3,5-
triazine-2,4-diamine 
atra-H C8H15N5 181.2 5.32 
bromoxynil 3-bromo-4-hydroxybenzonitrile Br-HBN C7H4BrNO 198.0 6.46 
diuron 
monuron monuron C9H11ClN2O 198.6 13.44 
fenuron fenuron C9H12N2O 164.2 13.47 
simazine 
N2,N4-diethyl-1,3,5-triazine-
2,4-diamine 
sima-H C7H13N5 167.2 5.35 
triclopyr 
dichloro-(2-pyridinyloxy)acetic 
acid 
tric-Cl2H C7H5Cl2NO3 222.0 2.45 or 2.461 
chloro-(2-pyridinyloxy)acetic acid tric-ClH2 C7H6ClNO3 187.6 
2.68 or 2.70 or 
2.731 
(2-pyridinyloxy)acetic acid PYAA C7H7NO3 153.1 2.21; 3.68 
carbamazepine 10,11-dihydrocarbamazepine DH-carb C15H14N2O 238.3  
clofibric acid 
2-methyl-2-phenoxypropanoic 
acid 
MPPA C10H12O3 180.2 3.84 
diatrizoic acid 
diiodo-3,5-diacetamidobenzoic 
acid 
diat-I2H C11H10I2N2O4 487.9 
2.20 or 2.96; 
12.65 or 12.101 
iodo-3,5-diacetamidobenzoic acid diat-IH2 C11H11IN2O4 362.1 
2.74 or 2.98;  
12.67 or 12.941 
3,5-diacetamidobenzoic acid DABA C11H12N2O4 236.2 2.76; 13.77 
diclofenac 2-anilinophenylacetic acid APAA C14H13NO2 227.3 4.61 
hydrochlorothiazide hydrothiazide hydr-H C7H9N3O4S2 263.3 
9.75; 10.58; 
11.77 
 
1 dependent on the location of the halogen(s) removed 
 
The formation and/or further degradation of all reduction products is higher in ARP experiments 
(Figures D.2-B to D.16-B in Appendix D) than in photolysis (Figures D.2-A to D.16-A) for both 
inorganic water matrices, indicating reduction is definitely favored in ARP conditions. 
The majority of reduction products show very similar trends between the different inorganic 
matrices and milli-Q, in particular for photolysis (Figures D.2-A to D.16-A in Appendix D). A 
slightly different trend may be observed for tric-Cl2H and tric-ClH2 (Figures D.5-A and D.6-A), 
for which a slightly lower formation is found in inorganic matrices. Diat-IH2 and DABA (Figures 
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D.12-A and D.13-A) also show a slightly decreased formation in presence of NaCl. These 
observations are in agreement with the slightly higher photolysis fluence90 of the parent TrOCs. 
For the ARP runs (Figures D.2-B to D.16-B), the trends of most reduction products in the 
inorganic matrices are in general also very similar to the trends observed in milli-Q, with the 
exception of sima-H and atra-H, the dehalogenation products of simazine and atrazine (both 
triazine herbicides, Figures D.8-B and D.9-B in Appendix D). For these two products, a faster and 
higher formation is noticed in both NaCl and Na2CO3 matrices, which is followed by a faster 
further degradation. This effect was not noticed for the other reduction products. These results 
indicate that most degradation pathways are not significantly influenced by inorganics, except of 
triazine herbicides. 
3.3. Effect of organic matter – NR-NOM, humic acid and alginate 
DOM is known to absorb light of different wavelengths, leading to the formation of reactive 
entities such as reactive oxygen species (OH•, 1O2, O2
•−), reducing radicals (𝑒𝑎𝑞
− ) and triplet states 
of DOM (3DOM*) [331, 351–353]. In reducing environment and in the presence of a hydroxyl 
radical scavenger, 𝑒𝑎𝑞
− , 1O2 and 
3DOM* are expected to be the most important photolytic generated 
reactive species from DOM [331, 354]. 
3.3.1. Photolysis 
In general, photolysis of TrOCs in the presence of all three different DOM types resulted in a 
lower removal degree (Figure 4.3-A and Table D.3 in Appendix D). Even though UV fluence90 was 
already corrected for the light screening effect of DOM, still a general decrease in reactivity is 
observed. Similar as with the inorganic matrix substances, this may be due to an effect of DOM 
on the photolysis excited states of the TrOCs. An additional effect (other than light screening) of 
DOM on photolytic removal of polybrominated diphenyl ether has been observed before, which 
was also attributed to association of the target compounds with DOM [297]. Additionally, Chen et 
al. (2013) [355] reported that under UV253.7 nm irradiation, humic substances decreased photolysis of 
estrogenic solutes. The general inhibition order of the different DOM substances is NR-NOM > 
HA > alginate. The inhibiting effect of organic substances thus proves to be dependent on the 
characteristics of the DOM, as different DOM will interact differently with excited TrOCs, and 
will form different types of reactive species (such as 3DOM*) upon UV irradiation. 
Interestingly, ibuprofen and gemfibrozil are removed better in the presence of NR-NOM, which 
was not the case for HA or alginate. It is speculated that this is due to reaction with reactive oxygen 
species. Ibuprofen has previously been reported to be degraded by singlet oxygen [356], which may 
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be produced more from NR-NOM than from HA and alginate. Gemfibrozil is a structurally similar 
solute towards ibuprofen, which could explain its similar behavior. This effect is only observed 
with these two solutes, which may be because they are relatively inert towards direct photolysis, 
with high fluence90 of 16670 mJ cm
-2 and 20180 mJ cm-2 in milli-Q, therefore amplifying the effect 
of the secondary reaction. Similarly, caffeine (also relatively inert towards direct photolysis) is 
degraded more easily with HA, possibly due to reaction with another reactive species 
photogenerated from HA. In addition, dimethoate presents a vast decrease in fluence90 during 
photolysis when either type of DOM is present, possibly due to easy reaction with singlet oxygen 
or different types of 3DOM*. 
3.3.2. ARP 
Figure 4.3-B and Table D.4 in Appendix D demonstrate the effect of the three types of DOM on 
ARP. The influence of NR-NOM and alginate on any ARP was examined here for the first time. 
Contrary to what is observed with photolysis (paragraph 3.3.1), the presence of NR-NOM results 
in a lower fluence90, or more efficient removal. Since NR-NOM did not (in general) enhance 
removal during photolysis, the higher removal observed during ARP must be because of an 
interaction between (photolytic excited) NR-NOM and sulfite or sulfite-generated radicals. It is 
possible that the presence of Na2SO3 enabled a better transfer of reactive entities generated from 
NR-NOM photolysis, which manifests itself in a more obvious fluence90 decrease for the solutes 
of group B, however this hypothesis cannot be unambiguously confirmed from these results. HA 
on the other hand has a generally inhibiting effect on TrOC removal by ARP, which is in agreement 
with previously conducted studies performed on bromate and perfluorooctane sulfonate, which 
both showed a decreased removal in the presence of HA [328, 329]. On the other hand, Li et al. 
(2014) [161] found no influence of HA on chloroacetic acid removal. We found that in presence 
of HA only ketoprofen, dimethoate and naproxen show a better removal in ARP. Addition of 
alginate also decreases TrOC removal, however less pronounced as HA. The exact phenomena 
influencing the different removal mechanisms are still unclear, and should be further investigated 
in detail, however it is obvious that different types of DOM influence the removal of TrOCs in 
ARP experiments in a different manner, and the influence of DOM is also TrOC-specific. 
3.3.3. Screening for reduction products 
Very similar trends in terms of formation of reduction products are observed in milli-Q and DOM 
matrices for the photolysis experiments (Figures D.2-A to D.16-A in Appendix D). Since parent 
compound degradation was affected by addition of DOM, this indicates that a variety of photolysis 
products are being formed (especially in milli-Q), part of which remain undetected in our 
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experiments. These undetected photolysis products may have different production and subsequent 
degradation trends in different water matrices, however photolytic dehalogenation and 
hydrogenation product formation is not found to be markedly influenced by DOM. 
However, large differences in reduction product trends are observed during ARP experiments with 
milli-Q and in the presence of DOM (Figures D.2-B to D.16-B) in Appendix D). The presence of 
NR-NOM considerably decreases production and further degradation of all detected reduction 
products. The generally lower fluence90 found for parent compound removal in NR-NOM matrix 
suggests faster degradation reactions, however the lower formation of dehalogenation and 
hydrogenation products indicates that different transformation products are formed. These results 
support the theory that presence of Na2SO3 enables a better transfer of reactive entities generated 
from NR-NOM photolysis, which may not be dehalogenating or hydrogenating in nature. In 
addition, for 7 out of 15 detected reduction products (DH-carb, tric-ClH2, PYAA, sima-H, atra-H, 
DABA and fenuron, Figures D.4, D.6 – D.9, D.13 and D.16 in Appendix D), HA shows to (partly) 
inhibit further degradation of these reduction products, whereas the initial formation of these 
dehalogenation products was not majorly affected. 
Interestingly, regardless of the inhibiting effects of some DOM types on parent TrOC and 
reduction product removal, the formation and/or further degradation of all reduction products is 
in general still higher in ARP conditions than in photolysis for all DOM types, indicating that ARP 
are definitely more effective in TrOC reduction than just photolysis. 
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3.4. Comparison of UV253.7 nm fluence90 in ARP and AOP 
Kim et al. (2009) [357] and Afonso-Olivares et al. (2016) [105] reported fluence90 values of 30, 
respectively 23 TrOCs in photolysis and/or UV/H2O2 AOP. A comparison of their reported 
values and fluence90 values obtained here is presented for overlapping TrOCs in Table 4.2. 
Table 4.2: Comparison between UV fluence90 in different processes. 
TrOC 
fluence90 (mJ cm-2) 
photolysis photolysis ARP AOP AOP 
blanc 
(milli-Q)1 
wastewater 
effluent2 
blanc 
(milli-Q)1 
wastewater 
effluent2 
wastewater 
effluent3 
metoprolol 2073 3959 11264 657 - 
diclofenac 193 123 272 113 60 
sulfamethoxazole 323 285 414 314 278 
clofibric acid 1028 - 1722 - 601 
ketoprofen < 120 38 146 45 57 
caffeine 33111 - 1675 - 2369 
theophylline n.d. 4496 3704 884 - 
carbamazepine 1597 5413 402 605 1378 
propranolol 6254 2277 1779 515 1082 
paracetamol 32396 2852 6748 660 - 
phenazone 752 328 552 293 - 
ibuprofen 21873 - 16670 - 1214 
gemfibrozil 26727 - 20180 - 830 
naproxen 5507 1690 3342 434 252 
clenbuterol 1427 2368 746 839 - 
 
1 current study: 5 mM SO32- dose for ARP 
2 Kim et al. (2009) [357]: 8.2 mg L-1 H2O2 dose for AOP 
3 Afonso-Olivares et al. (2016) [105]: 20 mg L-1 H2O2 dose for AOP 
-: not included in study 
n.d.: not determined due to no observed removal 
In general, the photolysis fluence90 values obtained in our study are in relatively good agreement 
with those obtained by Kim et al. (2009) [357], despite differences in water matrix: solutes which 
show fast removal have low fluence90 values and solutes which are less reactive have a high 
fluence90. Still, some differences may be noticed, especially for the slower reacting solutes. 
Carbamazepine has a fluence90 in wastewater of 5413 mJ cm
-2, while in our study we found 1597 
mJ cm-2. On the other hand, we found higher fluences90 for paracetamol and naproxen compared 
to Kim et al. (2009) [357]. These differences may be attributed to the latter study being performed 
in wastewater effluent with a different set of TrOCs, inorganic constituents and different DOM 
types, which may influence degradation compared to our study. 
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Interestingly, fluences90 are, with the exception of carbamazepine and clenbuterol, always higher in 
ARP than in AOP, despite the difference in water matrix. This proves that ARP react slower 
compared to AOP. Kim et al. (2009) [357] applied a H2O2 dose of 8.2 mg L
-1, corresponding to a 
potential generation of 0.5 mM OH• out of H2O2, and Afonso-Olivares et al. (2016) [105] dosed 
20 mg mg L-1 H2O2, corresponding to a maximum of 1.2 mM OH
• generated out of H2O2. In our 
study, a maximum of 5 mM of 𝑒𝑎𝑞
− /𝐻• may be produced as reactive species, thus much higher than 
for Kim et al. (2009) [357] and Afonso-Olivares et al. (2016) [105]. The generally higher fluence90 
in ARP may be due to the lower effective quantum yield of reducing radicals from sulfite at UV253.7 
nm (i.e., production of reactive species per einstein of 253.7 nm photons) being 
0.116 𝑚𝑜𝑙𝑒𝑎𝑞−  𝑒𝑖𝑛𝑠𝑡𝑒𝑖𝑛𝑝ℎ𝑜𝑡𝑜𝑛𝑠 253.7 𝑛𝑚
−1  [162], whereas the effective OH• quantum yield in UV253.7 
nm/H2O2 is 1.02 𝑚𝑜𝑙𝑂𝐻•  𝑒𝑖𝑛𝑠𝑡𝑒𝑖𝑛𝑝ℎ𝑜𝑡𝑜𝑛𝑠 253.7 𝑛𝑚
−1  [102]. Since the quantum yield in UV/sulfite is 
lower, a lower amount of radicals are being produced. Therefore a slower reaction compared to 
UV/H2O2 can indeed be expected. Note that a higher effective quantum yield may be achieved at 
different wavelengths. 𝑆𝑂3
2− shows an absorption peak around 210 nm [166], which indicates a 
higher effective quantum yield of hydrated electrons may be achieved using a zinc lamp, emitting 
UV light at 213.9 nm [358]. 
4. Conclusions 
This study focused on TrOC removal in artificially created inorganic and organic water matrices 
with UV253.7 nm photolysis and the UV/sulfite advanced reduction process. A set of 29 TrOCs was 
used, having a large range of physico-chemical structures and properties. Inorganic matrix 
substances included NaCl and Na2CO3, organic matrices were Nordic Reservoir natural organic 
matter, humic acid and alginate. As far as we know, this is the first multi-solute study addressing 
influences of matrix constituents on removal of TrOCs with reducing radicals. The following 
conclusions can be drawn. 
 In photolytic TrOC degradation, both NaCl and Na2CO3 results, in general, in a lower 
TrOC degradation compared to milli-Q, as indicated by higher UV253.7 nm fluences90. This 
may be attributed to a higher ionic strength upon addition of inorganics, which can 
deactivate photolytic generated excited states of TrOCs or by quenching TrOC based 
radicals formed during photolysis. Exceptions to the general trend are dimethoate, 
paracetamol and naproxen for both inorganics, and dinoseb and diatrizoic acid for Na2CO3 
only, indicating inhibition of photolytic TrOC degradation is dependent on TrOCs 
themselves. 
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 Also organic matter, in general, decreases photolytic TrOC degradation. The extent of 
inhibition follows the order of NR-NOM > HA > alginate, indicating inhibition is 
dependent on DOM characteristics. Ibuprofen and gemfibrozil are however removed 
better in presence of NR-NOM, caffeine degradation was higher with HA and dimethoate 
degradation was benefited by each DOM type, indicating photolytic reactive species 
produced from DOM (such as 1O2 or 
3DOM*) can play an important role in TrOC removal. 
 NaCl generally does not affect TrOC degradation in the UV/sulfite ARP, as opposed to 
photolysis. A bicarbonate water matrix shows to influence TrOC degradation to a larger 
degree, with halogenated solutes being removed more easily in presence of bicarbonate. 
However, except of triazine herbicides, no increased formation of dehalogenation products 
is observed in presence of inorganics, indicating that it is likely that other transformation 
products than dehalogenation products are being formed in parallel. 
 Dissolved organic matter affects TrOC degradation in the UV/sulfite ARP to different 
extents. NR-NOM generally increases the TrOC (i.e. parent compound) removal efficiency, 
however this is accompanied by a lower formation and slower subsequent degradation of 
reduction products, indicating that different transformation products are formed. It is 
theorized that presence of Na2SO3 enhances the transfer of photolytic generated reactive 
entities from NR-NOM. Humic acid and, to a lesser degree, alginate, decrease TrOC 
degradation, while reduction product formation and subsequent degradation was not 
largely affected. 
 Regardless of matrix substances, dehalogenation products are still being formed well in 
ARP conditions compared to photolysis. 
 Compared to UV/H2O2 AOP results obtained from literature, fluence90 in the UV/sulfite 
ARP is generally higher than in AOP, indicating higher energy inputs are necessary in ARP 
to achieve the same TrOC removal degree from AOP. This may be due to a lower quantum 
yield at UV253.7 nm irradiation of reducing radicals from sulfite as opposed to oxidizing 
radicals from hydrogen peroxide. 
These results indicate that the UV/sulfite ARP may be influenced by different matrix constituents, 
both positively or negatively. Further research should focus on an in-depth identification and 
quantification of reduction products, as well as further identifying and understanding the different 
mechanisms at play. Additionally, in order to make ARPs competitive with AOPs, methods to 
achieve higher yields of reactive entities should be investigated. 
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1. Introduction 
The world population is expected to increase to around 9.7 billion in 2050 [2], and an estimated 
66% will be living in urban areas [3]. This trend towards urbanisation is tied to a localized increased 
demand for potable water. In addition, according to the UN, a global fresh water deficit of 40% 
will occur by 2030 under the business-as-usual scenario [4]. Therefore the demand for a sufficient, 
reliable and high quality supply of potable water is one of the main challenges we are facing [5, 6].  
In order to comply with the upcoming demand of fresh water, new sources of water will need to 
be addressed, and it is in this aspect that the upgrade of wastewater to reclaimed water is introduced 
[4, 7, 359]. Wastewater contains a variety of impurities, such as biodegradable materials, suspended 
matter and nutrients, but also trace organic contaminants (TrOCs) [9]. TrOCs, often called organic 
micropollutants, are a class of often persistent pollutants such as pharmaceuticals and personal care 
products (mainly originating from municipal wastewater), pesticides (originating from agriculture), 
and solvents and other industrial products (originating from manufacturing processes), which are 
present in water in the ng/L to µg/L range. Wastewater treatment plants are generally less effective 
at removing TrOCs, since they are not designed for this purpose [201, 360]. This results in the 
release of these compounds in our natural water bodies [360, 361]. Additionally, the rising 
population results in an increased use of pharmaceuticals, therefore the presence of 
pharmaceuticals in our water bodies is also expected to increase [35]. 
The presence of TrOCs in our water bodies does not only present a hazard to our ecosystems [39, 
68, 208, 362], it also presents a challenge towards drinking water utilities: due to hygienic concerns 
and the precautionary principle the utilities are increasingly focusing on removing TrOCs [76, 291]. 
To achieve this removal, an extensive and advanced treatment is often necessary, in order to ensure 
a good quality of drinking water. 
A variation of technologies is available for TrOC removal, including membrane filtration, 
ozonation, advanced oxidation and activated carbon filtration [11, 77], however they are all 
accompanied with drawbacks. Membrane filtration does not eliminate TrOCs but only 
concentrates them in a concentrate stream [105, 363]. Ozonation often results in the formation of 
unknown by-products, and is thus not necessarily removing the toxicity [364, 365]. Whereas 
advanced oxidation could potentially completely mineralize organic pollutants, in practice this is 
not achieved due to economic reasons, therefore also resulting in the formation of unknown by-
products [104–106]. Activated carbon (AC) adsorption on the other hand effectively removes 
compounds from the water stream, however the major drawback of AC is that it does not 
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selectively target TrOCs, rather all organic compounds present (including natural organic matter, 
surfactants and other organic substances) will be adsorbed onto the AC, effectively reducing its 
capacity for TrOCs due to competition and pore blocking [220, 366, 367]. Moreover it is a less 
sustainable technology due to its high environmental footprint, originating from an energy-
intensive production process and post-operational treatment for regeneration of the AC or disposal 
[368–370]. 
Molecularly imprinted polymers (MIPs) are a new class of adsorbents which can selectively target 
small molecules such as TrOCs [177]. The aforementioned drawbacks of the currently applied 
technologies used for TrOC removal may not apply for MIPs, as no transformation of TrOCs will 
occur, TrOCs are not concentrated in a water stream, adsorption of target molecules may be less 
affected by competing compounds due to selective adsorption taking place, and the MIP adsorbent 
can be easily reused. Drawbacks of MIPs are the high price due to expensive manufacturing (see 
Chapter 6), and the requirement for separating the MIP adsorbent particles from the water stream 
after adsorption, in order to reuse and/or regenerate the adsorbent. Regeneration of MIPs is 
performed by desorbing the adsorbate molecules in an organic solvent, after which the adsorbent 
can be re-applied in the water treatment process, without loss of adsorption capacity [177, 178, 
183, 184]. Even though the solvent used for MIP regeneration will contain TrOCs, this will be at 
high concentration and in a small volume of an organic medium, as opposed to the concentrate of 
membrane filtration, which may be beneficial for subsequent treatment. The selective capacities of 
MIPs originate from the creation of specific cavities, which are tailor-made to a target molecule 
[172, 173]. MIPs are produced by mixing and reacting a template molecule (either the target 
compound intended to be removed, or a structurally similar compound), polymerizable monomers 
having functional groups which can interact with the template molecule, and a crosslinking agent. 
As such, polymerisation occurs around the target molecule. After polymerization, the template 
molecule is removed from the complex by solvent extraction, resulting in “structural negatives” of 
the template molecules in the polymer. These sites will recognize the template molecule or 
structurally similar molecules when they would come into contact again in a subsequent adsorption 
phase [182, 370]. From a thermodynamic point of view, this specific recognition can indeed be 
expected, since the change in free energy during adsorption will be the greatest when a perfect 
match is made between the adsorbent surface and adsorbate. 
MIPs have primarily been used for analytical purposes, serving as solid phase extraction (SPE) 
material [371–374]. Another application of MIPs is the use in sensors for detection of specific 
molecules, e.g. Gupta et al. (2015) [176] coated quartz crystal microbalance sensors with MIPs for 
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selective detection of atrazine in wastewater, while Tran et al. (2014) [375] applied MIPs for 
photoelectrochemical detection of perfluorooctane sulfonate. MIPs have also been studied to some 
extent for water purification, as an adsorbent for target contaminants such as polyfluorinated 
compounds [179, 180], estrogenic compounds [181–183], different pharmaceuticals [173, 184–
186], phenolic herbicides [187], trinitrotoluene [188] and polycyclic aromatic hydrocarbons [189]. 
The vast majority of the aforementioned studies on use of MIPs for water treatment however 
applied very high target compound concentrations of several mg/L up to more than 1 g/L, 
irrelevant for environmental applications. In addition, most of these studies did not investigate the 
effects of competing compounds in the source water (e.g., natural organic matter and other 
structural analogs) on the adsorptive behaviour of the target molecules, or did not include 
applications in environmentally relevant matrices (e.g. surface water or secondary wastewater 
effluent). Additionally, all of these studies used self-prepared MIPs, which could potentially be a 
hindering factor for rapid practical implementation. As a result, there is still a lack of information 
about the real potential of MIPs for the removal of TrOCs in real - environmentally relevant - 
water matrices, including the influence of presence of other TrOCs (either structurally similar or 
different, which may be acting as competing compounds). 
In this study we have therefore investigated the adsorption behaviour of a large set of 33 TrOCs 
on different types of MIPs, in different types of environmentally relevant water matrices. We chose 
to use two commercially available MIPs, one designed for selective removal of non-steroidal anti-
inflammatory drugs (NSAIDs) and the other for β-blockers. At first, kinetic experiments and 
single-solute adsorption isotherms of one NSAID and one β-blocker were performed on their 
respective MIP adsorbents to determine the time necessary to reach adsorption equilibrium. 
Subsequently we investigated the adsorption of the entire TrOC mix in milli-Q water to determine 
the effect of structurally analogous competitive molecules, and lastly we compared this to the 
adsorption of the TrOC mix in different environmentally relevant water matrices (surface water 
and WWTP effluent). 
2. Materials and methods 
2.1. Chemicals, materials 
All chemicals used were purchased at Sigma-Aldrich (Belgium) and were of a purity of 98% or 
more. A TrOC solution in milli-Q was prepared with 33 TrOCs in a mix, each at a concentration 
of 2 mg/L. These 33 TrOCs (presented in Table E.1 in Appendix E, along with their physico-
chemical parameters (calculated using ChemAxon Marvin 14.10.6), and chemical structures given 
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in Appendix A) consist of pesticides, pharmaceuticals and a solvent, and were chosen based on 
their general occurrence in the environment, as well as their wide variety in physico-chemical 
properties. The 2 mg/L TrOC mix was used to prepare dilutions of 100 µg/L TrOCs in different 
matrix solutions, which were used to test adsorption.  
All glassware used was oven baked at 500°C for 8h to remove any carbon traces. All adsorption 
experiments (kinetic and isotherms) were constructed using borosilicate bottles containing a 
volume of 400 mL TrOC solution at 100 µg/L and at a pH of 6.4, closed with a PTFE lined screw 
cap. The bottles were continuously shaken on a MaxQTM 4000 benchtop orbital shaker (Thermo-
Fisher Scientific, USA) which was maintained at 25°C. Samples were filtered through a 0.2 µm PES 
(polyethersulfon) Macherey-Nagel Chromafil syringe filter, to remove the MIP adsorbent prior to 
TrOC analysis, and stored at -20°C. 
TrOC concentrations were analysed using Ultra High Performance Liquid Chromatography 
hyphenated to High-Resolution Orbitrap Mass Spectrometry (UHPLC-HR-Orbitrap-MS, 
benchtop ExactiveTM Orbitrap, Thermo-Fisher Scientific, USA), using the procedure previously 
published in Schoutteten et al. (2016) [291]. 
2.2. Feed water matrices 
Adsorption of the TrOC mix on MIPs was tested for four different matrices: milli-Q water; artificial 
surface water (which was prepared in milli-Q by dissolving 4 mg/L Nordic Reservoir natural 
organic matter (NR-NOM, IHSS, USA); surface water (collected from the ‘Coupure Canal’ in 
Ghent, Belgium, on 24 April 2016); and secondary wastewater effluent (collected from the 
municipal wastewater treatment plant ‘Aquafin Ossemeersen’ in Ghent, Belgium, on 25 April 2016 
(inhabitant equivalent of 207 000)). The total organic carbon (TOC) contents (as measured with a 
Sievers 900 portable TOC analyser) of the NR-NOM water, surface water and wastewater effluent 
were 3.26 ± 0.02 mg/L natural organic matter (NOM), 7.89 ± 0.04 mg/L NOM and 13.04 ± 0 
mg/L effluent organic matter (EfOM) respectively. 
2.3. MIPs and MIP characterisation 
The commercially available MIPs used in this study were obtained from MIP Technologies AB 
(Lund, Sweden), and were Affinilute β-blockers MIP (further referred to as β-blockers MIP) and 
Affinilute NSAIDs MIP (further referred to as NSAIDs MIP). 
The Brunauer-Emmett-Teller (BET) specific surface area of the two MIPs was determined using 
a Tristar 3000 of Micromeritics at -196°C. An amount of approximately 100 mg MIP was pre-
treated at 100°C for 16 hours while degassing. Nitrogen adsorption-desorption measurements were 
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performed, after which the specific surface area (SBET) was determined using the BET-equation 
between P/P0 = 0.05-0.2. The total pore volume (Vp) was determined at the end of the adsorption 
branch at P/P0 = 0.93.  
The particle size distribution of the MIPs was determined by laser diffraction, using a Mastersizer 
3000 (Malvern, UK). The surface charge of the MIPs was determined using the pH drift method 
from Yang et al. (2004) [376]. 
2.4. Adsorption experimental protocol 
2.4.1. Adsorption kinetics 
Kinetic experiments were carried out with single solute solutions of ketoprofen and metoprolol at 
100 µg/L in milli-Q water, on NSAIDs MIP and β-blockers MIP respectively. A series of bottles 
containing 6 mg MIP and 400 mL of TrOC solution was used, while samples were taken at 0, 2, 6, 
12, 30 and 60 minutes, and 4, 8, 24, 48 and 72 hours. Each sampling time had its own respective 
bottle. Pseudo-first-order and pseudo-second-order kinetic models were applied to the data as 
described in Simonin (2016) [377]. 
2.4.2. Adsorption isotherms 
Adsorption isotherms to determine the MIP loading without any influence of competing 
compounds were carried out with ketoprofen and metoprolol on their respective NSAIDs and β-
blockers MIPs. These isotherms were constructed using 400 mL of 100 µg/L ketoprofen or 
metoprolol solutions in milli-Q, and MIP doses ranging from 0 – 60 mg. Adsorption isotherms 
were run for 24 hours. Freundlich isotherms were fit to the MIP loadings and equilibrium 
concentrations [257]. 
Adsorption isotherms of the TrOC mixture in the different matrices (milli-Q, NR-NOM, surface 
water and wastewater effluent) were constructed by adding 400 mL of 100 µg/L TrOC mixture to 
0 – 60 mg of the β-blockers MIP or the NSAIDs MIP. Freundlich isotherms were fit to the MIP 
loadings and equilibrium concentrations [257], and the adsorbent loading (Qe) was calculated using 
the Freundlich equation for an equilibrium concentration (Ce) of 50 µg/L, whereby both 
Freundlich constants are incorporated in the calculation (which is the preferred method of choice 
for comparing adsorption affinity, as reported by de Ridder et al. (2010) [273], de Ridder et al. 
(2013) [256] and Quinlivan et al. (2005) [123]). Applying this procedure at the chosen Ce of 50 µg/L 
allowed for a representative quantification of the MIP loading, without the need for extrapolation 
for all conditions (except for gemfibrozil on NSAIDs MIP in milli-Q and NR-NOM matrices), so 
as that the adsorption affinity could be compared between different water matrices. 
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3. Results and discussion 
3.1. Adsorption kinetics 
The adsorption kinetics of metoprolol on β-blockers MIP and ketoprofen on NSAIDs MIP are 
shown in Figure 5.1. For both compounds, fast adsorption was observed in the first 12 min. After 
this fast initial adsorption, an additional very slow increase in adsorption could be observed which 
lasted until 8 hours for ketoprofen on NSAIDs MIP, after which an equilibrium in adsorption was 
obtained of 3.85 µg ketoprofen/mg MIP, while for metoprolol the slow increase in adsorption was 
observed until 4 hours after the start of the experiment, after which an equilibrium of 1.69 µg 
metoprolol/mg MIP was obtained. Pseudo-first-order and pseudo-second order kinetic models 
were applied to the data, and we found that the pseudo-second-order kinetic model fit the data 
better with an R² of 0.997 and 0.995 for ketoprofen and metoprolol respectively, compared to the 
pseudo-first-order kinetic model with a respective R² of 0.974 and 0.994. These R² were calculated 
in the non-equilibrium range, that is between 0 and 30 minutes, because including more data points 
very close to, or equal to, the equilibrium MIP loading would vastly favour the fit of the pseudo-
second-order kinetic model, as illustrated by Simonin (2016) [377]. However, a paired t-test 
performed on the squares of errors between the fitted models and measured observations showed 
no statistical difference between the pseudo-first-order and pseudo-second-order models (t-
statistics being 0.36 and 0.64 for ketoprofen and metoprolol respectively, which is lower than the 
critical value (t0.05, 6 = 2.45). Still, we observed an initial fast adsorption followed by a slower levelling 
out adsorption step. It is theorized that the initial fast adsorption is due to a strong recognition of 
the solute towards the specific binding cavities on the MIP. Once an equilibrium with these specific 
adsorption sites has been obtained, an additional binding can occur on non-specific sites on the 
MIP, which may happen at a slower rate compared to the former. As such, pseudo-second-order 
kinetics make sense mechanistically. 
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Figure 5.1: Adsorption kinetics of ketoprofen on NSAIDs MIP and metoprolol on β-blockers MIP. The inlay figure is scaled on 
60 minutes, whereas the large figure is scaled on 48 hours. 
Interestingly, MIP adsorption kinetics for these TrOC are considerably faster compared to 
powdered activated carbon (PAC) adsorption kinetics obtained from literature, even at the 
relatively low TrOC concentrations we applied. Gao and Deshusses (2011) [378] found that 
adsorption equilibrium was only achieved after 24 hours for 25 mg/L ketoprofen on PAC having 
a particle size between 53 – 106 µm. For metoprolol and 9 other pharmaceuticals dosed at 50 µg/L, 
Bonvin et al. (2016) [379] found equilibrium times of 8 – 12 h for PACs having an average particle 
size (d50) ranging from 17 to 37 µm. The NSAIDs and β-blockers MIPs used in this study have d50 
of 46.5 µm and 53.6 µm respectively (the particle size distributions are given in Figure 5.2), which 
is larger than the PAC from the aforementioned study of Bonvin et al. (2016) [379], and even 
though adsorption usually occurs faster on adsorbents of a smaller particle size [380–382], still the 
MIP adsorption kinetics are faster than PAC kinetics. This could be explained by the high affinity 
that MIPs (more specifically the specific binding sites) have for their target molecules. It has to be 
noted that when using super-fine PAC (SPAC) with a d50 of 1 µm [379], the equilibrium times 
decreased to 7-10 minutes. In comparison to the MIPs of this study, 93% of ketoprofen equilibrium 
on NSAIDs MIP and 72% of metoprolol equilibrium on β-blockers MIP was reached after 12 
minutes (the transient zone between fast initial adsorption and slower subsequent adsorption). 
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Figure 5.2: Particle size distribution of NSAIDs MIP and β-blockers MIP. 
 
The fast kinetics of the MIP adsorbents imply that adsorption can occur relatively close to the 
maximum sorption capacity in smaller reactors, compared to PAC and even more so for granular 
activated carbon (GAC) (since adsorption occurs even slower for GAC than for PAC) [383]. 
3.2. Effect of competition with TrOCs: single solute (equilibrium) adsorption versus 
TrOC mix (equilibrium) adsorption in milli-Q 
3.2.1. Single solute adsorption isotherms 
Adsorption isotherms of ketoprofen and metoprolol on their designated MIPs are given in Figure 
5.3. At a Ce of 50 µg/L, the single solute MIP loadings are 9.9 µg/mg MIP and 1.4 µg/mg MIP for 
ketoprofen and metoprolol, for their dedicated MIPs respectively. Comparing these MIP loadings 
to activated carbon adsorption, Acero et al. (2012) [384] found single solute carbon loadings for 
metoprolol of 28.3 µg/mg AC and 14.4 µg/mg AC for ketorolac (an NSAID which is structurally 
very similar to ketoprofen), while Baccar et al. (2012) [385] found a single solute carbon loading 
for ketoprofen of 13.9 µg/mg AC. Especially for metoprolol, the AC loading is much higher than 
the MIP loading found in this study. This may be due to the lower specific surface area of the MIP 
compared to AC. The SBET for the β-blockers MIP is 205 m²/g (Table 5.1), while the SBET for the 
AC from Acero et al. (2012) [384] was 710 m²/g. Still, the solute surface loading of metoprolol is 
lower for the MIP, with 6.8 µg/m², compared to the AC with 40 µg/m². This difference, however, 
should not only be attributed to solute-adsorbent affinity, since pore size distribution and pore 
volume (i.e. pore shape) also have an effect on adsorption. The surface loadings are however in the 
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same order of magnitude, and when considering the high adsorption kinetics, this still makes the 
β-blocker MIP an interesting sorbent. The solute surface loading of ketoprofen is 17 m²/g for AC 
[385] and 18 m²/g for NSAIDs MIP. Ketorolac has a surface loading of 20 m²/g [384]. These 
figures are much similar, indicating that this commercially available MIP can compete with 
activated carbon in terms of surface loading. 
Table 5.1: Nitrogen adsorption-desorption of NSAIDs MIP and β-blockers MIP. 
adsorbent 
specific surface area 
SBET (m2/g) 
pore volume 
Vp (mL/g) 
NSAIDs MIP 544 0.45 
β-blockers MIP 205 0.35 
 
 
Figure 5.3: Adsorption of ketoprofen on NSAIDs MIP (A) and metoprolol on β-blockers MIP (B). 
y = 0,9585x0,356
R² = 0,9912
y = 2,09x0,3964
R² = 0,9923
0
2
4
6
8
10
12
0 20 40 60 80 100
Q
e 
(µ
g 
T
rO
C
 /
 m
g 
M
IP
)
Ce (µg/L)
TrOC mix
single solute
A
y = 0,0246x0,707
R² = 0,8295
y = 0,1227x0,6202
R² = 0,9734
0
0,5
1
1,5
2
2,5
0 20 40 60 80 100
Q
e 
(µ
g 
T
rO
C
 /
 m
g 
M
IP
)
Ce (µg/L)
TrOC mix
single solute
B
Chapter 5: Selective removal of TrOCs from water using MIPs 
117 
3.2.2. Multi-solute adsorption isotherms 
Upon addition of competing compounds (i.e. 33 TrOCs in a mixture), the ketoprofen loading on 
NSAIDs MIP and the metoprolol loading on β-blockers MIP decrease by 61% and 72% 
respectively. Of the entire TrOC mixture, 5 compounds were NSAIDs (diclofenac, ibuprofen, 
ketoprofen, naproxen and salicylic acid), and 3 are β-blockers (atenolol, metoprolol and 
propranolol). The combined MIP loading for the entire TrOC mixture is 30.7 µg total-
NSAIDs/mg NSAIDs MIP and 3.2 µg total-β-blockers/mg β-blockers MIP (Table 5.2), which for 
both cases is higher than their single-solute ketoprofen or metoprolol loadings, indicating that other 
target compounds adsorb better on MIPs than the chosen model compounds ketoprofen and 
metoprolol. 
Table 5.2: MIP loadings of target compounds on NSAIDs MIP and β-blockers MIP in milli-Q. 
target compounds 
(NSAIDs) 
NSAIDs MIP 
loading 
(µg/mg MIP) 
target compounds 
(β-blockers) 
β-blockers MIP 
loading (µg/mg 
MIP) 
diclofenac 15.2 atenolol 0 
ibuprofen 7.8 metoprolol 0.4 
ketoprofen 3.9 propanolol 2.8 
naproxen 3.9   
salicylic acid 0   
total MIP loading 
target compounds: 
30.7 
total MIP loading 
target compounds: 
3.2 
 
It is interesting to note that salicylic acid and atenolol did not adsorb on their designated MIPs 
(NSAIDs MIP and β-blockers MIP respectively), even though the MIPs were designed for these 
compounds (Table 5.2). This indicates that the selectivity of the MIPs towards their target 
compounds has limitations, which in fact can be explained by the nature of the sorbent. MIPs are 
often oversimplified into an adsorbent having specific binding sites and non-specific binding sites, 
however in reality there is a continuous spectrum of binding sites ranging from weaker binding 
(less specific) to stronger binding (more specific) [386]. It is therefore possible that the specific 
binding sites on NSAIDs MIP are already occupied by diclofenac, ibuprofen, ketoprofen and 
naproxen, as well as other solutes present in the TrOC mixture. For the β-blockers MIP, it is 
possible that propranolol and metoprolol take up most specific sites. The degree of specific binding 
can be tested using non-imprinted polymers (NIPs, polymers produced without a template, and 
thus lacking specific cavities), however these NIPs were not commercially available. For this reason, 
it is difficult to make statements about the exact extent of specific and non-specific binding. 
Another reason for salicylic acid and atenolol failing to bind on their designated MIP could lie in 
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their high hydrophilicity. Of all target compounds, these two are the most hydrophilic with log D 
values of -1.552 and -2.871 respectively, and as will be discussed more in detail in paragraph 3.3, a 
low log D tends to lead to a negative influence on the adsorption of solutes on MIP. Previously 
conducted research using the same commercially available MIPs as SPE adsorbents is in agreement 
with the observations presented here. In a mixture of 7 NSAIDs (without other matrix 
constituents), salicylic acid had the lowest recovery of all solutes present [387]; and in a mixture of 
4 β-blockers and 2 other competing TrOCs, similarly as observed here, also atenolol had the lowest 
recovery of all TrOCs. Note that in this study, a mixture with a much higher number of solutes 
was used, which may explain why in this case no adsorption was observed for salicylic acid and 
atenolol [388]. 
3.3. Relating TrOC mix adsorption in milli-Q to solute physico-chemical parameters 
From the Freundlich constants, MIP loadings (Qe) were calculated at a Ce of 50 µg/L. This method 
allowed for a representative quantification of the MIP loading without the need for extrapolation. 
In case no decrease in TrOC concentration was observed with higher MIP dose (i.e. no adsorption 
occurred), the MIP loadings were assumed to be 0. MIP loadings could be calculated for all TrOCs 
with the exception of gemfibrozil on NSAIDs MIP, where the adsorption was too high to reliably 
calculate a MIP loading, therefore in this case the MIP loading was set to ‘higher than maximum 
detected’, i.e. >15.16 µg TrOC/mg MIP. 
In general, TrOCs with a higher hydrophobicity demonstrate the highest MIP loading for both 
adsorbents under investigation (Figure 5.4). This type of relation is often also described for AC as 
an adsorbent, however it must be noted that in reality this gives an oversimplification of the effects 
of solute – adsorbent affinity, since adsorption is governed by other parameters than log D as well 
[273]. Nevertheless, log D can be a valuable descriptor for adsorbent affinity, which was also found 
in this study, indicating that the adsorbent material (i.e. polymers and/or the crosslinking agent) 
tends to be hydrophobic as well. Still, the relatively hydrophilic solutes which adsorb are either the 
target molecules (NSAIDs or β-blockers) or structurally similar compounds. E.g. clenbuterol is a 
β2-agonist, which has a similar molecular structure as β-blockers (a hydroxyl functional group with 
adjacent secondary amine group, followed by a tertiary butyl or propyl group), explaining its 
adsorption on β-blockers MIP. Triclopyr and clofibric acid are two relatively hydrophilic 
compounds adsorbing on NSAIDs MIP, likely because they have carboxylic acid groups, as 
NSAIDs have. Gemfibrozil is both hydrophobic and has a carboxylic acid group, which explains 
its excellent adsorption on NSAIDs MIP. These results prove that selective adsorption is indeed 
taking place on the MIPs. 
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Figure 5.4: Relation between MIP loading and solute hydrophobicity (expressed as log D). TrOCs are sorted for increasing 
hydrophobicity at pH 6.4. Gemfibrozil is represented with a fading-out bar as its MIP loading is higher than 15.16 µg/mg. 
 
As can be seen in Figure 5.5, charge also affects MIP adsorption. No positively charged solutes 
appear to adsorb on NSAIDs MIP, while the only positively charged solutes adsorbing on β-
blockers MIP are the β-blockers (except of the very hydrophilic atenolol) and β2-agonist 
clenbuterol. From the pH drift experiment, it can be concluded that the adsorbent materials are 
negatively charged at the experimental pH of 6.4 (Figure 5.6, where the area below the 1:1 line 
represent negatively charged solids), therefore one would expect to see electrostatic repulsion with 
negatively charged solutes, however this is not the case. This could partially be explained by the 
negatively charged TrOCs which adsorb on β-blockers MIP being relatively hydrophobic 
compounds, but also it is unknown whether these solutes adsorb to the polymeric material of the 
MIP or to the crosslinking agent used during MIP production. 
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Figure 5.5: Relation between MIP loading and charge. TrOCs are sorted for increasing average charge of the different solute 
microspecies present at pH 6.4. Gemfibrozil is represented with a fading-out bar as its MIP loading is higher than 15.16 µg/mg. 
 
Figure 5.6: Adsorbent surface charge determination using the pH drift method. 
 
In Figure 5.7, the molecular size (expressed as Van der Waals volume) of the solutes is related to 
MIP loading, however no clear relation could be established with this parameter. Even though a 
link between MIP loading and molecular size may be expected, due to the specific cavities having 
a certain size according to the template molecule(s) used in the production process, from these 
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results this effect may not be distinguishable due to the solutes having a relatively comparable Van 
der Waals volume (median of 209.311 Å3 and average of 210.770 ± 53.656 Å3). 
 
Figure 5.7: Relation between MIP loading and solute Van der Waals volume. TrOCs are sorted for increasing Van der Waals 
volume. Gemfibrozil is represented with a fading-out bar as its MIP loading is higher than 15.16 µg/mg. 
 
3.4. Effect of competition with water matrix (organic) components: TrOC mix 
adsorption in milli-Q and different matrices 
Similarly as described under Paragraph 3.3, MIP loadings (Qe) could be calculated at a Ce of 50 
µg/L for all TrOCs under all matrix conditions, with the exception of gemfibrozil on NSAIDs 
MIP in milli-Q and NR-NOM matrices, for which the adsorption was too high to reliably calculate 
a MIP loading. Therefore in these cases the MIP loading was set to ‘higher than maximum 
detected’, i.e. >15.16 µg TrOC/mg MIP. Boxplots were constructed from the MIP loadings of all 
compounds that adsorbed. For the boxplots of NSAIDs MIP in milli-Q and NR-NOM matrix, 
gemfibrozil (representing the maximum whisker) is shown by an arrow pointing upwards indicating 
that the true maximum MIP loading is higher than 15.16 µg/mg. Note that even though this value 
is not perfectly quantifiable, the box is displayed correctly because it is constructed with quartiles. 
The MIP loadings of the 33 TrOCs on NSAIDs MIP are given in Table E.2 in Appendix E and 
boxplots are given in Figure 5.8 while for β-blockers MIP these are given in Table E.3 in Appendix 
E and Figure 5.9.  
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Figure 5.8: Boxplots of MIP loadings (Qe at Ce = 50 µg/L) of solutes adsorbing on NSAIDs MIP, in different matrices. The 
maximum whiskers ending in an arrow represent gemfibrozil, indicating its loading is higher than 15.16 µg/mg. 
 
 
Figure 5.9: Boxplots of MIP loadings (Qe at Ce = 50 µg/L) of solutes adsorbing on β-blockers MIP, in different matrices. 
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3.4.1. Effect of solution matrix on TrOC mix adsorption 
Adsorption of TrOCs onto the MIPs was clearly influenced by the solution matrix, both in terms 
of TrOC loading and number of different TrOCs adsorbing. 
The total MIP loading (including all TrOCs) on NSAIDs MIP decreased from >75.68 µg 
TrOCs/mg MIP in milli-Q, to >43.71 µg/mg in NR-NOM, to 29.06 µg/mg in surface water and 
22.70 µg/mg in wastewater effluent (Table E.2 in Appendix E). This decrease can be attributed to 
an increase in competition when more matrix compounds are present, which was also found for 
MIP adsorption of clofibric acid in milli-Q and surface water [184], and which is a widely known 
phenomenon in activated carbon adsorption [123, 389]. The TOC of NR-NOM, surface water and 
wastewater effluent was 3.26 ± 0.02 mg/L, 7.89 ± 0.04 mg/L and 13.04 ± 0 mg/L respectively, 
thus the higher the TOC content of the matrix, the less TrOC adsorption was observed. Also the 
MIP loading of the target compounds (diclofenac, ibuprofen, ketoprofen, naproxen and salicylic 
acid) decreased with increasing matrix TOC content, from 30.72 µg NSAIDs/mg (milli-Q) to 9.36 
µg/mg (NR-NOM) to 3.34 µg/mg (surface water) and 1.03 µg/mg (wastewater effluent). This 
shows that the organic matter is definitely interacting with the adsorption sites on NSAIDs MIP, 
thus the selectivity of the NSAIDs MIP in real waters is limited. The number of different TrOCs 
that adsorbed on NSAIDs MIP remained relatively constant, with 16 compounds adsorbing in 
milli-Q and surface water, 17 in NR-NOM and 14 in wastewater effluent. Interestingly, the 
adsorbing compounds in question were different between the different matrices. As stated above, 
the majority of TrOCs adsorbing on NSAIDs MIP showed a decreasing MIP loading with 
increasing matrix TOC content, however lidocaine, clenbuterol, metoprolol and propranolol 
adsorption increased with increasing matrix TOC concentration. This could be due to a secondary 
adsorption (which possibly is electrostatically induced since these compounds are all cationic) 
taking place onto the already adsorbed matrix organic matter (NOM and EfOM) which is anionic 
at a pH of 6.4 [389, 390]. This effect has been previously observed by de Ridder et al. (2011) [389] 
who reported that adsorption of negatively charged NOM onto AC lead to a more negatively 
‘apparent’ surface charge of the adsorbent, effectively increasing sorption of positively charged 
solutes. 
The total MIP loading (including all TrOCs) on β-blockers MIP also decreased from 13.72 µg 
TrOCs/mg MIP in milli-Q, to 9.90 µg/mg in NR-NOM, to 3.62 µg/mg in surface water and 4.16 
µg/mg in wastewater effluent (Table E.3 in Appendix E). This decrease is less pronounced than 
the one observed for NSAIDs MIP. The adsorption of the target compounds (atenolol, metoprolol 
and propranolol) for this MIP, showed a completely different trend: the adsorption of the target 
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compounds remained quite constant, with adsorptions of 3.19 µg β-blockers/mg MIP (milli-Q), 
6.02 µg/mg (NR-NOM), 1.81 µg/mg (surface water) and 2.32 µg/mg (wastewater effluent). 
Interestingly, an increase in adsorption of target compounds was thus even found when NR-NOM 
was present. For the β-blockers MIP, the amount of different TrOCs that adsorbed decreased with 
an increasing matrix TOC concentration, indicating that addition of competing TOC decreases the 
MIP adsorption. Most compounds showed a decrease in MIP loading when matrix organic matter 
was present, however clenbuterol, metoprolol and propranolol had the highest loading when NR-
NOM was present (these are the β-blockers plus the β2-agonist), and atrazine adsorbed the best 
when EfOM was present. These results prove that matrix constituents certainly have an influence 
on MIP adsorption, possibly enhancing it or decreasing it (potentially via secondary adsorption 
phenomena [389]). 
As mentioned before, the decrease in target TrOC removal was very distinct on NSAIDs MIP, but 
not so much for β-blockers MIP. In fact, the target TrOC removal compared to milli-Q decreased 
with 70% in NR-NOM, 89% in surface water an 97% in wastewater effluent for NSAIDs MIP. 
For β-blockers MIP, NR-NOM resulted in an increase in adsorption of the target TrOCs of 89%, 
and a decrease of 43% was observed in surface water and 27% in wastewater effluent compared to 
milli-Q. The reason behind this difference is likely due to the difference in nature of the specific 
adsorption sites between these two MIPs, having an influence on the adsorption of organic matter. 
NSAIDs all possess the carboxylic acid functional group, which is incorporated in the specific 
cavities of the NSAIDs MIP, while the β-blockers MIP incorporates a hydroxyl functional group 
with adjacent secondary amine group, followed by a propyl group. The latter structure is much 
more complex and therefore less common in natural waters compared to the former. For this 
reason, it is theorized that NSAIDs MIP are influenced much more by matrix compounds than β-
blockers MIP, resulting in the β-blockers having a higher selectivity towards their target compounds 
compared to NSAIDs MIP. For activated carbon, a decrease in adsorption capacity was found as 
well, when dissolved organic matter was present. Under presence of NOM, Matsui et al. (2003) 
[391] found a decrease of 60 – 90 % of different TrOCs adsorbing on different types of PAC with 
NOM concentrations of 4.2 and 6.0 mg/L, while Quinlivan et al. (2005) [123] reported decreases 
in adsorption of 15 – 71% upon presence of 4.0 mg/L NOM. Similarly for EfOM, Bonvin et al. 
(2016) [379] found decreases of 50 – 70 % TrOC adsorption with 5.1 mg/L competing EfOM. 
Taking into account the TOC concentrations from our experiments, which were generally higher 
than those in the aforementioned studies, the decreases in target solute adsorption onto NSAIDs 
MIP are in the same range as the ones found for PAC adsorption, however target β-blockers MIP 
adsorption proved to be less influenced by competition with NOM/EfOM compared to PAC, 
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which again indicates that β-blockers MIP are more specific, and thus more robust towards matrix 
effects than NSAIDs MIP. 
4. Conclusions 
This study focused on adsorption of a wide range of TrOCs on selective MIP adsorbents. The 
following conclusions can be drawn. 
 Adsorption kinetics of target compounds occur much faster on MIPs compared to PAC, 
despite the relatively large average particle size. 93% of ketoprofen equilibrium on NSAIDs 
MIP and 72% of metoprolol equilibrium on β-blockers MIP was reached after 12 min, and 
complete equilibrium was established after 8 and 4 h, respectively for the solutes mentioned 
above. These fast kinetics imply that MIP adsorbents can be utilised relatively close to their 
maximum sorption capacity in smaller adsorption reactors compared to PAC and GAC 
reactors. 
 Out of 33 TrOCs in milli-Q, 16 showed adsorption on NSAIDs MIP and 11 on β-blockers 
MIP. In both cases, the most hydrophilic target compounds (salicylic acid and atenolol) did 
not adsorb. We found that the non-target compounds that adsorb on the MIP are either 
structurally similar towards the target compounds, or more hydrophobic. This shows that 
MIP adsorption is influenced by solute hydrophobicity, and at least some non-selective 
binding takes place. Additionally, an effect of solute charge was found, where anionic non-
target solutes adsorbed the best, and cationic non-target solutes did not adsorb (except for 
clenbuterol on β-blockers MIP, which in essence is not a β-blocker but a β2-agonist which 
is structurally very similar to β-blockers). 
 Adsorption in different matrices (NR-NOM, surface water and wastewater effluent) 
showed an overall decrease in TrOC adsorption, of both non-target compounds and target 
TrOCs, which can be attributed to competitive adsorption. 
 The β-blockers MIP proved to be more robust towards competing organic matter, and thus 
appears to be more selective compared to NSAIDs MIP. This is likely due to a difference 
in nature of the selective adsorption sites, which incorporate a more molecularly complex 
structure for β-blockers. Adsorption of target compounds on β-blockers MIP also proved 
to be less influenced by competition with NOM/EfOM compared to PAC, which is a 
potential advantage of MIPs over AC when an efficient removal of target compounds in a 
complex matrix solution is the goal. 
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These conclusions provide a first insight into applicability of MIPs in water treatment, proving that 
the selectivity of MIPs is dependent on different factors (properties of TrOCs present, competing 
matrix compounds but also the MIP adsorbent itself). Advantages of MIP adsorbents over AC 
(being the benchmark adsorption medium) are much faster adsorption kinetics, therefore the 
CAPEX cost of MIP adsorption reactors may be significantly lower compared to AC adsorption 
reactors. Another advantage over AC is that MIPs can be easily reused after regeneration [183], 
however this will create an additional CAPEX cost (in terms of an on-site regeneration unit). 
Finally, depending on the MIP, a more robust adsorbent can be applied in terms of competition 
towards organic matter compared to AC. 
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The main objective of this research was to explore new strategies and technologies for trace organic 
contaminant removal from water. The major part of this study focuses on gaining insights into 
different reductive degradation methods for trace organic contaminant removal from water. Two 
reduction methods have been tested, being catalytic reduction (on 5 TrOCs, Chapter 2), and 
advanced reduction (on 27 TrOCs, Chapter 3; and 29 TrOCs, Chapter 4). Additionally, a critical 
evaluation is carried out on how reduction would be complementary to subsequent activated 
carbon adsorption, in comparison to the combination of oxidation and activated carbon adsorption 
(Chapter 2). Finally, a novel adsorbent type was tested for the first time on a large set of organic 
micropollutants in order to obtain selective removal of these pollutants from real water matrices 
(Chapter 5). 
1. General discussion 
1.1. Reductive removal/degradation of organic micropollutants 
1.1.1. Catalytic reduction 
In Chapter 2, catalytic reduction, using biogenic Pd/Au nanoparticles, has been investigated on a 
total of 5 TrOCs, being atrazine, bromoxynil, carbamazepine, diatrizoic acid and dinoseb. 
Previously conducted studies have only been performed on chlorinated solutes, i.e. diclofenac and 
trichloroethylene [137, 144], reporting hydrodechlorination reactions. In this study, evidence of a 
wider range of reactions occurring with bio-Pd/Au is provided, as all TrOCs were effectively 
reduced, yielding hydrogenation, hydrodeoxygenation, and different hydrodehalogenation 
products. 
Of the 5 TrOCs investigated, carbamazepine, bromoxynil and dinoseb were completely degraded 
within 30 minutes, atrazine within 4 hours and diatrizoic acid within 8 hours. In comparison, 
complete oxidative removal of the parent TrOCs by ozone was found for carbamazepine within 
12.5 minutes, > 88% oxidative removal within 20 minutes for dinoseb and bromoxynil, and 43% 
and 62% removal for the more ozone-persistent solutes diatrizoic acid and atrazine respectively 
after 20 minutes. Catalytic reduction, even when using an efficient bimetallic catalyst [137], is thus 
a considerably slower mechanism than ozonation, being the state-of-the-art oxidative technique. 
Even though TrOC degradation is occurring, the slow rate would require large contacting reactors 
in practice, which will hamper practical applicability of catalytic reduction. The reaction rate can be 
increased by using a higher catalyst dose, yet the applied dose in this study is generally considered 
to be an overdose of what is deemed as economically viable [147]. Other problems arising with 
catalytic reactions are catalyst fouling (largely due to inorganic or organic sulfur containing ions 
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and compounds), which is difficult or sometimes impossible to reverse [145]; and catalyst leaching, 
especially when using nanoparticles [146]. For this reason, bio-Pd/Au should in fact be considered 
as a chemical which is “consumed” in the process, rather than a truly reusable catalyst material 
[147]. Together with the necessity to dose an electron-donor (such as H2 gas), bio-Pd/Au should 
not be considered as a chemical-free method. 
Considering the drawbacks as they stand at this moment and are likely to remain in the future, 
catalytic reduction will not be suitable to be generally implemented in (municipal or drinking) water 
treatment. However, still, the results prove that the reductive degradation concept is interesting in 
terms of formed by-products, and could thus be useful for TrOC abatement. However, it is not 
likely that this will occur through catalytic reduction, rather a different (i.e., faster and less 
expensive) reductive technique. 
It is important to keep in mind that neither catalytic reduction and ozonation result in TrOC 
mineralization, rather only transformation occurs. If transformation products are of concern, both 
techniques therefore should be followed by a second subsequent treatment step, capable of 
removing these transformation products. In this study, activated carbon adsorption was used as a 
treatment step to remove transformation products. Conclusions concerning the complementarity 
between AC adsorption and the oxidative and reductive pre-treatments will be discussed in 
paragraph 1.2.1. 
1.1.2. Advanced reduction 
Advanced reduction results in a faster degradation of TrOCs than catalytic reduction, indicating it 
may be a more viable reduction method than catalytic reduction. In the UV/sulfite ARP, 
degradation can occur through both photolysis and reaction with reducing radicals. A mixture of 
27 and 29 TrOCs was subjected to UV/sulfite ARP in Chapter 3 and Chapter 4, respectively, 
whereby similar results were found in terms of major removal mechanism. Except for diglyme, all 
TrOCs showed both photolytic degradation and reductive degradation. In Chapter 3 and Chapter 
4, respectively 17 solutes and 19 solutes were degraded the fastest in presence of reducing radicals 
compared to photolytic degradation. The other solutes are removed more efficiently by photolysis, 
i.e. in absence of sulfite. 
Degradation proves to be dependent on the applied sulfite dose. Solutes which are removed well 
by photolysis show decreased reactivity upon addition of sulfite (due to competition for photons), 
while solutes which are removed well by reducing radicals benefit from a higher sulfite 
concentration. It is thus possible that by altering the solution chemistry in order to favor 
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degradation of one group of solutes, the degradation of other solutes can be suppressed. Thus, in 
practice, an assessment will have to be made about which sulfite dose should be applied, based on 
the TrOCs present in the feed water. 
However, solutes which are removed faster with photolysis than under ARP conditions are not 
necessarily unreactive towards reducing radicals, as an increase in reduction product formation is 
still found for those TrOCs which are categorized with photolysis as the major degradation 
mechanism, in ARP experiments than in photolysis experiments. Reaction with reducing radicals 
therefore only occurs slower than photolytic degradation for these TrOCs. 
Degradation is also found to be dependent on pH. Photolytic TrOC degradation rates are affected 
by solution pH, however no clear link with different microspecies, present at different pH, is found. 
This is supported by some previously observed trends in literature as well, where photolytic 
removal could not be related to (de)protonated microspecies present either. The exact factors 
governing (the effect of pH on) photolytic removal are thus still to be elucidated. 
In the UV/sulfite ARP, different reducing radicals are being produced under different solution pH, 
and TrOC removal is affected accordingly. At alkaline pH, hydrated electrons are formed, which 
overall result in a faster TrOC removal compared to hydrogen atoms, formed at acidic and neutral 
pH. 
Reducing radicals (𝑒𝑎𝑞
−  and 𝐻•) are found to be more effective for dehalogenation than UV253.7 nm 
irradiation, and the hydrated electrons prove to be the most efficient dehalogenating entities (more 
than 𝐻•). However, since 𝑒𝑎𝑞
−  is a negatively charged species, electrostatic repulsion can occur at 
negatively charged reducible moieties in the target molecules, resulting in a reduced reactivity. This 
phenomenon is observed for ibuprofen and gemfibrozil, containing negatively charged carboxylate 
functional groups. However, other mechanisms should also be involved, since for other solutes 
also containing anionic carboxylate moieties (such as clofibric acid, diatrizoic acid and diclofenac), 
no higher 𝐻•-induced removal is observed compared to photolysis. 
The presence of inorganic matter (NaCl and Na2CO3) results, in general, in a decreased photolytic 
TrOC degradation, due to a deactivation of photolytically generated excited states of TrOCs 
and/or by quenching TrOC based radicals formed upon UV253.7 nm irradiation. An organic matter 
matrix also generally decreases photolytic TrOC degradation, in the order of Nordic Reservoir 
NOM (NR-NOM) > humic acid > alginate. Some exceptions exist towards this photolysis 
inhibition by these (in)organic matrix substances, indicating component dependent behavior. 
Dimethoate, paracetamol, naproxen, dinoseb and diatrizoic acid show a faster degradation in NaCl 
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or Na2CO3 water matrices. Also, ibuprofen and gemfibrozil are removed better when NR-NOM is 
present, caffeine removal is faster with addition of humic acid, and all three DOM types result in a 
faster removal of dimethoate. As a result, photolytic degradation of these TrOCs shows to be 
influenced by reactive species produced from DOM, such as 1O2 and 
3DOM*. 
TrOC degradation in the UV/sulfite ARP was not largely affected by NaCl, however bicarbonate 
– surprisingly – enhanced degradation of halogenated solutes. Interestingly, no increased formation 
of dehalogenation products could however be observed in this case, with the exception of triazine 
herbicides. This shows that other transformation products than halogenated ones must be formed 
in parallel. As for dissolved organic matter, both humic acid and alginate decrease TrOC 
degradation in the UV/sulfite process, while NR-NOM speeds up TrOC degradation. It is thus 
clear that different types of DOM alter micropollutant removal in a different manner, likely due to 
different 3DOM* species being generated by different DOM types. Since this effect is not observed 
during photolysis, as a result, Na2SO3 must be responsible for the increased micropollutant 
degradation, possibly by enhancing transfer of reactive species from 3DOM* to the target TrOCs. 
As indicated by a lower formation and slower subsequent degradation of reduction products, the 
reactive 3DOM*-generated species have a lower dehalogenating nature than 𝑒𝑎𝑞
− . Degradation is 
thus very dependent on the solution chemistry. 
Interestingly, a more extensive degradation (i.e., further transformation of reduced reaction 
products) is found with advanced reduction compared to catalytic reduction. This is shown by atra-
H, DABA and DH-carb being end products in catalytic reduction, but degrading further in 
advanced reduction. In this study, it was not possible to determine whether photolysis or reducing 
radicals are responsible for this further degradation. However, this clearly demonstrates that the 
UV/sulfite ARP is a more powerful technology than biogenic Pd/Au nanocatalysts for TrOC 
degradation. 
Also the UV/sulfite ARP is not a chemical-free method, due to the necessity to dose Na2SO3 as 
electron-donating agent. It must be noted that sulfite is a chemical allowed to be used in drinking 
water treatment according to the Flemish legislation [32]. In addition, the final end product of 
sulfite in ARP is sulfate [171], which is a harmless macro-element, naturally present in drinking 
water. Still, because of the sulfite dose, the sulfate concentration will increase, and thus care must 
be taken not to exceed the sulfate norm for drinking water of 250 mg/L. Note that the experiments 
in this study were not conducted at environmentally relevant concentrations. Therefore it is hard 
to make a statement about what the required sulfite dose would be to achieve adequate TrOC 
removal at environmentally relevant concentrations (at ng/L - µg/L concentrations).  
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Compared to the UV/H2O2 AOP, the UV/sulfite ARP requires higher energy inputs to achieve 
the same TrOC removal degree, because the effective generation of reducing radicals is lower than 
the generation of oxidative radicals at 253.7 nm irradiation. The required UV fluences for obtaining 
90% TrOC removal in ARP are in the order of several hundred to several thousand mJ cm-2, 
whereas for AOP the energy inputs are usually below 1000 mJ cm-2. As such, UV253.7 nm/sulfite 
cannot compete with UV253.7 nm/H2O2 from an economical point of view. 
Since the UV/sulfite ARP is a UV based process, with germicidal 253.7 nm irradiation, it can be 
expected that ARP will simultaneously act as a disinfection step in water treatment. The necessary 
UV fluence for reductive TrOC degradation (several hundred to several thousand mJ cm-2) is much 
higher than the UV fluence required for disinfection (around 60 mJ cm-2) [392]. This is a practical 
advantage in drinking water treatment, where disinfection is a very important aspect in the 
treatment process. A thorough UV-disinfection during ARP will significantly decrease the number 
of alive micro-organisms, which may result in a lower required NaOCl dose in post-chlorination, 
necessary to prevent biological contamination of the drinking water network. 
1.2. Adsorption 
1.2.1. Adsorption as a post-treatment for catalytic reduction or ozonation 
As both catalytic reduction and ozonation did not mineralize the TrOCs investigated in Chapter 2, 
but only resulted in the formation of a mixture of transformation products, the solutions obtained 
after these pre-treatments were subjected to activated carbon adsorption. This was done in order 
to find out what the effect of the different types of pre-treatment is on adsorbability of the 
transformation products. A comparison with AC adsorption of the parent compounds was 
performed as well. Mixed results were found, proving that no preceding technology can be 
considered as being unambiguously superior to the other. Reductive transformation products of 
diatrizoic acid, atrazine and dinoseb are adsorbed better than their respective oxidative 
transformation products. On the other hand, bromoxynil’s ozonation products adsorb better than 
its reduction transformation products. For carbamazepine, both pre-treatments prove to decrease 
activated carbon adsorption. Note that most differences in AC adsorption removal are relatively 
small, except for the case of diatrizoic acid, where DABA, the only and final catalytic reduction 
product of diatrizoic acid, showed a major increase in adsorption behavior. 
As a result, the success of applying a sequence of catalytic reduction – AC adsorption depends on 
the composition of the TrOCs in the water. In most real waters, multiple TrOCs will be present. 
Therefore, if a combination of either catalytic reduction or ozonation and AC is to be applied, the 
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choice on the pre-treatment technology will have to be made by balancing out the change in AC 
adsorption of the different TrOCs present in the feed water. 
Note that in this study only 5 TrOCs were tested, because of the limitation of having to use TOC 
analysis as a measure for adsorption (as oxidation/reduction by-products could not all be 
determined individually). Due to the limited sensitivity of TOC-analysis, relatively high TrOC 
concentrations needed to be used, which resulted in the boundary conditions of the solubility 
limitations of TrOCs. This study therefore only provides a first outline, however, a more thorough 
investigation involving more solutes is highly recommended. To achieve this, TrOCs with low 
solubility will inevitably need to be included, and as such, either advances in TOC analysis need to 
be made, or a full identification and quantification of the reaction mixture products needs to be 
achieved, so that adsorption can be measured with GC and LC techniques. Neither of these are 
straightforward. Analysis of low TOC concentrations (below 0.1 µg/L) is difficult due to easy 
contamination of sample recipients and background carbon in ultrapure water. Alternatively, a full 
identification and quantification of degradation products would require the synthesis of primary 
analytical standards of degradation products, or isolation of them from reaction product mixtures. 
Both are expensive procedures requiring a lot of resources. 
1.2.2. The oxidation – adsorption combination in drinking water treatment: reflections 
Knowing that the difference in adsorption between ozonation products and parent TrOCs is small, 
the widely used ozonation – GAC adsorption sequence for TrOC removal could be put up for 
debate. This is because in GAC filters, small solutes such as TrOCs and their associated 
transformation products are expected to be removed mainly due to adsorption, and not through 
biodegradation [225, 227, 231]. Using both ozonation and AC adsorption has the apparent 
advantage that two techniques can partake in TrOC removal, however, if ozonation does not 
overall benignly alter adsorbability, it may be economically more viable to rely on a well-designed 
AC adsorption filter only, without a preceding ozonation step. This statement is of course under 
the assumption that both TrOCs (as parent compounds) and transformation products are 
undesirable and to be removed. 
To date, no legislation about transformation products exists. The current Flemish drinking water 
legislation dictates that pesticides should be removed to a maximum concentration of 0.1 µg/L per 
individual compound, which is in fact a norm imposed from an ethical perspective (since pesticides 
are anthropogenic components, they do not belong in drinking water and thus should not be 
present in it). This reasoning may be extended to the transformation products as well, as 
transformation products of pesticides should still be considered as anthropogenic components. 
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Note that other anthropogenic molecules, such as pharmaceuticals and industrial products, are not 
included in the legislation either. From an ethical point-of-view, also these other anthropogenic 
components and their transformation products are undesirable in drinking water. 
In addition, by choosing not to apply a preceding ozonation, no unknown transformation products 
are generated, and therefore the operational time of GAC filters can be determined by monitoring 
breakthrough of TrOCs. If TrOCs are first transformed, unknown transformation products may 
have unknowingly broken through, before the decision is made to regenerate the GAC.  
These unknown oxidative transformation products can sometimes be of concern, as oxidative 
transformation products may be more problematic from a toxicological point of view [294]. 
Schlüter-Vorberg et al. (2015) [287], Larcher et al. (2012) [288], Ferrando-Climent et al. (2017) 
[393], Hamdi El Najjar et al. (2014) [394], Dantas et al. (2011) [395], Gómez-Ramos et al. (2011) 
[396] and Illés et al. (2014) [397] reported that oxidative transformation products of some TrOCs 
(e.g. tamoxifen, acyclovir, 17α-ethinylestradiol, paracetamol, propranolol, sulfamethoxazole and 
ketoprofen) have higher toxicity than their parent compounds. Fatta-Kassinos et al. (2011) [398] 
wrote a review stating more examples of higher toxicity of oxidative transformation products 
compared to the parent compounds. On the other hand, other examples where toxicity is decreased 
have been reported as well [398, 399], sometimes only at high oxidant doses [400]. It may thus be 
concluded that oxidative destruction of TrOCs can result in both a decreasing and increasing 
toxicity of transformation products, depending on the solutes present. Considering there is no 
universal decrease in toxicity after TrOC oxidation, and from the ethical stand-still principle that 
the quality of water should at least remain at its present level (and not decrease), it may be better 
not to apply an oxidative pre-transformation process. 
Note that also the reduction technologies investigated in this work result in the formation of TrOC-
based transformation products, and thus the same ethical considerations as mentioned with 
oxidative technologies also apply here. 
1.2.3. Adsorption as a post-treatment for advanced reduction 
Similar as with catalytic reduction, advanced reduction will only find a real breakthrough when it 
either decreases toxicity of TrOCs more efficiently than AOPs (which would be in compliance with 
the ethical stand-still principle), or if it transforms TrOCs into products which are better removable 
in a subsequent unit operation, such as activated carbon (which would result in an overall higher 
removal of TrOCs and associated transformation products). As highlighted in paragraph 1.1.2, the 
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transformation products of advanced reduction are different than those of catalytic reduction, 
therefore the AC adsorbability of ARP-products is yet to be determined. 
1.2.4. Molecularly imprinted polymer adsorption 
In activated carbon adsorption, not only target molecules (such as TrOCs) are being removed, but 
also harmless dissolved organic matter. Therefore, in Chapter 5, molecularly imprinted polymers, 
being a novel adsorbent type, were tested for selective adsorption of TrOCs in real water matrices.  
Target TrOC removal using selective MIP adsorbents is featured by fast adsorption kinetics, in 
which initially a primary selective adsorption is taking place (i.e. through 1-on-1 matching of 
specific cavities and their target TrOCs), followed by a slower levelling out adsorption taking place 
at non-selective binding sites. MIP adsorption equilibrium is being reached much faster than 
powdered activated carbon. The fast initial adsorption accounted for 72% of metoprolol 
equilibrium on β-blockers MIP, and 93% of ketoprofen equilibrium on NSAIDs MIP, both being 
reached within 12 minutes. Ultimately, complete equilibrium is reached after 4 and 8 h for 
metoprolol and ketoprofen on β-blockers MIP and NSAIDs MIP, respectively. Since a large 
portion of the total equilibrium is reached in such a short time, i.e., since there is such fast 
adsorption, MIP adsorbents can be applied in smaller reactors compared to PAC. 
The selectivity of MIP adsorbents, however, also has its limitations. In a mixture of 33 TrOCs, 
target hydrophilic TrOCs (i.e. salicylic acid and atenolol for NSAIDs MIP and β-blockers MIP, 
respectively) do not adsorb, while non-target hydrophobic TrOCs do show adsorption on MIPs. 
Also structurally similar solutes to the target solutes are removed by MIP adsorbents, which 
decreases the adsorption capacity for the target solute. Finally, some anionic non-target solutes also 
adsorb on MIPs. This shows that some at least some non-selective binding of small solutes occurs, 
who will thus compete with target solutes for adsorption sites. 
Adsorption of both target and non-target TrOCs decreases in different (non-ultrapure water) 
matrices, however the extent to which this occurs depends on the MIP type and the DOM type. 
The β-blockers MIP suffers less from competition by background DOM, which is likely due to a 
difference in nature of the selective adsorption sites compared to those of NSAIDs MIP. MIPs are 
produced using a target solute(s) (or a molecule(s) structurally similar as the target solute(s)) as a 
template. NSAIDs all incorporate a carboxylic acid functional group, while the functional structure 
of β-blockers is a hydroxyl functional group with adjacent secondary amine group, followed by a 
propyl group. The latter structure is much more complex than the former, and therefore less 
commonly found in DOM in real waters such as surface water and wastewater effluent. As a result, 
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DOM can compete more easily with NSAIDs for selective binding sites on NSAIDs MIP than for 
β-blockers on the β-blockers MIP. This is also supported by comparing MIP adsorption to PAC 
adsorption, where only the β-blockers MIP is less influenced by competition with DOM.  
As such, the selectivity of MIPs depend on the MIP itself, as well as the properties of the different 
TrOCs present and competing matrix organic matter. 
Even though adsorption kinetics are high, and selective removal is possible, one major drawback 
of MIPs are their high production costs. According to the manufacturer, MIPs cannot be produced 
below € 900 per kg [401], which is much higher (on average a factor 1000) than the market price 
of PAC at € 600 – 4500 per ton [402]. As such, it is unlikely that MIPs will be applied for water 
remediation of TrOCs. 
1.3. Comparison of the different experimental technologies applied in this work 
In Table 6.1, the previously mentioned advantages and disadvantages for the different experimental 
technologies, which were applied in this work, is summarized. 
Table 6.1: Comparison of advantages and disadvantages of the experimental technologies applied in this work. 
catalytic bio-Pd/Au reduction UV/sulfite ARP MIP adsorption 
ADVANTAGES 
- can vastly improve AC adsorption 
(e.g. the diatrizoic acid case) 
- fast reduction method 
- selective TrOC removal possible 
(dependent on TrOC class & MIP 
type) 
- efficient dehalogenation - faster dehalogenation - fast adsorption 
 - further TrOC degradation 
- no transformation product 
formation 
 - simultaneous disinfection  
DISADVANTAGES 
- slow reduction method 
- in general adversely affected by 
DOM and DIM 
- requires on-site regeneration 
- catalyst fouling - transformation product formation 
- not economically viable (MIP 
adsorbent a factor 1000 more 
expensive than AC) 
- catalyst leaching - not chemical-free (sulfite dosing)  
- transformation product formation 
- not economically viable (requires 
more energy than AOP) 
 
- not chemical-free (H2 and catalyst)   
- not economically viable   
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2. Recommendations for future research 
In this PhD thesis, insights have been gained in reduction and adsorption processes for TrOC 
degradation. Still, more research is necessary, especially in order to gain more mechanistic insights 
in the processes applied in this work. In the following, some recommendations for future research 
are formulated. 
 As mentioned in paragraph 1.1.2, the exact factors determining the effect of solution pH 
on photolytic removal of TrOCs could not be elucidated. In order to be able to better 
predict photolytic removal of other, new, TrOCs, it is imperative that advances are made 
in this area. Establishing further mechanistic insights in this area would not only be useful 
for explaining and predicting TrOC degradation in UV253.7 nm reactors, but could possibly 
also be useful for photolytic TrOC degradation in the environment, through visible solar 
radiation on surface water. This study was conducted on a mixture of TrOCs, therefore it 
is possible that the photolytic removal is indirectly affected by different TrOCs present in 
the solution. If reactive species are formed from some types of photolytically excited DOM, 
then TrOCs themselves could possibly create reactive entities as well, of which the 
reactivity and generation rate could be pH dependent. To confirm this, separate TrOCs 
should be investigated in parallel to TrOC mixtures. 
 The exact mechanisms governing TrOC removal in environmentally relevant water 
matrices can be investigated further in detail, by examining TrOC degradation using 
scavengers for the different reactive entities produced from DOM and inorganic solutes. 
The role of singlet oxygen can be further investigated by using NaN3 as a 
1O2 quencher, by 
using rose bengal (a pigment) as a photosensitizer for generation of 1O2, and by conducting 
experiments in D2O (in which 
1O2 has a longer lifetime compared to H2O) [403]. The role 
of 3DOM* can be further investigated using sorbic acid, which acts as a 3DOM* quencher 
[404]. Experiments should be performed using different types of DOM, and in solutions 
containing single TrOCs and TrOC mixtures, in order to gain mechanistic insights in the 
process. This could ultimately lead towards a better prediction of the behaviour of different 
TrOCs in UV-based processes, such as photolysis, AOPs and ARPs. 
 A more extensive degradation is found with advanced reduction compared to catalytic 
reduction, however it was not possible to determine whether photolysis or reducing radicals 
are responsible for this further degradation. Since in the UV/sulfite ARP these two 
processes always occur in parallel, the phenomenon responsible for degradation should be 
examined with radiation chemistry. Through radiolysis of water, and in the presence of a 
hydroxyl radical scavenger, hydrated electrons can be produced as the single reactive entity 
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[317]. This would enable to make a discrimination between UV25.7 nm induced photolytic 
degradation, and 𝑒𝑎𝑞
−  induced degradation. 
 The UV/sulfite ARP was found to be less efficient in terms of energy input compared to 
the UV/H2O2 AOP. In order to make ARPs more competitive with AOPs, methods to 
achieve higher yields of reducing radicals should be investigated. This may be achieved by 
using different lamps having a different emitting wavelength, and/or by using different 
electron-donating anions than sulfite. 
Because SO3
2- shows an absorption peak around 210 nm [166], ideally a lamp emitting light 
close to 210 nm should be used. This may be achieved using a zinc lamp, emitting light at 
213.9 nm [358], however, one problem associated with zinc lamps, is that their lifetime is 
very limited. After 2 months of continuous operation, the output has declined to 50% of 
the initial output [405]. Other possible UV sources are excimer lamps, e.g. a KrCl excimer 
lamp which emits near-monochromatic UV light at 222 nm, or a KrBr excimer lamp 
emitting at 207 nm [406]. A potential problem associated with applying UV irradiation at 
lower wavelength, is that the deeper into the UV-C region, the more chance on formation 
of chlorinated by-products. Chloride ions have a quantum yield of 0.4 at 193 nm [154], 
forming Cl2 gas, which hydrolyses into HOCl. Thus UV irradiation at shorter wavelengths 
increases the chance on formation of chlorinated by-products such as trihalomethanes and 
haloacetic acids. Note that in reducing environment, this may be less of an issue, as 
hydrated electrons are efficient dehalogenating species, therefore chlorinated by-products, 
may be instantaneously dehalogenated. Thus, the formation of chlorinated by-products in 
reducing environment will depend on the equilibrium between formation (resulting from 
Cl- oxidation upon deep-UV irradiation) and destruction (dehalogenation with 𝑒𝑎𝑞
− ). 
While SO3
2- is one of the most interesting electron-donating agents, as it is a chemical which 
is already approved for use in drinking water treatment [32] and given the fact that the end 
product is sulfate [171], other electron-donating anios could be used as well. Examples of 
other chemicals which produce 𝑒𝑎𝑞
−  are Fe2+ (at wavelengths below 240 nm [407], which 
may be useful in ground water), and iodide (showing absorption peaks at wavelengths 
around 195 and 225 nm [157]). Note that iodide oxidises to I2 upon UV irradiation, which 
may in turn react with iodide to form trijodide (I3
-). The latter is an oxidant, and thus an 
electron scavenger. Qu et al. (2010) found that the optimum KI concentration is around 
0.3 mM, while higher KI doses are less interesting due to a higher formation of I3
-. 
 Because in the UV253.7 nm/sulfite ARP, germicidal irradiation is applied, it can be expected 
that ARP will simultaneously act as a disinfection step in water treatment. Given the higher 
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fluences applied for TrOC removal compared to the fluence necessary for disinfection, this 
can indeed be expected. If ARP were to be used in drinking water treatment, the expected 
disinfection may as well decrease the required NaOCl dose in post-chlorination. It is 
recommended to investigate and validate this experimentally. 
 As mentioned in paragraph 1.2.1, a more thorough investigation involving more solutes – 
and preferably at low, environmentally relevant concentrations – is highly recommended 
to further determine the effects of an oxidative and reductive pre-treatment on activated 
carbon adsorption of transformation products. To achieve this, a full identification and 
quantification of transformation products is necessary, as this would enable to investigate 
more TrOCs, including the ones with low solubility. This is important, as many relevant 
TrOCs are only weakly soluble in water. However, establishing a full identification and 
quantification of the transformation products is not a straightforward or simple task. As 
such, another recommendation for future research, which may be more straightforward, is 
the determination of the overall toxicity of oxidation and reduction products. If a decrease 
in toxicity is found for one of the degradation techniques, a full identification and 
quantification of the transformation product mixture may not be necessary. For ozonation, 
there have already been some reports of increased toxicity after ozonation, which resulted 
in the claim for the need of a more extended removal of transformation products, since 
ozonation transformation products should not be considered as viable end products [287, 
288]. For reductive transformation products, however, no studies have been performed on 
toxicity of reduction products. Overall, a thorough investigation on toxicity of both 
oxidative and reductive transformation products should be performed. Furthermore, using 
chromatography techniques, transformation product mixtures can be split in different 
fractions. These separated fractions (each one containing a different part of the reaction 
products) can also be subjected to toxicity tests. If a higher toxicity is found in one fraction, 
the exact compound responsible for the toxicity can be further narrowed down, and 
identified. This procedure would enable to identify the most toxic transformation products, 
after which its presence and generation in different reactors can be monitored. 
Identifying unknown transformation products represents a major analytical challenge, as 
no prior information is known about which compounds are present. Screening for non-
target (unknown) compounds can be performed through acquiring full-scan accurate mass 
spectra of several samples (e.g. at different oxidant doses), and identifying peaks of interest 
(e.g. where peak intensity increases with higher oxidant dose). (An) elemental formula(s) 
can be fitted to the accurate mass (the number of possible elemental formulas within a 
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predefined mass accuracy decreases with increasing resolving power), and plausible 
structures corresponding to the elemental formula can be derived through comparison with 
libraries. Specialized software and algorithms are available for automatic peak selection and 
comparison of elemental formulas with libraries [408]. The number of derived possible 
structures needs to be reduced, through comparing measured fragmentation patterns with 
known fragmentation ions in databases. Non-target screening can be performed using Q-
Exactive, Q-TOF or LTQ-Orbitrap, as these hybrid instruments allow to both perform 
precursor ion fragmentation, as well as the acquisition of accurate mass spectra. Ultimately, 
in non-target screening, HRMS data should be accompanied with other technologies such 
as hydrogen-1 and carbon-13 nuclear magnetic resonance to elucidate the structural traits 
of the unknown molecule, in order to truly identify the unknown compound [408]. 
 Because in ARP dehalogenation is an efficient degradation pathway, the effect of ARP 
should be investigated on biodegradation. This can be tested using both sand filtration and 
biological activated carbon filtration. 
 A general conclusion, being made throughout this entire work, is that no single technology 
can be used for an efficient degradation of all TrOCs. As is known from literature, AOPs 
are less effective at dehalogenation reactions, and as found in this study, also ARPs are less 
efficient for removal of some TrOCs (e.g. diglyme being completely recalcitrant, and other 
TrOCs showing slow reaction). It may thus be expected that a combination of both AOPs 
and ARPs could result in an efficient removal of most – if not all – TrOCs present in the 
mix. In fact, the technology to combine both oxidation and reduction in a single process 
exist, under the name advanced oxidation and reduction processes (AO/RPs). In AO/RPs, 
both hydroxyl radicals, hydrated electrons and hydrogen atoms are formed, each of which 
can react with its preferred target moieties in TrOCs. These oxidative and reducing radicals 
are formed through the homolysis of water. Examples of AO/RPs are radiolysis of water 
through γ-irradiation or E-beam irradiation, but also photolysis of water through UV 
irradiaton at wavelengths lower than 190 nm (i.e. through vacuum-UV irradiation) [149, 
151, 327]. To date, only limited attention has gone to TrOC degradation with AO/RPs, 
however, since both oxidative and reductive radicals are being produced simultaneously, 
the technology seems promising and should be investigated further. 
 Since the cost of MIPs is very high (minimum producton cost of € 900/kg), it is unlikely 
that MIPs will find an application in water treatment for TrOC removal. A more cost-
worthy application of MIPs could be recovery of platinum group metals or rare earth 
elements. As a rough calculation: with a platinum price of 36 000 € per kg in August 2016 
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[409], and assuming a MIP loading of 5 g Pt/kg MIP, one adsorption-desorption cycle of 
1 kg MIP adsorbent could potentially recover 180 € of Pt. Obviously, this is just a very 
rough first estimate, which needs to be investigated properly. MIPs have already been 
applied successfully for adsorption of ions, such as cadmium(II), chromium(III) and 
yttrium(III), showing selective binding between MIP and ions [410–412]. As such, 
application of MIPs could be more cost-effective if the adsorbate is valuable, and thus 
worthy to be recovered. MIP adsorbents, tailor-made for recovery of rare earth metals 
could be applied in, for example, treatment of landfill leachate, as these valuable metals can 
leach from electronic waste. Since different ions will be present, special attention must go 
to developing the MIP with high selectivity, which would enable to recover Pt or other rare 
earth metals from complex matrices, even at low concentrations. 
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Appendix A  
Chemical structures of trace organic contaminants 
pesticides  
atrazine 
 
bromoxynil 
 
chloridazon 
 
dimethoate 
 
dinoseb 
 
diuron 
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pirimicarb 
 
simazine 
 
triclopyr 
 
solvents  
diglyme 
 
pharmaceuticals  
atenolol 
 
caffeine 
 
carbamazepine 
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clenbuterol 
 
clofibric acid 
 
diatrizoic acid 
 
diclofenac 
 
gemfibrozil 
 
hydrochlorothiazide 
 
ibuprofen 
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ketoprofen 
 
lidocaine 
 
lincomycin 
 
metoprolol 
 
naproxen 
 
paracetamol 
 
phenazone 
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propranolol 
 
ranitidine 
 
salicylic acid 
 
sulfamethoxazole 
 
terbutaline 
 
theophylline 
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Appendix B  
Addendum B.1: UHPLC-HR-Orbitrap-MS analysis protocol for TrOCs and reduction/oxidation products. 
1 mL samples were spiked with a mixture of internal standards (atrazine-d5 at 10 µg/L, diuron-d6 
at 20 µg/L, paracetamol-d4, ketoprofen-d3 and sulfamethoxazole-
13C6 at 40 µg/L, and metoprolol-
d7, diatrizoic acid-d6 and ibuprofen-d3 at 75 µg/L). An Accela autosampler, maintained at 15 °C, 
was coupled to an Accela degasser and an Accela 1250 pump. The injected extract (10 µL) was 
separated on a Nucleodur C18 Pyramid column (100 x 2 mm, 1.8 µm; Macherey-Nagel, USA) at a 
constant flow of 300 µL/min. Solvents A (0.08% HCOOH in ultrapure water) and B (MeOH) 
were used in the following gradient: 1 minute isocratically at 98% A and 2% B, increase of B to a 
composition of 10% A and 90% B during 3.5 minutes, increase of B to a composition of 100% B 
during 2 minutes, 1.5 minutes isocratically at 100% B and finally the column was equilibrated for 
1.5 minutes at the initial conditions of 98% A and 2% B. Components were ionized with a H-ESI-
II (Heated Electrospray ionization) interface. The sheath gas flow rate was set to 30 arbitrary units, 
no auxiliary gas or sweep gas was used. The spray voltage, capillary voltage, tube lens voltage and 
skimmer voltage was set to 4000 V, 82.5 V, 120 V and 20 V respectively for positive ionization 
mode, and 4000 V, -30 V, -95 V and -26 V respectively for negative ionization mode. The capillary 
temperature was set to 250 °C and the vaporizer heater temperature was set to 350 °C. Detection 
occurred with an Orbitrap high resolution mass spectrometer, working alternatively in positive and 
negative modes at a switching rate of 2 Hz. The resolution was set to 50000 full width at half 
maximum, an automatic gain control target of 5.105 was used, and the scan range was 100.00 – 
700.00 m/z. The high energy collision dissociation cell was turned off. Analysis data was processed 
with the Thermo Xcalibur 2.1.0.1140 package. Analytes were interpreted according to their accurate 
precursor ion masses: [M+H]+ for atrazine and carbamazepine, [M-H]- for bromoxynil and 
dinoseb, and [M+NH4]
+ for diatrizoic acid. The maximum mass tolerance was set to 5.0 ppm. 
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Addendum B.2: Theoretical and measured precursor ion masses of oxidation and reduction products. 
CDIT – theoretical: 
 
CDIT – measured at t = 20 min: 
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CDAT – theoretical: 
 
CDAT – measured at t = 20 min: 
 
  
Appendix B: Supplementary material to Chapter 2 
153 
DIA-imine – theoretical: 
 
DIA-imine – measured at t = 20min: 
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CIAT – theoretical: 
 
CIAT – measured at t = 20min: 
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atra-H – theoretical: 
 
atra-H – measured at t = 24h: 
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BQM – theoretical: 
 
BQM – measured at t = 5 min: 
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BQD – theoretical: 
 
BQD – measured at t = 5min: 
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BaQD – theoretical: 
 
BaQD – measured at t = 5min: 
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Br-DHBN – theoretical: 
 
Br-DHBN – measured at t = 5 min: 
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diat-I2H – theoretical: 
 
diat-I2H – measured at t = 4h: 
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diat-IH2 – theoretical: 
 
diat-IH2 – measured at t = 4h: 
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dino-OH – theoretical: 
 
dino-OH – measured at t = 5min: 
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dino-COH – theoretical: 
 
dino-COH – measured at t = 5min: 
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dino-NO2NH2 – theoretical: 
 
dino-NO2NH2 – measured at t = 24h: 
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Table B.1: Change in TOC concentration during ozonation. 
TrOC Change in TOC concentration during O3 (%) 
atrazine -1.5 
carbamazepine -0,8 
bromoxynil 3.9 
diatrizoic acid 1.2 
dinoseb 0.0 
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Figure B.1: Chemical structures of atrazine and its reduction and oxidation products.  
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Figure B.2: Chemical structures of carbamazepine and its reduction and oxidation products. 
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Figure B.3: Chemical structures of bromoxynil and its reduction and oxidation products. 
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diatrizoic acid 
 
 
 
 
DABA 
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diat-IH2 isomers 
  or  
  
 
Figure B.4: Chemical structures of diatrizoic acid and its reduction products. 
reduction products 
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Figure B.5: Chemical structures of dinoseb and its oxidation and reduction products. 
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Appendix C  
Table C.1: List of trace organic contaminants. Molecular weight and pKa were calculated using Marvin 14.0 (ChemAxon, 
Hungary). Quantum yield and molar absorption coefficient adopted from [294] 
TrOC formula 
MW 
(g/mol) 
pKa 
QY (* 10-2 
mol/einstein) 
ε (* 103 
M-1 cm-1) 
QY*ε 
(L einstein-1 
cm-1) 
pesticides       
atrazine C8H14ClN5 215.7 3.20 4.77 ± 1.37 3.40 ± 0.66 162 
bromoxynil C7H3Br2NO 276.9 5.11 4.00 4.97 199 
chloridazon C10H8ClN3O 221.6     
dimethoate C5H12NO3PS2 229.3     
dinoseb C10H12N2O5 240.2 4.57    
diuron C9H10Cl2N2O 233.1 13.18 1.43 ± 0.41 16.1 ± 0.4 230 
pirimicarb C11H18N4O2 238.3 4.99    
simazine C7H12ClN5 201.7 3.23 8.30 3.33 276 
triclopyr C7H4Cl3NO3 256.5 2.28    
solvent       
diglyme C6H14O3 134.2     
pharmaceuticals       
caffeine C8H10N4O2 194.2  0.180 3.92 7.06 
carbamazepine C15H12N2O 236.3  0.060 6.07 3.6 
clofibric acid C10H11ClO3 214.6 3.37 27.5 ± 37.3 0.927 ± 0.930 255 
diatrizoic acid C11H12I3N3O4 613.9 
2.17; 11.84; 
12.51 
3.50 31.2 109*101 
diclofenac C14H11Cl2NO2 296.1 4.00 29.2 ± 8.6 4.77 ± 1.16 139*101 
gemfibrozil C15H22O3 250.3 4.42    
hydrochlorothiazide C7H8ClN3O4S2 297.7 9.09; 9.83; 11.31 4.10 6.65 273 
ibuprofen C13H18O2 206.3 4.85 19.2 0.256 49.1 
ketoprofen C16H14O3 254.3 3.88 29.8 ± 8.7 15.3 ± 0.2 456*101 
lidocaine C14H22N2O 234.3 7.75    
lincomycin C18H34N2O6S 406.5 
7.97; 12.37; 
12.97; 13.56 
   
metoprolol C15H25NO3 267.4 9.67 3.47 ± 4.12 0.565 ± 0.333 19.6 
paracetamol C8H9NO2 151.2 9.46 0.180 6.64 ± 2.14 12.0 
phenazone C11H12N2O 188.2  3.37 ± 4.18 8.60 ± 0.43 290 
propranolol C16H21NO2 259.3 9.67    
sulfamethoxazole C10H11N3O3S 253.3 1.97; 6.16 3.79 ± 1.15 13.2 ± 4.5 500 
theophylline C7H8N4O2 180.2 7.82    
 
with: MW: molecular weight. QY: quantum yield. ε: molar absorption coefficient. 
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Addendum C.1: UHPLC-HR-Orbitrap-MS analysis of TrOCs and reduction products. 
Analysis of TrOCs was performed on a benchtop Q-ExactiveTM UHPLC-HR-Orbitrap-MS 
(Thermo-Scientific, USA), equipped with an Accela autosampler (maintained at 10°C), degasser 
and 1250 bar LC pump. 
1 mL samples were spiked with a mixture of internal standards (atrazine-d5 at 10 µg/L, diuron-d6 
at 20 µg/L, paracetamol-d4, ketoprofen-d3 and sulfamethoxazole-
13C6 at 40 µg/L, and metoprolol-
d7 at 75 µg/L). The injected sample (10 µL) was separated on a Nucleodur C18 Pyramid column 
(100 x 2 mm, 1.8 µm; Macherey-Nagel, USA) at a temperature of 30 °C and at a constant flow of 
280 µL/min. Solvents A (0.1% HCOOH in ultrapure water) and B (0.01% HCOOH in MeOH) 
were used in the following mobile phase gradient: 1 minute isocratically at 98% A and 2% B, 
increase of B to a composition of 10% A and 90% B during 3.5 minutes, increase of B to 100% 
during 2 minutes, 2.5 minutes isocratically at 100% B, and finally the column was equilibrated for 
2 minutes at the initial conditions of 98% A and 2% B. Analytes were ionized with a HESI-II 
(Heated Electrospray ionization) interface, working alternatively in positive and negative modes at 
a switching rate of 2 Hz. The sheath gas and auxiliary gas flow rates were set to 45 and 15 arbitrary 
units, respectively. No sweep gas was used. The spray voltage was set to 3500 V, the capillary 
temperature to 350 °C, and the vaporizer heater temperature to 375 °C. The resolving power of 
the Orbitrap detector was set to 35000 full width at half maximum. An automatic gain control 
target of 3.106 was used, the maximum injection time was set to 200 ms, and the scan range was 
100.00 – 700.00 m/z. Analysis data were processed with the Thermo Xcalibur 2.1.0.1140 package. 
Analytes were interpreted according to their accurate precursor ion masses ([M+H]+ or [M-H]-, or 
[M+NH4]
+), using a maximum mass tolerance of 5.0 ppm. 
 
 
Figure C.1: Sulfur (IV) speciation as a function of pH. 
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Addendum C.2: Confirmation of reduction products (theoretical and measured m/z of the precursor ion, mass deviation, and 
isotope distributions). 
 
Mass deviation (must be lower than 5 ppm): 
reduction 
product 
precursor 
ion 
theoretical 
exact mass 
precursor 
ion (m/z) 
ARP 
measured 
accurate 
mass 
precursor 
ion (m/z) 
photolysis 
measured 
accurate 
mass 
precursor 
ion (m/z) 
ARP 
mass 
deviation 
(ppm) 
photolysis 
mass 
deviation 
(ppm) 
APAA [M+H]+ 228.10191 228.10141 228.10149 2.2 1.8 
MPPA [M-H]- 179.07137 179.07158 179.07146 -1.2 -0.5 
DH-carb [M+H]+ 239.11789 239.11858 239.11772 -2.9 0.7 
tric-Cl2H [M+H]+ 221.97192 221.97246 221.97270 -2.4 -3.5 
tric-ClH2 [M+H]+ 188.01090 188.01045 188.01108 2.4 -1.0 
PYAA [M+H]+ 154.04987 154.04984 154.04994 0.2 -0.5 
sima-H [M+H]+ 168.12437 168.12439 168.12427 -0.1 0.6 
atra-H [M+H]+ 182.14002 182.14055 182.14021 -2.9 -1.0 
hydr-H [M-H]- 261.99617 261.99667 261.99643 -1.9 -1.0 
diat-IH2 [M+H]+ 380.01018 380.01093 380.01089 -2.0 -1.9 
DABA [M+H]+ 254.11353 254.11395 254.11377 -1.7 -0.9 
Br-HBN [M-H]- 195.94035 195.94046 195.94046 -0.6 -0.6 
HBN [M+H]+ 120.04439 120.04450 120.04451 -0.9 -1.0 
monuron [M+H]+ 199.06327 199.06256 199.06316 3.6 0.6 
fenuron [M+H]+ 165.10224 165.10234 165.10226 -0.6 -0.1 
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Theoretical and measured isotope distributions: 
APAA – theoretical: 
 
APAA – measured at pH 10 / ARP 5 mM / t = 4min: 
 
APAA – measured at pH 10 / photolysis / t = 4min: 
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MPPA – theoretical: 
 
MPPA – measured at pH 10 / ARP 5 mM / t = 60min: 
 
MPPA – measured at pH 10 / photolysis / t = 35min: 
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DH-carb – theoretical: 
 
DH-carb – measured at pH 10 / ARP 5 mM / t = 20min: 
 
DH-carb – measured at pH 10 / photolysis / t = 10min: 
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tric-Cl2H – theoretical: 
 
tric-Cl2H – measured at pH 10 / ARP 5 mM / t = 4min: 
 
tric-Cl2H – measured at pH 10 / photolysis / t = 4min: 
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tric-ClH2 – theoretical: 
 
tric-ClH2 – measured at pH 10 / ARP 5 mM / t = 10min: 
 
tric-ClH2 – measured at pH 10 / photolysis / t = 20min: 
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PYAA – theoretical: 
 
PYAA – measured at pH 10 / ARP 5 mM / t = 20min: 
 
PYAA – measured at pH 10 / photolysis / t = 35min: 
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sima-H – theoretical: 
 
sima-H – measured at pH 10 / ARP 5 mM / t = 35min: 
 
sima-H – measured at pH 10 / photolysis / t = 20min: 
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atra-H – theoretical: 
 
atra-H – measured at pH 10 / ARP 5 mM / t = 20min: 
 
atra-H – measured at pH 10 / photolysis / t = 120min: 
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hydr-H – theoretical: 
 
hydr-H – measured at pH 10 / ARP 5 mM / t = 4min: 
 
hydr-H – measured at pH 10 / photolysis / t = 4min: 
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diat-IH2 – theoretical: 
 
diat-IH2 – measured at pH 10 / ARP 5 mM / t = 4min: 
 
diat-IH2 – measured at pH 10 / photolysis / t = 4min: 
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DABA – theoretical: 
 
DABA – measured at pH 10 / ARP 5 mM / t = 10min: 
 
DABA – measured at pH 10 / photolysis / t = 20min: 
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Br-HBN – theoretical: 
 
Br-HBN – measured at pH 10 / ARP 5 mM / t = 4min: 
 
Br-HBN – measured at pH 10 / photolysis / t = 4min: 
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HBN – theoretical: 
 
HBN – measured at pH 10 / ARP 5 mM / t = 60min: 
 
HBN – measured at pH 10 / photolysis / t = 120min: 
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monuron – theoretical: 
 
monuron – measured at pH 10 / ARP 5 mM / t = 4min: 
 
monuron – measured at pH 10 / photolysis / t = 4min: 
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fenuron – theoretical: 
 
fenuron – measured at pH 10 / ARP 5 mM / t = 35min: 
 
fenuron – measured at pH 10 / photolysis / t = 20min: 
 
  
 
 
Table C.2: TrOCs’ functional groups and physico-chemical descriptors. 
TrOC Methyl Carbamate Urea AliphEth ArylAliphEth AromRing NonAromRing Halogen Hydrox PrimAm SecAm TertAm Amide 
atrazine 3 0 0 0 0 1 0 1 0 0 2 0 0 
bromoxynil 0 0 0 0 0 1 0 2 1 0 0 0 0 
caffeine 3 0 0 0 0 2 0 0 0 0 0 0 0 
carbamazepine 0 0 1 0 0 2 1 0 0 0 0 0 0 
chloridazon 0 0 0 0 0 2 0 1 0 1 0 0 0 
clofibric acid 2 0 0 0 1 1 0 1 0 0 0 0 0 
diatrizoic acid 2 0 0 0 0 1 0 3 0 0 0 0 2 
diclofenac 0 0 0 0 0 2 0 2 0 0 1 0 0 
diglyme 2 0 0 3 0 0 0 0 0 0 0 0 0 
dimethoate 3 0 0 0 0 0 0 0 0 0 0 0 1 
dinoseb 2 0 0 0 0 1 0 0 1 0 0 0 0 
diuron 2 0 1 0 0 1 0 2 0 0 0 0 0 
gemfibrozil 4 0 0 0 1 1 0 0 0 0 0 0 0 
hydrochlorothiazide 0 0 0 0 0 1 1 1 0 0 1 0 0 
ibuprofen 3 0 0 0 0 1 0 0 0 0 0 0 0 
ketoprofen 1 0 0 0 0 2 0 0 0 0 0 0 0 
lidocaine 4 0 0 0 0 1 0 0 0 0 0 1 1 
lincomycin 4 0 0 0 0 0 2 0 4 0 0 1 1 
metoprolol 3 0 0 1 1 1 0 0 1 0 1 0 0 
paracetamol 1 0 0 0 0 1 0 0 1 0 0 0 1 
phenazone 2 0 0 0 0 2 0 0 0 0 0 0 0 
pirimicarb 6 1 0 0 0 1 0 0 0 0 0 0 0 
propranolol 2 0 0 0 1 2 0 0 1 0 1 0 0 
simazine 2 0 0 0 0 1 0 1 0 0 2 0 0 
sulfamethoxazole 1 0 0 0 0 2 0 0 0 1 0 0 0 
theophylline 2 0 0 0 0 2 0 0 0 0 0 0 0 
triclopyr 0 0 0 0 1 1 0 3 0 0 0 0 0 
  
  
 
Table C.2: TrOCs’ functional groups and physico-chemical descriptors (continued). 
TrOC SulphonAm Carbonyl CarboxAcid Nitrile Nitro ThioAcetal DiThioPhos 
EHOMO 
(eV) 
ELUMO 
(eV) 
band gap 
(eV) 
charge 
(pH 6) 
charge 
(pH 8) 
charge 
(pH 10) 
atrazine 0 0 0 0 0 0 0 -9.59 -2.94 6.65 0.001 0 0 
bromoxynil 0 0 0 1 0 0 0 -6.40 -2.78 3.62 -0.885 -0.999 -1 
caffeine 0 2 0 0 0 0 0 -5.04 -2.71 2.33 0 0 0 
carbamazepine 0 0 0 0 0 0 0 -8.92 -2.15 6.77 0 0 0 
chloridazon 0 1 0 0 0 0 0 -10.08 -3.52 6.56 0 0 0 
clofibric acid 0 0 1 0 0 0 0 -4.58 -1.83 2.75 -0.998 -1 -1 
diatrizoic acid 0 0 1 0 0 0 0 -3.33 -0.41 2.92 -1 -1 -1.185 
diclofenac 0 0 1 0 0 0 0 -4.77 -2.48 2.29 -0.99 -1 -1 
diglyme 0 0 0 0 0 0 0 -6.94 -0.69 6.25 0 0 0 
dimethoate 0 0 0 0 0 0 1 -5.59 -2.63 2.96 0 0 0 
dinoseb 0 0 0 0 2 0 0 -6.43 -3.73 2.70 -0.964 -1 -1 
diuron 0 0 0 0 0 0 0 -9.56 -3.59 5.97 0 0 -0.001 
gemfibrozil 0 0 1 0 0 0 0 -8.08 -4.50 3.58 -0.975 -1 -1 
hydrochlorothiazide 2 0 0 0 0 0 0 -8.42 -3.75 4.67 -0.001 -0.091 -1.54 
ibuprofen 0 0 1 0 0 0 0 -10.06 -3.32 6.74 -0.934 -0.999 -1 
ketoprofen 0 1 1 0 0 0 0 -6.51 -2.49 4.02 -0.992 -1 -1 
lidocaine 0 0 0 0 0 0 0 -10.25 -4.56 5.69 0.983 0.362 0.005 
lincomycin 0 0 0 0 0 1 0 -8.71 -3.17 5.54 0.986 0.391 -0.03 
metoprolol 0 0 0 0 0 0 0 -5.39 -2.86 2.53 1 0.979 0.317 
paracetamol 0 0 0 0 0 0 0 -6.07 -2.53 3.54 0 -0.033 -0.774 
phenazone 0 1 0 0 0 0 0 -5.46 -2.36 3.10 0 0 0 
pirimicarb 0 0 0 0 0 0 0 -6.96 -4.26 2.70 0.089 0.001 0 
propranolol 0 0 0 0 0 0 0 -5.95 -4.35 1.60 1 0.979 0.317 
simazine 0 0 0 0 0 0 0 -9.80 -3.17 6.63 0.001 0 0 
sulfamethoxazole 1 0 0 0 0 0 0 -6.64 -3.41 3.23 -0.408 -0.986 -1 
theophylline 0 2 0 0 0 0 0 -11.15 -3.79 7.36 -0.015 -0.605 -0.994 
triclopyr 0 0 1 0 0 0 0 -8.47 -3.43 5.04 -1 -1 -1 
 
with: AliphEth: aliphatic ether, ArylAliphEth: arylaliphatic ether, AromRing: aromatic ring, NonAromRing: non-aromatic ring, Hydrox: hydroxyl, PrimAm: 
primary amine, SecAm: secondary amine, TertAm: tertiary amine, SulphonAm: sulphonamine, CarboxAcid: carboxylic acid, DiThioPhos: dithiophosphate. 
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Addendum C.3: Outliers in MLR, represented by partial residue plots. 
pH 6 – photolysis outliers: 
 
 
 
  
Appendix C: Supplementary material to Chapter 3 
193 
pH 8 – ARP outliers: 
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pH 10 – ARP outliers: 
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Addendum C.4: MLR models. 
pH 6 – photolysis: 
 
 
 
 
pH 8 – photolysis: 
 
 
 
 
Model R R Square
Adjusted 
R Square
Std. Error of 
the Estimate
pH 6 - photolysis .795 .632 .597 2.330762
Model Summary
Sum of 
Squares
df
Mean 
Square
F Sig.
Regression 195.744 2 97.872 18.016 .000
Residual 114.081 21 5.432
Total 309.826 23
pH 6 - photolysis
ANOVA
Model
Standardized 
Coefficients
B Std. Error Beta Tolerance VIF
Halogen 1.750 .462 .580 3.789 .001 .749 1.335
AromRing .931 .437 .326 2.132 .045 .749 1.335
pH 6 - photolysis
Coefficients
Model
Unstandardized 
Coefficients t Sig.
Collinearity 
Statistics
Model R R Square
Adjusted R 
Square
Std. Error of 
the Estimate
pH 8 - photolysis .759 .576 .539 3.802592
Model Summary
Sum of 
Squares
df
Mean 
Square
F Sig.
Regression 450.973 2 225.487 15.594 .000
Residual 332.573 23 14.460
Total 783.546 25
ANOVA
Model
pH 8 - photolysis
Standardized 
Coefficients
B Std. Error Beta Tolerance VIF
Halogen 2.068 .739 .431 2.798 .010 .778 1.285
AromRing 1.937 .657 .454 2.947 .007 .778 1.285
pH 8 - photolysis
Coefficients
Model
Unstandardized 
Coefficients t Sig.
Collinearity 
Statistics
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pH 8 – ARP: 
 
 
 
 
pH 10 – ARP: 
 
 
R Square 
Change
F Change df1 df2
Sig. F 
Change
pH 8 - ARP .935 .874 .854 2.077596 .050 7.496 1 19 .013
Change Statistics
Model R R Square
Adjusted 
R Square
Std. Error of 
the Estimate
Model Summary
Sum of 
Squares
df
Mean 
Square
F Sig.
Regression 568.046 3 189.349 43.867 .000
Residual 82.012 19 4.316
Total 650.057 22
pH 8 - ARP
Model
ANOVA
Standardized 
Coefficients
B Std. Error Beta Tolerance VIF
Halogen 3.161 .417 .712 7.578 .000 .752 1.330
AromRing 1.886 .417 .450 4.522 .000 .670 1.492
ArylAliphEth -2.856 1.043 -.251 -2.738 .013 .793 1.261
pH 8 - ARP
Coefficients
Model
Unstandardized 
Coefficients t Sig.
Collinearity 
Statistics
Model R R Square
Adjusted 
R Square
Std. Error of 
the Estimate
pH 10 - ARP .925 .855 .835 2.528365
Model Summary
Sum of 
Squares
df
Mean 
Square
F Sig.
Regression 793.360 3 264.453 41.368 .000
Residual 134.245 21 6.393
Total 927.605 24
Model
pH 10 - ARP
ANOVA
Standardized 
Coefficients
B Std. Error Beta Tolerance VIF
Halogen 3.585 .498 .686 7.201 .000 .759 1.318
AromRing 2.180 .468 .464 4.655 .000 .694 1.441
ArylAliphEth -3.212 1.254 -.236 -2.561 .018 .813 1.230
Model
Unstandardized 
Coefficients t Sig.
Collinearity 
Statistics
pH 10 - ARP
Coefficients
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Appendix D  
Table D.1: List of trace organic contaminants. Molecular weight and pKa were calculated using Marvin 14.0 (ChemAxon, 
Hungary). 
TrOC formula 
MW 
(g/mol) 
pKa 
pesticides    
atrazine C8H14ClN5 215.7 3.20 
bromoxynil C7H3Br2NO 276.9 5.11 
chloridazon C10H8ClN3O 221.6  
dimethoate C5H12NO3PS2 229.3  
dinoseb C10H12N2O5 240.2 4.57 
diuron C9H10Cl2N2O 233.1 13.18 
pirimicarb C11H18N4O2 238.3 4.99 
simazine C7H12ClN5 201.7 3.23 
triclopyr C7H4Cl3NO3 256.5 2.28 
solvents    
diglyme C6H14O3 134.2  
pharmaceuticals    
caffeine C8H10N4O2 194.2  
carbamazepine C15H12N2O 236.3  
clenbuterol C12H18Cl2N2O 277.2 9.63 
clofibric acid C10H11ClO3 214.6 3.37 
diatrizoic acid C11H12I3N3O4 613.9 2.17; 11.84; 12.51 
diclofenac C14H11Cl2NO2 296.1 4.00 
gemfibrozil C15H22O3 250.3 4.42 
hydrochlorothiazide C7H8ClN3O4S2 297.7 9.09; 9.83; 11.31 
ibuprofen C13H18O2 206.3 4.85 
ketoprofen C16H14O3 254.3 3.88 
lidocaine C14H22N2O 234.3 7.75 
lincomycin C18H34N2O6S 406.5 7.97; 12.37; 12.97; 13.56 
metoprolol C15H25NO3 267.4 9.67 
naproxen C14H14O3 230.3 4.19 
paracetamol C8H9NO2 151.2 9.46 
phenazone C11H12N2O 188.2  
propranolol C16H21NO2 259.3 9.67 
sulfamethoxazole C10H11N3O3S 253.3 1.97; 6.16 
theophylline C7H8N4O2 180.2 7.82 
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Figure D.1: Photolysis of H2O2. 
 
 
 
Table D.2: Absorbance of solutions used in experiments. 
solution 
absorbance253.7 nm 
(-) 
photolysis 
OMP blanc 0.314 
NaCl 7.5 mM 0.316 
Na2CO3 2 mM 0.319 
NR-NOM 4 mg/L 0.363 
humic acid 4 mg/L 0.419 
alginate 4 mg/L 0.315 
ARP and chemical reduction 
OMP blanc 0.414 
NaCl 7.5 mM 0.414 
NR-NOM 4 mg/L 0.463 
Na2CO3 2 mM 0.419 
humic acid 4 mg/L 0.519 
alginate 4 mg/L 0.415 
 
  
k = -3,1325*10-04
R² = 0,9966
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Table D.3: UV fluence for 90% TrOC removal – photolysis. 
 
TrOC 
photolysis - fluence90 (mJ cm-2) 
 
blanc 
(milli-Q) 
Cl- 
7.5 mM 
HCO3- 
2 mM 
NR-NOM 
4 mg/L 
humic acid 
4 mg/L 
alginate 
4 mg/L 
A diglyme n.d. n.d. n.d. n.d. n.d. n.d. 
B lincomycin 2954 4858 3660 3343 2683 3527 
 lidocaine 2078 4640 3102 2774 2234 2619 
 metoprolol 2073 4248 3691 2958 1934 2155 
 diclofenac 193 341 220 304 285 256 
 pirimicarb 656 864 681 1351 769 670 
 sulfamethoxazole 323 433 364 465 483 361 
 clofibric acid 1028 1284 1051 1394 1039 1012 
 chloridazon 248 920 463 442 402 343 
 ketoprofen < 120 315 191 165 128 183 
C caffeine 33111 74429 59318 35703 20337 38918 
 theophylline n.d. n.d. n.d. n.d. n.d. n.d. 
 carbamazepine 1597 2709 2755 1924 1517 1360 
 triclopyr 1520 2084 1998 1843 1314 1365 
 simazine 1382 1603 1402 1403 1160 1077 
 atrazine 1327 1704 1502 1585 1274 1175 
 hydrochlorothiazide 916 1069 952 1333 1008 954 
 dinoseb 475 651 403 1047 705 429 
 dimethoate 5326 4772 4537 590 140 < 120 
 propranolol 6254 7563 6983 6486 5023 6160 
 diatrizoic acid 293 567 256 416 337 316 
 bromoxynil 784 959 870 1490 897 771 
 paracetamol 32396 22056 25293 41226 67547 48050 
 diuron 931 1205 1152 1300 1021 880 
 phenazone 752 878 766 1573 782 762 
 ibuprofen 21873 23294 21026 15378 23139 21204 
 gemfibrozil 26727 26303 34258 17636 31160 47411 
 naproxen 5507 4641 4748 5592 5842 4772 
 clenbuterol 1427 1730 1432 2572 1580 1347 
 
with: n.d.: not determined due to no reaction observed 
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Table D.4: UV fluence for 90% TrOC removal – ARP. 
 
TrOC 
ARP - fluence90 (mJ cm-2) 
 
blanc 
(milli-Q) 
Cl- 
7.5 mM 
HCO3- 
2 mM 
NR-NOM 
4 mg/L 
humic acid 
4 mg/L 
alginate 
4 mg/L 
A diglyme n.d. n.d. n.d. n.d. n.d. n.d. 
B lincomycin 13398 10969 22998 6775 27852 10778 
 lidocaine 9276 8220 15770 8061 15634 7796 
 metoprolol 11264 11824 15649 8876 16328 9513 
 diclofenac 272 269 287 132 309 276 
 pirimicarb 3328 1290 3846 958 4833 3125 
 sulfamethoxazole 414 397 351 253 464 393 
 clofibric acid 1722 1629 1671 1187 2017 1625 
 chloridazon 256 299 234 231 249 207 
 ketoprofen 146 160 151 < 120 120 136 
C caffeine 1675 2059 2210 2780 3096 1723 
 theophylline 3704 3585 5310 5688 7323 4041 
 carbamazepine 402 610 498 462 545 402 
 triclopyr 474 425 375 425 511 401 
 simazine 504 502 427 477 536 457 
 atrazine 522 601 478 536 620 501 
 hydrochlorothiazide 432 391 321 341 545 387 
 dinoseb 195 194 198 259 282 200 
 dimethoate 664 665 618 658 < 120 612 
 propranolol 1779 1784 2037 2404 2102 1840 
 diatrizoic acid 187 221 142 151 240 177 
 bromoxynil 499 513 437 430 450 429 
 paracetamol 6748 6042 9931 9764 12461 5931 
 diuron 612 608 524 495 624 505 
 phenazone 552 630 552 472 657 562 
 ibuprofen 16670 17483 23232 11598 20308 17756 
 gemfibrozil 20180 15285 19775 19242 34977 31642 
 naproxen 3342 3362 3252 1661 3120 3004 
 clenbuterol 746 648 559 700 848 634 
 
with: n.d.: not determined due to no reaction observed 
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Figure D.2: APAA, reduction product of diclofenac, with (A) photolysis and (B) ARP: blanc (solid line, dot marker), humic acid 
(long dash line, square marker), NR-NOM (dash line, triangle marker), alginate (long dash dot dot line, diamond marker), NaCl 
(dot line, cross marker) and Na2CO3 (short dash line, plus marker) (at constant sulfite concentration of 5 mM and constant pH of 
8).   
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Figure D.3: MPPA, reduction product of clofibric acid, with (A) photolysis and (B) ARP: blanc (solid line, dot marker), humic 
acid (long dash line, square marker), NR-NOM (dash line, triangle marker), alginate (long dash dot dot line, diamond marker), 
NaCl (dot line, cross marker) and Na2CO3 (short dash line, plus marker) (at constant sulfite concentration of 5 mM and constant 
pH of 8).   
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Figure D.4: DH-carb, reduction product of carbamazepine, with (A) photolysis and (B) ARP: blanc (solid line, dot marker), 
humic acid (long dash line, square marker), NR-NOM (dash line, triangle marker), alginate (long dash dot dot line, diamond 
marker), NaCl (dot line, cross marker) and Na2CO3 (short dash line, plus marker) (at constant sulfite concentration of 5 mM and 
constant pH of 8).   
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Figure D.5: Tric-Cl2H, reduction product of triclopyr, with (A) photolysis and (B) ARP: blanc (solid line, dot marker), humic acid 
(long dash line, square marker), NR-NOM (dash line, triangle marker), alginate (long dash dot dot line, diamond marker), NaCl 
(dot line, cross marker) and Na2CO3 (short dash line, plus marker) (at constant sulfite concentration of 5 mM and constant pH of 
8).   
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Figure D.6: Tric-ClH2, reduction product of triclopyr, with (A) photolysis and (B) ARP: blanc (solid line, dot marker), humic acid 
(long dash line, square marker), NR-NOM (dash line, triangle marker), alginate (long dash dot dot line, diamond marker), NaCl 
(dot line, cross marker) and Na2CO3 (short dash line, plus marker) (at constant sulfite concentration of 5 mM and constant pH of 
8).   
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Figure D.7: PYAA, reduction product of triclopyr, with (A) photolysis and (B) ARP: blanc (solid line, dot marker), humic acid 
(long dash line, square marker), NR-NOM (dash line, triangle marker), alginate (long dash dot dot line, diamond marker), NaCl 
(dot line, cross marker) and Na2CO3 (short dash line, plus marker) (at constant sulfite concentration of 5 mM and constant pH of 
8).   
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Figure D.8: Sima-H, reduction product of simazine, with (A) photolysis and (B) ARP: blanc (solid line, dot marker), humic acid 
(long dash line, square marker), NR-NOM (dash line, triangle marker), alginate (long dash dot dot line, diamond marker), NaCl 
(dot line, cross marker) and Na2CO3 (short dash line, plus marker) (at constant sulfite concentration of 5 mM and constant pH of 
8).   
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Figure D.9: Atra-H, reduction product of atrazine, with (A) photolysis and (B) ARP: blanc (solid line, dot marker), humic acid 
(long dash line, square marker), NR-NOM (dash line, triangle marker), alginate (long dash dot dot line, diamond marker), NaCl 
(dot line, cross marker) and Na2CO3 (short dash line, plus marker) (at constant sulfite concentration of 5 mM and constant pH of 
8).   
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Figure D.10: Hydr-H, reduction product of hydrochlorothiazide, with (A) photolysis and (B) ARP: blanc (solid line, dot marker), 
humic acid (long dash line, square marker), NR-NOM (dash line, triangle marker), alginate (long dash dot dot line, diamond 
marker), NaCl (dot line, cross marker) and Na2CO3 (short dash line, plus marker) (at constant sulfite concentration of 5 mM and 
constant pH of 8).   
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Figure D.11: Diat-I2H, reduction product of diatrizoic acid, with (A) photolysis and (B) ARP: blanc (solid line, dot marker), 
humic acid (long dash line, square marker), NR-NOM (dash line, triangle marker), alginate (long dash dot dot line, diamond 
marker), NaCl (dot line, cross marker) and Na2CO3 (short dash line, plus marker) (at constant sulfite concentration of 5 mM and 
constant pH of 8).   
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Figure D.12: Diat-IH2, reduction product of diatrizoic acid, with (A) photolysis and (B) ARP: blanc (solid line, dot marker), 
humic acid (long dash line, square marker), NR-NOM (dash line, triangle marker), alginate (long dash dot dot line, diamond 
marker), NaCl (dot line, cross marker) and Na2CO3 (short dash line, plus marker) (at constant sulfite concentration of 5 mM and 
constant pH of 8).   
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Figure D.13: DABA, reduction product of diatrizoic acid, with (A) photolysis and (B) ARP: blanc (solid line, dot marker), humic 
acid (long dash line, square marker), NR-NOM (dash line, triangle marker), alginate (long dash dot dot line, diamond marker), 
NaCl (dot line, cross marker) and Na2CO3 (short dash line, plus marker) (at constant sulfite concentration of 5 mM and constant 
pH of 8).   
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Figure D.14: Br-HBN, reduction product of bromoxynil, with (A) photolysis and (B) ARP: blanc (solid line, dot marker), humic 
acid (long dash line, square marker), NR-NOM (dash line, triangle marker), alginate (long dash dot dot line, diamond marker), 
NaCl (dot line, cross marker) and Na2CO3 (short dash line, plus marker) (at constant sulfite concentration of 5 mM and constant 
pH of 8).   
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Figure D.15: Monuron, reduction product of diuron, with (A) photolysis and (B) ARP: blanc (solid line, dot marker), humic acid 
(long dash line, square marker), NR-NOM (dash line, triangle marker), alginate (long dash dot dot line, diamond marker), NaCl 
(dot line, cross marker) and Na2CO3 (short dash line, plus marker) (at constant sulfite concentration of 5 mM and constant pH of 
8).   
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Figure D.16: Fenuron, reduction product of diuron, with (A) photolysis and (B) ARP: blanc (solid line, dot marker), humic acid 
(long dash line, square marker), NR-NOM (dash line, triangle marker), alginate (long dash dot dot line, diamond marker), NaCl 
(dot line, cross marker) and Na2CO3 (short dash line, plus marker) (at constant sulfite concentration of 5 mM and constant pH of 
8).   
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Addendum D.1: Confirmation of reduction products (theoretical and measured m/z of the precursor ion, mass deviation, and 
isotope distributions). 
 
Mass deviation (must be lower than 5 ppm): 
reduction 
product 
precursor 
ion 
theoretical 
exact mass 
precursor 
ion (m/z) 
ARP 
measured 
accurate 
mass 
precursor 
ion (m/z) 
photolysis 
measured 
accurate 
mass 
precursor 
ion (m/z) 
ARP 
mass 
deviation 
(ppm) 
photolysis 
mass 
deviation 
(ppm) 
APAA [M-H]- 226.08735 226.08699 n.d. 1.6 n.d. 
MPPA [M-H]- 179.07137 179.07106 179.07072 1.7 3.6 
DH-carb [M+H]+ 239.11789 239.11823 239.11758 -1.4 1.3 
tric-Cl2H [M-H]- 219.95737 219.95677 219.95702 2.7 1.6 
tric-ClH2 [M-H]- 185.99634 185.99564 185.99576 3.8 3.1 
PYAA [M+H]+ 154.04987 154.05003 n.d. -1.0 n.d. 
sima-H [M+H]+ 168.12437 168.12445 168.12431 -0.5 0.4 
atra-H [M+H]+ 182.14002 182.13985 182.13979 0.9 1.3 
hydr-H [M-H]- 261.99617 261.99649 261.99677 -1.2 -2.3 
diat-I2H [M+H]+ 505.90682 505.90613 505.90643 1.4 0.8 
diat-IH2 [M+H]+ 380.01018 380.01025 380.00949 -0.2 1.8 
DABA [M+H]+ 254.11353 254.11340 254.11363 0.5 -0.4 
Br-HBN [M-H]- 195.94035 195.93968 195.93976 3.4 3.0 
monuron [M+H]+ 199.06327 199.06320 199.06305 0.4 1.1 
fenuron [M+H]+ 165.10224 165.10208 165.10228 1.0 -0.2 
 
n.d.: not determined because of no detection in photolysis experiments. 
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Theoretical and measured isotope distributions: 
APAA – theoretical: 
 
APAA – measured at alginate / ARP / t = 35min: 
 
APAA – photolysis: not detected 
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MPPA – theoretical: 
 
MPPA – measured at blanc / ARP / t = 120min: 
 
MPPA – measured at alginate / photolysis / t = 60min: 
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DH-carb – theoretical: 
 
DH-carb – measured at blanc / ARP / t = 20min: 
 
DH-carb – measured at alginate / photolysis / t = 20min: 
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tric-Cl2H – theoretical: 
 
tric-Cl2H – measured at alginate / ARP / t = 4min: 
 
tric-Cl2H – measured at alginate / photolysis / t = 10min: 
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tric-ClH2 – theoretical: 
 
tric-ClH2 – measured at alginate / ARP / t = 10min: 
 
tric-ClH2 – measured at alginate / photolysis / t = 20min: 
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PYAA – theoretical: 
 
PYAA – measured at blanc / ARP / t = 20min: 
 
PYAA – photolysis: not detected 
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sima-H – theoretical: 
 
sima-H – measured at Na2CO3 / ARP / t = 20min: 
 
sima-H – measured at Na2CO3 / photolysis / t = 60min: 
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atra-H – theoretical: 
 
atra-H – measured at NaCl / ARP / t = 10min: 
 
atra-H – measured at alginate / photolysis / t = 35min: 
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hydr-H – theoretical: 
 
hydr-H – measured at humic acid / ARP / t = 4min: 
 
hydr-H – measured at humic acid / photolysis / t = 10min: 
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diat-I2H – theoretical: 
 
diat-I2H – measured at NR-NOM / ARP / t = 4min: 
 
diat-I2H – measured at NR-NOM / photolysis / t = 4min: 
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diat-IH2 – theoretical: 
 
diat-IH2 – measured at Na2CO3 / ARP / t = 4min: 
 
diat-IH2 – measured at alginate / photolysis / t = 4min: 
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DABA – theoretical: 
 
DABA – measured at humic acid / ARP / t = 10min: 
 
DABA – measured at humic acid / photolysis / t = 20min: 
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Br-HBN – theoretical: 
 
Br-HBN – measured at alginate / ARP / t = 4min: 
 
Br-HBN – measured at alginate / photolysis / t = 4min: 
 
 
Appendix D: Supplementary material to Chapter 4 
231 
monuron – theoretical: 
 
monuron – measured at humic acid / ARP / t = 10min: 
 
monuron – measured at alginate / photolysis / t = 4min: 
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fenuron – theoretical: 
 
fenuron – measured at NaCl / ARP / t = 20min: 
 
fenuron – measured at humic acid / photolysis / t = 35min: 
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Appendix E  
Table E.1: List of trace organic contaminants. Physico-chemical parameters were calculated using Marvin 14.10.6 (ChemAxon, 
Hungary). 
TrOC formula 
MW 
(g/mol) 
relevant 
pKa 
average 
charge 
at pH 
6.4 
log D 
at 
pH 
6.4 
Van der 
Waals 
volume 
(Å3) 
pesticides       
atrazine C8H14ClN5 215.7  0 2.198 190.90 
bromoxynil C7H3Br2NO 276.9 5.11 -0.951 1.844 143.58 
chloridazon C10H8ClN3O 221.6  0 1.105 177.33 
dimethoate C5H12NO3PS2 229.3  0 0.342 184.48 
dinoseb C10H12N2O5 240.2 4.57 -0.985 1.677 202.63 
diuron C9H10Cl2N2O 233.1  0 2.533 187.06 
pirimicarb C11H18N4O2 238.3 4.99 0.038 1.780 227.99 
simazine C7H12ClN5 201.7  0 1.781 173.94 
triclopyr C7H4Cl3NO3 256.5  -1 -0.827 173.38 
solvents       
diglyme C6H14O3 134.2  0 0.031 140.51 
pharmaceuticals       
atenolol C14H22N2O3 266.3  0.999 -2.817 261.34 
caffeine C8H10N4O2 194.2  0 -0.546 164.27 
carbamazepine C15H12N2O 236.3  0 2.766 210.32 
clenbuterol C12H18Cl2N2O 277.2  0.999 -0.908 244.18 
clofibric acid C10H11ClO3 214.6  -0.999 -0.630 184.05 
diatrizoic acid C11H12I3N3O4 613.9  -1 -0.636 278.37 
diclofenac C14H11Cl2NO2 296.1  -0.996 1.884 236.81 
gemfibrozil C15H22O3 250.3 4.42 -0.990 2.414 255.13 
hydrochlorothiazide C7H8ClN3O4S2 297.7  -0.002 -0.576 209.31 
ibuprofen C13H18O2 206.3 4.85 -0.972 2.288 211.80 
ketoprofen C16H14O3 254.3  -0.997 1.135 233.69 
lidocaine C14H22N2O 234.3 7.75 0.958 1.473 244.84 
lincomycin C18H34N2O6S 406.5 7.97 0.963 -1.894 383.91 
metoprolol C15H25NO3 267.4  0.999 -1.483 274.25 
naproxen C14H14O3 230.3  -0.994 0.794 213.06 
paracetamol C8H9NO2 151.2  -0.001 0.907 138.08 
phenazone C11H12N2O 188.2  0 1.219 174.43 
propranolol C16H21NO2 259.3  0.999 -0.658 257.56 
ranitidine C13H22N4O3S 314.4 7.17; 8.12 0.980 -0.692 286.36 
salicylic acid C7H6O3 138.1  -1 -1.552 118.34 
sulfamethoxazole C10H11N3O3S 253.3  -0.634 0.432 204.59 
terbutaline C12H19NO3 225.3  0.996 -1.769 222.29 
theophylline C7H8N4O2 180.2 7.82 -0.037 -0.809 146.70 
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Table E.2: NSAIDs MIP loading (Qe at Ce = 50 µg/L (µg TrOC/mg MIP)). 
TrOC milli-Q NR-NOM surface water wastewater 
atenolol 0 0 0 0 
caffeine 0 0 0 0 
chloridazon 0 0 0 0 
diatrizoic acid 0 0 0 0 
diglyme 0 0 0 0 
hydrochlorothiazide 0 0 0 0 
lincomycin 0 0 0 0 
paracetamol 0 0 0 0 
phenazone 0 0 0 0 
ranitidine 0 0 0 0 
salicylic acid* 0 0 0 0 
terbutaline 0 0 0 0 
theophylline 0 0 0 0 
diclofenac* 15.16 2.70 0.93 0.43 
ibuprofen* 7.84 4.39 1.37 0.60 
ketoprofen* 3.86 1.02 0.30 0 
naproxen* 3.86 1.25 0.74 0 
atrazine 4.49 3.53 3.82 3.38 
bromoxynil 1.61 0.70 0 0 
carbamazepine 1.01 0.60 0.47 0.50 
clenbuterol 0 0 0.35 0.48 
clofibric acid 0.86 0.31 0 0 
dimethoate 0.48 0.28 0.28 0.27 
dinoseb 10.78 5.34 3.98 3.74 
diuron 4.56 3.51 4.16 3.30 
gemfibrozil >15.16a >15.16a 5.17 2.17 
lidocaïne 0 0 1.30 1.76 
metoprolol 0 0 0.32 0.50 
pirimicarb 2.76 2.70 2.72 1.90 
propanolol 0 0.43 1.68 2.25 
simazine 2.15 1.45 1.46 1.41 
sulfamethoxazole 0.40 0.14 0 0 
triclopyr 0.70 0.19 0 0 
total MIP loading: >75.68 >43.71 29.06 22.70 
 
a No isotherm could be established due to a too high adsorption of gemfibrozil on NSAIDs MIP, 
therefore the MIP loading was set as ‘higher than the maximum detected’: >15.16. 
* compounds indicated in bold are target compounds for this MIP 
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Table E.3: β-blockers MIP loading (Qe at Ce = 50 µg/L (µg TrOC/mg MIP)). 
 milli-Q NR-NOM surface water wastewater 
atenolol* 0 0 0 0 
bromoxynil 0 0 0 0 
caffeine 0 0 0 0 
chloridazon 0 0 0 0 
clofibric acid 0 0 0 0 
diatrizoic acid 0 0 0 0 
diglyme 0 0 0 0 
dimethoate 0 0 0 0 
hydrochlorothiazide 0 0 0 0 
ibuprofen 0 0 0 0 
lidocaine 0 0 0 0 
lincomycin 0 0 0 0 
paracetamol 0 0 0 0 
phenazone 0 0 0 0 
pirimicarb 0 0 0 0 
ranitidine 0 0 0 0 
salicylic acid 0 0 0 0 
simazine 0 0 0 0 
sulfamethoxazole 0 0 0 0 
terbutaline 0 0 0 0 
theophylline 0 0 0 0 
triclopyr 0 0 0 0 
metoprolol* 0.39 0.73 0.26 0.33 
propanolol* 2.80 5.29 1.56 1.98 
atrazine 0.29 0.23 0.21 0.52 
carbamazepine 0.29 0 0 0 
clenbuterol 0.72 1.54 0.42 0.45 
diclofenac 2.47 0.39 0 0 
dinoseb 0.83 0.30 0.48 0.52 
diuron 0.50 0.44 0.38 0.35 
gemfibrozil 4.67 0.99 0.32 0 
ketoprofen 0.25 0 0 0 
naproxen 0.50 0 0 0 
total MIP loading: 13.72 9.90 3.62 4.16 
 
* compounds indicated in bold are target compounds for this MIP 
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